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ABSTRACT

Pine species (genus Pinus) have been introduced across the Southern Hemisphere
for forestry and several species have invaded surrounding ecosystems. Pine introduction
across biogeographic regions sets up an ideal natural experiment to test underlying
theories and assumptions of invasion biology. We studied the factors determining
patterns of Pinus contorta invasion across nine sites in both the native and introduced
ranges to understand how the invasion drivers change across sites and invasion stages.
We found that propagule pressure is the most important factor in explaining invasion
density in young invasions, but that biotic factors play an important role at later invasion
stages. Additionally, we found higher invasion densities in the introduced than native
range which may be explained by faster growth and earlier and more prolific
reproduction in the introduced range.

We examined the impacts of P. contorta invasions on plant biodiversity across
sites and found that species richness and native plant cover decline with increasing P.
contorta cover across sites in both the native and introduced range. There were more
significant changes in species composition and individual species cover at grassland and
shrubland sites in the introduced range than in the native range or a native forest site in
the introduced range.

Finally, there is concern that invasive pines, which are fire adapted, will alter fire
regimes in a way that promotes a new fire-prone state further increasing their success
over native plants. We examined the potential for P. contorta to form a positive feedback
with fire by quantifying fuel loads and fire effects across an invasive gradient. We also
examined P. contorta and native plant recovery following fire across an invasion density
gradient. We found that fuel loads and simulated soil heating increased with older P.
contorta invasions. Following fire, P. contorta dominated communities only when the
pre-fire density was high. Therefore, we expect that a positive feedback between P.
contorta invasion and fire will form only above an invasion threshold. Our invasion-fire
simulation model suggested that fire in older invasions will increase invasion rates, but
that fires in young invasions will not affect the invasion rate.
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CHAPTER 1

INTRODUCTION

Prologue

Introduced and invasive species often elicit strong opinions about their impacts
and benefits, as well as the appropriate management responses. Points of view vary from
those who think complete eradication should be pursued, to those who think the potential
benefits of invasive species should be considered, and even to those who think a desire to
rid ecosystems of invasive species stems from xenophobia (Simberloff 2013). All sides
have some valid arguments. For example, some introduced species can provide
ecosystem services such as pollination or habitat for rare species in some systems
(Schlaepfer et al. 2011). Furthermore, as climate changes rapidly and species respond by
moving on their own or through assisted migration, it becomes increasingly difficult to
draw a line as to what is “native” and what is not. Species have had range expansions and
contractions throughout all of geological time and thus the question of on what time scale
we should assess “nativeness” arises. On the other hand, humans are introducing more
new species more quickly in more spatially disparate locations than has happened in the
past. Additionally, there are numerous examples of invasive species that significantly
reduce native biodiversity (Pysek et al. 2012; Skurski et al. 2014). Many people believe
that preserving biodiversity is an important global conservation goal for ecological,
economic, cultural and ethical reasons. In this context, it is necessary to better understand

which species become dominant and have negative impacts on diversity when introduced
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to new ranges. Furthermore, this information can help identify other species that may
behave the same way under similar conditions. The ability to predict which species are
most likely to spread and have negative consequences has long been a goal of invasion
biology, and although difficult, some improvements in this understanding have been
achieved (Gordon et al. 2015). Overall, I think there is an opportunity to move away from
blanket arguments about whether introduced species are good or bad and towards a
recognition that not all invasive species are evil, but that some create serious ecological
changes and degrade aspects of natural and agro-systems that we value. When we move
beyond thinking that invasive species are inherently bad, to thinking about why we care
about invasions and recognizing that our values, and not just science, play an integral role
in this, we may be better able to make informed management decisions.

Beyond the implications for global biodiversity conservation, studying invasion
biology is also relevant to broader plant ecology questions. The introduction of species to
new areas allows us to test theories about what factors most influence plant
establishment, community assembly, and range expansion. For example, neutral theory
would suggest that all areas can be invaded equally by new species provided dispersal
opportunities and chance events. On the other hand, niche-based assembly theory would
predict differences in invasibility based on the availability of “empty niches” and that
success of an invader species would relate to its ability to fill a niche different than the
native species. If niche processes do indeed structure most communities, prediction of
which species invade where becomes easier than if neutral processes structure

communities.
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Studying the introduction of new species to different climates also provides an
opportunity to explore the potential impacts of climate change on plant communities.
Climate change in the past half a century is occurring at a faster rate than has previously
been observed potentially putting plant communities and the processes that structure
them in peril. Abrupt changes in environmental conditions could lead to changes in plant
community composition, and as a result, landscape-scale processes such as fire and
ecosystem services could be disrupted. Human-mediated plant introductions result in
exposure to novel climate conditions at a much faster rate than anthropogenic climate
change as plants are abruptly transported to areas with new climate conditions. The
response of introduced plants to new ranges is variable. Some species have been shown
to evolve rapidly and successfully expand in locations where the climate niche
substantially differs from that of their native range. For example, flowering time genes of
an introduced forb species were found to diverge from native populations prior to the
spread of the species in its new range with a different climate (VVandepitte et al. 2014).
These findings and others (e.g., Buswell et al. 2011) suggest that certain plants may be
able to adapt to climate change faster than expected. Many other important factors can
influence the success of introduced plants; however, studying the response of introduced
plants to novel climates is one way that we can better understand how plants respond to
abrupt changes in environmental conditions. This type of research adds to a larger body
of work that investigates how changes in environmental conditions lead to changes in
plant community function that includes paleoecological studies and modern gradient

studies (e.g., Choler et al. 2001; Higuera et al. 2009).
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Examining the response of species to novel climate conditions also allows us to
test ideas about whether the current range of species are in equilibrium with present-day
climate. When species perform better in introduced climates this could suggest that the
native range does not occupy the best potential climate space of the species. We might
expect that species could occupy a broader range of climate conditions (i.e., their
fundamental niche), but factors, such as dispersal, competition, or predation limit their
range (i.e. their realized niche). Alternatively, the native range could represent a local
climate optimum within the limits of the dispersal capabilities of the species, but globally
better climatic conditions may occur beyond dispersal barriers.

Successful and unsuccessful invasions are also an opportunity to explore
evolutionary changes when species are exposed to drastically different selective
pressures. Evolution may occur faster when there is an abrupt change in selection
pressures and therefore studying introduced species may provide an opportunity to better
understand the processes involved in evolution.

This dissertation, which examines pine invasions across biogeographical regions,
allows us to address several of these important questions. For example, | compare
invasion success across different ecosystem types with different levels of diversity and
potentially “vacant niches.” I also examine plant growth responses in new geographic
ranges. This information is a first step for determining if performance is different
between ranges and provides the foundation necessary to assess what factors are
responsible for these differences. Is Pinus contorta growing in less than ideal climate

conditions in its native range, and if so why? Do differences in pathogens, mutualisms, or
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competition between native and non-native ranges drive differences in performance?
Examining growth early in invasion provides important baseline data about the potential
limitations to range posed by pathogens, competitors, or herbivores. Invasions can help
us to determine how long it takes for pathogens and herbivores in introduced ranges to
host switch and adapt to new species. Studying these types of processes, which are not
specific to invasion, may be most easily accomplished in an invaded system.

This study also addresses important questions about abrupt regime shifts.
Studying how the introduction of one species can lead to changes in disturbance regimes
and feedbacks that result in rapid and large scale shifts in the dominant vegetation may
help to explain the mechanisms behind rapid shifts in disturbance or vegetation observed
in recent times and in the past. Studying current tree invasions allows us to understand if
changes in vegetation result in changes in fire regimes (e.g., Stevens & Beckage 2009) or
vice versa (e.g., Heyerdahl et al. 2006). Evidence of the current impacts of tree invasions
on plant communities and disturbance may help us to better understand the consequences

of landscape recolonization by different tree species in the past following glaciation.

Invasions Processes Across Ecosystems and Invasion Stages

Increasing globalization has resulted in widespread introductions of plant and
animal species to new regions of the world. While many species arrive to new systems,
only a few successfully establish and reproduce. It is widely recognized that not all
introduced species become invasive (Williamson & Fitter 1996). Therefore, many initial
studies of biological invasions focused on the questions of what makes certain species

invasive and certain ecosystems invasible (Drake et al. 1989; Richardson et al. 1994;
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Simberloff 2011a). This body of literature led to generalizations that attempted to
describe the traits of invasive species (e.g. Baker 1965; Rejmanek & Richardson 1996;
Sutherland 2004; van Kleunen et al. 2010) or describe processes that lead to invasion
(such as disturbance (Sher & Hyatt 1999)).

There are many hypotheses about the mechanisms causing invasions (e.g.
evolution of increased competitive ability (Blossey & Notzold 1995); enemy-release
(Keane & Crawley 2002); novel weapons (Callaway & Ridenour 2004)), but the best that
any single hypothesis can do is to explain some of the success of some invaders in some
situations (Catford et al. 2009). Broad understanding of the dominance of different
invasion mechanisms is limited (Catford et al. 2009; Kueffer et al. 2013). Therefore some
argue that the focus of invasion biology should shift away from making new hypotheses
that try to provide general explanations, to quantifying the relative importance of
different mechanisms driving invasions (Catford et al. 2009). Additionally, the
importance of context dependence and the need for multi-site studies is becoming
increasingly recognized (Kueffer et al. 2013; Kumschick et al. 2015; Melbourne et al.
2007).

There are different ways that biological invasions can be context dependent. Some
suggest that the interactions between ecosystems and recently introduced species, as well
as the differences across invasion stages, are the most important variables to understand
(Kueffer et al. 2013). Similarly, others have suggested that the reason that prior studies
have failed to find a consistent suite or ranking of factors that promote invasion success

may be that studies often compare invasions at different stages (Theoharides & Dukes
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2007). Drivers of invasion may shift over time and the only way to fully understand this
process is to study invasions of the same species at different stages of invasion (Dietz &
Edwards 2006).

Pine (genus Pinus) is an ideal genus to examine context dependency because pine
plantations have been established around the world, most notably in the Southern
Hemisphere, and thus provide a large propagule source for pine invasions in different
biophysical settings (Richardson & Higgins 1998; Simberloff et al. 2010). Twenty-four
pine species are invasive in at least one region of the world, while Pinus pinaster, P.
radiata, and P. patula all invade in at least 5 different regions (Rejmanek & Richardson
2013). Pinus contorta invades in four regions globally (Rejmanek & Richardson 2013)
despite being less widely planted than many other pine species (Richardson & Higgins
1998). The specific species traits that make certain pine species, including P. contorta,
more invasive include: small seeds, short juvenile period, and short interval between
large seed crops (Rejmanek & Richardson 1996). Certain habitat types, such as dunes or
grasslands, have been found to be more invasible than forests (Richardson et al. 1994).

| aimed to better understand the context-dependency of pine invasion success and
impacts both across different types of ecosystems and also different stages of invasion.
While certain pine species as a whole are highly likely to invade in the Southern
Hemisphere, few studies have compared the same species across biogeographic regions
to determine how abiotic and biotic factors alter invasion density in different settings.
Therefore, the first chapter of my dissertation explores the relative importance of abiotic

and biotic factors, as well as propagule pressure, in determining Pinus contorta invasion
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success, and how this varies between invasion stages and across six ecoregions. These
questions are important from an applied perspective given the widespread nature of pine
invasions across the Southern Hemisphere and the potential for pines to significantly alter
native soil biota and nutrient cycling (Dehlin et al. 2008; Dickie et al. 2014; Dickie et al.
2011), hydrologic processes (Farley et al. 2005; Fernandez et al. 2009), and native plant
communities (Dickie et al. 2011; Ledgard & Paul 2008; Urrutia et al. 2013).

Understanding the patterns of P. contorta invasion can help managers to prioritize
high risk areas for control efforts. Beyond the practical benefits of understanding the
patterns of P. contorta invasion in different ecosystems, this study tested several
theoretical invasion models. For example, Dietz & Edwards (2006) predicted that early in
invasion propagule pressure is the most important variable for invasion success, while at
later invasion stages habitat characteristics become more important. The range in
invasion age from 22 to 53 at our study sites allowed us to test this model. Similarly,
there is an ongoing debate about the relative importance of propagule pressure versus
other factors in determining invasion success (Catford et al. 2009; Lockwood et al. 2005;
Simberloff 2009; Theoharides & Dukes 2007; Von Holle & Simberloff 2005). We
specifically examined the importance of propagule pressure relative to other biotic and
abiotic factors in explaining invasion density. This information helps assess the
importance of propagule pressure across ecosystems and at different invasion stages for

one pine species.
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Biogeography of Invasions

Many invasion biology theories depend on the idea that there are differences
between the native and introduced ranges of species, prompting the question of whether
and why invasive species behave differently in the introduced region than in their native
range. There has been evidence both for naturally weedy or abundant species becoming
invasive elsewhere (Firn et al. 2011; Parker et al. 2013; Shah et al. 2014) and for species
that were not abundant in their native range becoming highly abundant in the introduced
range (Parker et al. 2013; Xiao et al. 2013). Evidence for differences in performance (e.g.
growth, reproduction) between the native and introduced ranges is also mixed (Parker et
al. 2013). Several main theories of why introduced species can become invasive hinge on
the idea that there are fundamental differences between the native and introduced region
including changes in soil feedbacks (Klironmos 2002), release from natural enemies
(Keane & Crawley 2002), reduced herbivory (Blossey & Notzold 1995), changes in
invader competitive ability between ranges (Callaway & Aschehoug 2000; Callaway &
Ridenour 2004; Callaway et al. 2012) or differences in competitive effects of native
species on the invader in the native and introduced ranges (Callaway et al. 2011). There
is mixed support for most of these hypotheses (Colautti et al. 2004; Felker-Quinn et al.
2013; Joshi & Vrieling 2005; Parker et al. 2006; Parker et al. 2013; Willis & Blossey
1999; Willis et al. 1999). One of the best ways to thoroughly address these types of
questions is through a biogeographic study of a species in its native and introduced range.

Therefore, in the first chapter | assessed differences in invasion density, patterns of
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invasion, growth rates, and reproduction between P. contorta’s native and introduced

ranges.

Impacts of Invasions

As with drivers of invasion, impacts of invasive species are also context
dependent (Hulme et al. 2013; Pysek et al. 2012) and in order to better predict impacts
and improve management we need a better understanding of this context dependence
(Kumschick et al. 2015). Concern about the impacts of invasive species has existed for a
long time (e.g. Elton 1958) and a few early studies did quantify impacts (e.g. Mack &
D'Antonio 1998; Stock et al. 1995; Wardle et al. 1995); however, in the past decade
studies examining the impacts of particular species and papers reviewing all impact
studies have proliferated (Kumschick et al. 2015; Skurski et al. 2014).

Some argue that highly invasive species likely have some sort of impact on native
communities or ecosystem processes even if that impact has not been detected yet
(Simberloff 2011b). However, given the number of introduced and invasive species in
many regions of the world, it is not practical to manage all invasive plant species (Hulme
et al. 2013). Therefore, while invasion biologists are interested in the theory behind why
some species have stronger impacts than others, understanding this issue is also integral
for land managers with making decisions about how to utilize limited resources
(Blackburn et al. 2014; Kumschick et al. 2012; Parker et al. 1999).

The impacts of pine invasions on soil communities, native biodiversity, and
hydrology have been widely studied (Dickie et al. 2014; Dickie et al. 2011; Farley et al.

2005; Fernandez et al. 2009; Howell & McAlpine 2016; Ledgard & Paul 2008; Urrutia et
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al. 2013), but most studies assess impacts in a single site or sites within one
biogeographic region. By examining P. contorta invasions across climatic and
geographic regions (New Zealand, Patagonia, Montana) we hoped to capture a wide
range of variability to make more robust generalizations about the impacts of pines on
plant diversity (Chapter 2) and fire regimes (Chapter 3). Our multi-region study allowed
us to assess if invasions at certain stages have different impacts, and if a tipping point
exists beyond which recovery of native systems is unlikely. We were able to determine
how the interaction between native ecosystem properties and P. contorta traits resulted in
potentially unique outcomes across sites and to test the hypothesis that impacts of
invasive species will be greatest where the species is a novel life form or adds new traits

to the system (Levine et al. 2003).

Plant Invasions, Feedbacks and Regime Shifts

The idea of stable states, thresholds, feedbacks and regime shifts has recently
been applied to many ecological systems (Folke et al. 2004; Gaertner et al. 2014;
Kitzberger et al. 2012; Lindenmayer et al. 2011; Scheffer et al. 2001). It has been
suggested that the likelihood of regime shifts to less desirable states (in terms of diversity
and/or ecosystem services) increases when humans reduce native ecosystem resilience
(ability to absorb disturbance and reorganize to maintain similar function, structure,
identity, and feedbacks (Folke et al. 2004; Walker et al. 2004)), for example by altering
the magnitude, frequency, and duration of disturbance regimes (Folke et al. 2004). It is
increasingly recognized that invasive species with the ability to alter ecosystem

processes, such as disturbance, have the highest potential to negatively impact native



12
communities potentially through altering disturbance patterns which leads to regime
shifts (Brooks et al. 2004; Gaertner et al. 2014; Levine et al. 2003).

There has been mounting evidence that invasive species, particularly grasses, can
create a positive feedback with fire by altering some aspect of the fire regime in a way
that promotes its own success over native plants (D'Antonio & Vitousek 1992; Flory et
al. 2015; Rossiter et al. 2003; Setterfield et al. 2010; Stevens & Beckage 2009). The
majority of these studies focus on invasive grass species (rather than woody invaders)
and few address the possibility of an invasion threshold beyond which feedbacks are
likely to form. Most studies compare fuel loads or fire behavior in invaded versus
uninvaded areas, rather than across an invasion gradient, which limits understanding
across a range of conditions (although see Stevens & Beckage 2009). Although much of
the theoretical literature discusses alternative ecosystem states, few plant invasion studies
have empirically assessed the feedback mechanisms that promote alternative states
(Gaertner et al. 2014).

It has been suggested that a positive feedback between pine invasions and fire is
likely (Simberloff et al. 2010; Veblen et al. 2008); however, no study has empirically
addressed this question. Studies have examined pine plantations after fire and found little
native plant recovery (Nufiez & Raffaele 2007), but given that often there is no native
understory in plantations, we would not expect to see native recovery post-fire in these
settings. However, it remains unknown how invaded plant communities that maintain
some native vegetation would respond to fire and if the response depends on the level of

invasion. Would the native shrubs, known to resprout following fire, recover or would
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dense P. contorta dominate as seen after fires in the native range (e.g. in Yellowstone
National Park post-1988 fires; Turner et al. 1997)? An important consideration not often
mentioned in the discussion of positive pine-fire feedbacks is that P. contorta is
serotinous in many North American populations which contributes significantly to its
ability to dominate after fire (Schoennagel et al. 2003), while many invasive populations
in the Southern Hemisphere are not serotinous (personal observation). Thus, one of the
main fire adaptations of P. contorta is not present or prevalent in Southern Hemisphere
populations. Therefore, areas with native fire-adapted species could be expected to show
a strong native post-fire recovery instead of dominance by P. contorta. In Chapter Three |
address the potential for a positive feedback to form between P. contorta invasion and
fire, and examine which mechanisms are most likely responsible for the positive
feedback. I assessed fuel loads and vegetation response to fire across an invasion
gradient, which allowed me to identify if a threshold exists above which feedbacks are
most likely to form.

Finally, in Chapter Five | use the results from the other chapters to inform an
invasion-fire simulation model that allow me to ask how the interactions we found
between P. contorta and fire will play out on a larger scale and how fires at different
stages of invasion will alter invasion density and spread rates. While it is often
recognized that disturbance will promote invasion by creating invasion windows
(Johnstone 1986; Sher & Hyatt 1999), disturbance in the invaded area may actually
decrease invasion rates by killing invading individuals and reducing the seed source

(Buckley et al. 2007). Although we found an increase in P. contorta density following



14
fire in highly invaded areas, it was unclear if the increase in density over the long-term
will compensate for the loss of individuals killed by the fire. Would fires burning through
a young invasion reduce invasion rates, while fire burning through an older invasion
increase invasion densities? The actual invasion density threshold, above which a positive
feedback between fire and P. contorta invasion exists, likely varies by site and over time
depending on the fire adaptations of local plant species. To what extent does the effect of
fire at different invasion stages depend on the exact density threshold? To answer these
important questions, | created a simulation model based on real demographic data to

examine the interactions between invasion rates, fire, and invasion thresholds.

Research Objectives

1) To determine biotic and abiotic controls on pine invasion globally within six
ecoregions that include both introduced and native ranges. The ecoregions include
Canterbury-Otago tussock grassland (New Zealand), South Island montane
grassland (New Zealand), Patagonian shrub-steppe (Argentina), Patagonian grass-
steppe (Chile), Valdivian temperate forest (Chile), and South-Central Rockies
forest-shrub steppe (USA). Specifically, what factors most control invasion
density and do patterns in invasion density match differences in P. contorta
growth and reproduction in native and non-native ranges?

2) To determine if one of the most invasive pine species introduced to the Southern
Hemisphere, Pinus contorta, has changed plant species richness, composition,

diversity, and litter depth. Specifically, how has P. contorta invasion altered



3)

4)

15
native open forest, shrub-steppe and grassland communities and are the changes
similar in its native and introduced range.
To determine the potential for a positive feedback between P. contorta invasions
and fire by examining how invasions alter fuel loads and fire effects, as well as
plant community responses to fire across an invasion gradient.
To examine how the threshold and feedback behavior between P. contorta
invasion and fire may alter the course of an invasion. Through modelling
simulations examine whether fire increases or decreases invasion rates and to
what extent does invasion rate depend on the age of the P. contorta invaders when
they burn? Furthermore, what is the effect of altering the threshold invasion

density after which we see a positive feedback between invasion and fire?
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Abstract

Aim To determine biotic and abiotic controls on pine invasion globally within six
ecoregions that include both introduced and native ranges.

Locations Rio Negro province, Argentina; Aysén and Araucania Regions, Chile; South
Island (two ecoregions), New Zealand; Greater Yellowstone Ecosystem, USA.

Methods We quantified tree abundance and size across invasion fronts of the widespread
invasive tree species Pinus contorta at each of nine sites, encompassing both the native
and introduced range. We also determined the relative importance of propagule pressure,
abiotic characteristics, and biotic factors for invasion success. Finally, key plant
population metrics such as individual tree growth rates and reproductive effort were
compared between native and introduced ranges.

Results Pinus contorta density decreased with increasing distance from source population
in all cases, but the importance and shape of this relationship differed among sites due
primarily to biotic factors. For example, areas dominated by native southern beech forest
(Fuscospora cliffortioides or Nothofagus spp.) were not invaded, and this biotic
resistance was not overcome by high propagule pressure. In contrast, shrublands were
more highly invaded than grasslands, contradicting previous generalizations about pine
invasions. Pinus contorta growth was faster, age to maturity was earlier, and reproductive
effort was higher in the introduced ranges compared to the native range, suggesting a
demographic shift towards more rapid population growth in introduced regions. Climatic

differences between the ranges may explain, at least in part, the observed pattern.



27

Main Conclusions We demonstrate that although biological invasions are driven by

propagule pressure across different ecoregions, these processes interact strongly with
biotic factors. Intriguingly, our results suggest that propagule pressure may become less
important than biotic interactions as invasions proceed. Multi-region studies including
both the native and introduced ranges provide unparalleled opportunities for

understanding how these interactions change among regions as invasions proceed.

Introduction

Biological invasions generally, and non-native tree species in particular, are
rapidly increasing components of global change that can have profound impacts on
ecosystems (Richardson et al., 2014). Pines (genus Pinus) have been widely introduced
across the Southern Hemisphere, where several species have become highly invasive
(Richardson et al., 1994; Simberloff et al., 2010) and strongly alter native biodiversity
(Ledgard & Paul, 2008; Pawson et al., 2010; Urrutia et al., 2013), belowground
communities (Dehlin et al., 2008; Dickie et al., 2011, 2014), and hydrological processes
(Simberloff et al., 2010). The widespread introduction of pines to diverse regions of the
Southern Hemisphere is an ideal ‘natural experiment’ for determining which processes
drive pine invasions and whether these processes are globally consistent or context-
dependent (Gundale et al., 2014b). Some species also invade open habitats in their native
range (Simberloff et al., 2012), thus enabling direct comparisons of invasions in both the
native and introduced ranges and generating insights into the processes and mechanisms
underlying invasions that are not possible from more biogeographically constrained

approaches (Pauchard et al., 2004; Hierro et al., 2005; Leishman et al., 2014). Multi-
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region studies are also essential to determine if results found at individual sites depend on
local land use history, biotic and abiotic conditions, and disturbance or are more
generalizable (Kueffer et al., 2013; Moodley et al., 2014).

Comparing invasion patterns across regions provides insights into the
environmental and ecological processes and filters that operate at different stages of
invasion (Dietz & Edwards, 2006; Theoharides & Dukes, 2007; Catford et al., 2009).
Early in invasion, propagule pressure (i.e. the supply and frequency of plant propagule
introductions) is widely thought to drive invasion success (Lockwood et al., 2005;
Theoharides & Dukes, 2007; Catford et al., 2009; Simberloff, 2009). The role of
propagule pressure later in invasion is less certain; evidence both for continued (Rouget
& Richardson, 2003; Lockwood et al., 2005; Simberloff, 2009) or diminished importance
relative to abiotic factors and biotic resistance (Theoharides & Dukes, 2007; Catford et
al., 2009) suggests that interactions among these drivers are likely. Therefore, studies that
determine how propagule pressure, biological, and environmental factors interact to
determine invasion success are needed (Rouget & Richardson, 2003).

Pine invasions are an ideal system to determine the relative importance of habitat,
disturbance, and propagule pressure during the spread phase of invasion. Deliberately
established plantations have created similar source populations for invasions across the
Southern Hemisphere (Gundale et al., 2014b). Although pine species used in forestry are
often more invasive than non-forestry species (Essl et al., 2010), invasion away from
plantations does not always occur (Zenni & Nufiez, 2013). A given pine species is more

likely to be broadly invasive if it has relatively small seeds, rapid onset of reproduction
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and more frequent large seed crops (Richardson et al., 1994). Studies of specific pine
species invasions can also resolve the role of changing invasion drivers at the
intraspecific level (Dietz & Edwards, 2006) because of the known introduction history.

Pinus contorta, Dougl. (lodgepole pine), native to western North America, is one
of the most invasive pine species introduced to the Southern Hemisphere (Richardson et
al., 1994). P. contorta has recently encroached into grasslands, shrublands, and subalpine
meadows in its native range (e.g. Jakubos & Romme, 1993; Widenmaier & Strong,
2010). Hereafter, we refer to this encroachment as invasion (Jakubos & Romme, 1993;
Boulant et al., 2009). P. contorta is a 'model species' to compare hypotheses of invasion
success because it has a known introduction history, it can be aged providing an invasion
history, and has been planted across different biotic and abiotic conditions (Gundale et
al., 2014b). There have been several studies describing patterns of, and limitations to, P.
contorta invasion in Chile (Pefia et al., 2008; Langdon et al., 2010), Argentina
(Simberloff et al., 2002; Sarasola et al., 2006; Nufiez et al., 2008; Nufiez et al., 2009),
and New Zealand (Allen & Lee, 1989; Ledgard, 2001; Ledgard, 2006); however, no
study has compared invasion patterns among ecoregions and the relative importance of
propagule pressure, native vegetation, topography, and climate in determining invasion
patterns across ecoregions. These factors are consistently important in determining the
distribution of invasive species (e.g. Rouget & Richardson, 2003; Catford et al., 2009).
Additionally, understanding if invasive species behave or grow differently in their
introduced range than in their native range is a central question in invasion biology (e.g.

Willis et al., 1999; Parker et al., 2013).
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We evaluated differences in the patterns and processes that drive P. contorta
invasion across nine sites in six ecoregions in Argentina, Chile, New Zealand, and the
native range in western USA. Specifically, we predicted that (1) propagule pressure
would be more important in explaining P. contorta invasion patterns than biotic or abiotic
factors across all ecoregions; (2) P. contorta invasion success, measured by invasion
density, would be higher in the introduced than the native range; and (3) that ecoregions
with the highest invasion densities would also have the highest P. contorta growth rates

and fecundity.

Methods

Study Species

Pinus contorta is a shade-intolerant fast growing tree species that first reproduces
at 3 to 15 years and has small seeds capable of long-distance wind dispersal (Richardson
et al., 1994; Despain, 2001; Ledgard, 2001). P. contorta is native to North America
where it has a wide distribution ranging from South Dakota (103°W) to the Pacific coast
(134°W) and from Baja California, Mexico (31°N) to the Yukon Territory, Canada

(64°N) (Lotan & Critchfield, 1990).

Study Sites

Sampling occurred at nine sites in six ecoregions (based on Olson et al., 2001) in
Argentina, Chile, New Zealand (all introduced), and the USA (native; Table 2.1; Fig. Al,
Tables Al & A2 in Appendix A). The first site in Bariloche, Argentina (AR1a) was a

shrub steppe community (Mulinum spinosum, Acaena spp.) with patches of the small tree
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Nothofagus antarctica. Fires have burned through this area in the past 15 years. Three km
away was site AR1b which was dominated by the same shrub community but had a
younger source population (Table 2.1). Coyhaique Alto, Chile (CL1) was a grass steppe
community (Festuca spp.) with several large N. antarctica patches and small areas of
Pinus ponderosa plantation and Nothofagus pumilio forest (Langdon et al., 2010). The
second Chilean site was located in Reserva Nacional Malalcahuello (CL2) and was
dominated by Araucaria araucana woodland, had areas of N. antarctica and an
understory comprised mainly of Chusquea culeou (Pefia et al., 2008; Urrutia et al., 2013).
The sites in New Zealand were all in the Canterbury Region on the South Island. NZ1
was dominated by a mixture of native and non-native grasses and forbs (Agrostis
capillaris, Hieracium spp., Festuca novae-zelandiae). The more diverse Craigieburn
Forest Park site (NZ2a) had a similar mixture of grasses and forbs, but also contained the
tall shrub Leptospermum scoparium, shorter shrubs, and Fuscospora cliffortioides forest.
NZ2b was a grass-dominated community similar to NZ1. NZ2a and NZ2b were located
10 km apart and differed in the age and size of source populations (Table 2.1). The sites
in the USA were located in the Greater Yellowstone Ecosystem, Montana and Wyoming,
and included unburned (USAla) and burned (1988; USA1b) sagebrush steppe (Artemisia
tridentata, Festuca idahoensis). The oldest invading trees at USAL were older than 100
years; however, most of the encroachment has occurred in the last 50 years. We tried to
minimize differences between sites (grazing, management) but inevitably some

differences in land use history may have contributed to variation in our data.
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Table 2.1. Descriptions of all study regions (AR1, CL1, CL2, NZ1, NZ2, USA1) and
sites within regions. Abbreviations include longitude (long.), latitude (lat.), annual (ann.),
temperature (temp.), and precipitation (precip.). Introduced range regions included AR1
in Argentina; CL1 and CL2 in Chile; and NZ1 and NZ2 in New Zealand. The native
range region USA1 was in Montana and Wyoming, United States of America. For more
site details see Fig. Al, Tables A1 & A2 in Appendix A.

Source  Ann. Ann.

Density ~ Source Age temp. precip.

Site Long. Lat.  Ecoregion

plots type (years) (°C) (mm)
ARla -71.2 412 patagonian 786 Plantation 34 8.2 846
shrub-
ARlb  -71.2  -412 Steppe 153 Planted ¢ 82 846
shelter
cL1 717  -455 aagonian 4, Plantation 23 58 715
grass steppe
Valdivian Forestr
CL2 -71.5 -38.4 temperate 54 - y 43 6.7 1586
f trial plots
orests
Canterbury-
NZ1 1702  -a41 ©Otago 402 Plantation 45 93 658
tussock
grasslands
Nz2a 1717  -432 gsouthisland 247 Plantation 53 73 2241
montane Pl q
Nz2b 1717 -432 grasslands g4 ante 46 83 1652
shelter
South ;
USAla -1111 451  Central 1024 E'g:é‘s’te >100 14 643
Rockies Nati
USAlb -111.0 447 forest- 827 ative o 16 587
shrub steppe Forest

Field Sampling within Each Ecoregion

Within each study site, random points along the P. contorta source population

were selected as starting points for 10 m wide transects. Transects were located
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perpendicularly away from the source until they: a) entered another P. contorta stand, b)
reached 2 km from the source, or c) were unpassable due to topographic barriers. At NZ1
the invasion spread farther from the source requiring longer (3.5 km) transects. Tree
density in 100 m? plots was collected continuously along each transect except in NZ1 and
CL2 where density was collected in randomly-selected plots (n = 1-5 every 100 m).
Along all transects, height, basal diameter, age, and current year cone production for all
P. contorta individuals were measured within complete sample plots (n = 1-5 every 100
m). No serotinous cones were observed in the introduced range, but occasionally

observed in the native range.

Statistical Analysis

All statistical analyses were conducted using R version 3.1.1 (R Core Team,

2014).

Importance of Propagule Pressure, Biotic
Factors, and Abiotic Factors within Ecoregions. To determine the relative

importance of drivers for invasion success, we created negative binomial mixed models
of P. contorta density for each ecoregion (AR1, CL1, CL2, NZ1, NZ2, USA1); this
accounts for both overdispersion (Ver Hoef & Boveng, 2007) and spatial autocorrelation
(Fournier et al., 2012; Skaug et al., 2013). AR1, NZ2, and USA1 had two sites within the
ecoregion (e.g. AR1a and AR1D) so site was included in models for those ecoregions.
Fixed effects in all models included: distance from source edge (nearest P. contorta
plantation or forest), slope, cosine of aspect, sine of aspect, elevation, vegetation type

(grass, Araucaria araucana, Fuscospora cliffortioides, Nothofagus spp., Pinus ponderosa
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plantation, short shrub (<1 m), tall shrub (>1 m)), and the interaction between vegetation
type and distance from source (Table A2 in Appendix A). Where the interaction was not
significant (P>0.05) it was removed from the model. In ARL1, fire (if burned in last 15
years) was also included as a fixed effect. Correlograms suggested that the maximum
distance of density correlation was around 50 m and that including 50 m clusters as a
random effect in the model significantly reduced the spatial autocorrelation. A post-hoc
Markov chain (MCMC) run for 10 000 simulations was used to estimate model
coefficients. Likelihood ratio tests were also used to test fixed effects.

The relative importance of propagule pressure (at the local scale, represented by
distance from source edge), biotic (vegetation type), and abiotic (slope, sine and cosine of
aspect, elevation, fire) factors (sensu Catford et al., 2009) in explaining P. contorta
density in each region was determined by assessing the improvement in model fit (AICc)
over the null model (random cluster effect, and where necessary, site) due to each
predictor group (propagule pressure, biotic, abiotic). Only the native region (USA) had a
large temperature and precipitation range within the region so a second mixed effect
negative binomial model for the USA data only was created to assess the role of climate
with the fixed effects of vegetation type, distance to forest edge, mean annual
temperature, and mean annual precipitation. The random effects included site and cluster.
We recognize that each of these factors do not represent all components of propagule
pressure, biotic factors, and abiotic factors that affect invasions. For example, soil
nutrients, texture and biota likely differed between plots and could also affect invasion

density. However, given the broad scale of our study, we selected factors that are directly
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comparable amongst contrasting sites, are well known to determine plant growth or
performance, and that have been used in other studies examining species distributions
(e.g. Brummer et al., 2013). Although additional abiotic (e.g. soil variables) and biotic
(e.g. soil biota) factors can also contribute to variation in invasion success, these were
beyond the scope of our study, and would contribute to unexplained sources of variation

in our models.

Comparing Densities between Sites. A mixed negative binomial model of tree

density was constructed using data from all sites. The fixed effects were site, distance
from source, vegetation type, the interaction between vegetation type and distance from
source, and the interaction between site and distance from source. The random effect was
cluster. In this global model, site was significant, so to further determine what factors
explained the site effect, we also constructed models with climate variables and
plantation age. We explored the potential for climate to explain differences between sites
using 19 bioclimatic variables (Hijmans et al., 2005). Many bioclimatic variables were
collinear so we first created models with the fixed effects of one bioclimatic variable,
vegetation type, and distance from source. Site and cluster were included as random
effects. We used the most explanatory climate variable, based on AICc from these
models, in the final model. This process was then repeated for data from just the
introduced range. With data from the introduced range we also explored the possibility
that differences in plantation age contributed to different invasion patterns between sites
by including source age (young, <30 years; old, >30 years) and its interaction with

distance from plantation (instead of climate, due to collinearity) in a separate model.
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Finally, to estimate invasion potential in each site regardless of source age, we compared
invasion densities next to the source edge at all sites by modelling density of the plots
within 200 m of the source with a mixed negative binomial model with site and

vegetation type as fixed effects and cluster as a random effect.

Differences in Growth and Reproduction between Ecoregions. Data for tree size

and reproduction from all ecoregions were combined. Only trees aged <20 years (4784
total) were used for this analysis since several sites did not contain trees older than 20
years. A mixed linear model of log-transformed basal diameter was run with tree age,
ecoregion, vegetation type, distance from source, and the interaction between age and
ecoregion as fixed effects and plot as a random effect (Bates et al., 2014). P-values were
calculated with Satterthwaite 's approximations (Kuznetsova et al., 2014). The number of
cones per tree was modeled as a response to the fixed effects tree age, ecoregion,
vegetation type, distance from source, and the interaction between age and ecoregion, as
well as the random effect of plot, with a Poisson model fit with quasi-likelihood
(Venables & Ripley, 2002). Some sites had low P. contorta densities so ecoregion (AR1,

CL1, CL2, NZ1, NZ2, USA1) rather than site was used in these models.

Results

Importance of Propagule Pressure, Biotic
Factors, and Abiotic Factors within Ecoregions

Across all regions there was a negative relationship between tree density and
distance from source (see Table A3 in Appendix A for detailed model results). In the

introduced range, P. contorta density variation was best accounted for by distance from
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source at CL1, CL2, and NZ1, whereas vegetation type was the most explanatory variable
at AR1 and NZ2, and also important at CL1 (Table 2.2). Areas dominated by southern
beech (Nothofagus spp. and Fuscospora cliffortioides) in all ecoregions, and by tall
shrubs at NZ2, had low P. contorta densities (Fig. 2.1; Table A3). The relationship
between distance from source and density differed between vegetation types at AR1 and
CL1 (Table A3), because density was consistently near zero for vegetation dominated by
N. antarctica but not other vegetation types. Abiotic factors were never the strongest
predictor of P. contorta density (Table 2.2), although some topographic factors were
significant at some sites (Table A3). Recently burned areas had lower P. contorta
densities at AR1 (Table A3). The sites AR1a and NZ2a had higher densities than AR1b
and NZ2b respectively (Tables 2.1 & A3).
Table 2.2. The improvement in the AlCc of each model over the null model (random
cluster effect, and where necessary, site) within each ecoregion (the more negative, the
more improvement over the null model). Definitions of the region codes and further
region descriptions can be found in Table 2.1 and Appendix A. P stands for the model
containing the propagule pressure (distance from source) covariate, B for the model
containing the biotic covariate (vegetation type), A for the model containing abiotic
covariates (elevation, slope, aspect (sine and cosine), and fire), and PAB for the model

containing all covariates. See Table A4 Appendix A for more detailed results.
Improvement in AICc

Region P A B PAB
AR1 -14.8 -8.3 -98.7 -137.7
CL1 -48.8 4.9 -37.9 -107.5
CL2 -11.5 -2.6 2.7 -14.8
NZ1 -12.8 -8.4 2.1 -12.8
NZ2 1.8 -12.6 -48.3 -78.0

USAl -14.5 -2.7 -0.2 -37.9
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Figure 2.1. Relationship between tree density (P. contorta trees/ha) and distance from
source populations (km) for four sites (AR1a, CL1, NZ1, USAla) representing different
ecoregions (Table 1 and Appendix A). P. contorta is native to sites in the USA, but not to
other ecoregions. Vegetation (biotic) differences within individual sites are shown using
contrasting symbols for data points representing plot vegetation type. “Noth” represents
native Nothofagus spp. trees and “PIPO” represents Pinus ponderosa plantation.

In the native range (USAL), distance from source was the most important
explanatory variable (Table 2.2). Higher P. contorta densities were associated with short
shrub compared to grass dominated areas close to the forest edge (significant vegetation
by distance to source interaction) and there was a negative relationship between elevation
and P. contorta density (Fig. 2.1; Table A3). Higher P. contorta densities were observed

in USA1la (unburned) than USA1b (burned in 1988; Table A3). The climate model for

USA1 showed that both mean annual temperature and precipitation were positively
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associated with P. contorta density (y*=23.3, d.f.=1, P<0.0001; and ¥>=11.0, d.f.=1,

P=0.00009, respectively; Fig. A2 in Appendix A).

Comparing Densities between Sites

Density, in the global model, was explained by distance from source (x*=61.5,
d.f.=1, P<0.001), vegetation type (¥*=136.9, d.f.=3, P<0.001), site (x*=2906.6, d.f.=8,
P<0.001), distance from source by vegetation interaction (x°=7.6, d.f.=3, P=0.054; Fig.
2.1), and distance from source by site interaction (x>=272.1, d.f.=8, P<0.001; Fig. 2.2;
Table A5 in Appendix A). Average P. contorta density decreased with increasing
distance from the source. Forested areas and areas dominated by tall shrubs had lower P.
contorta densities than grasslands, while areas dominated by short shrubs had higher
densities than grasslands. NZ1, NZ2a, and AR1a had a smaller decline in density with
distance from source than the native unburned site (USAla; Table A5). The two native
sites had lower mean P. contorta densities in the first 200 m of invasion than all
introduced sites (P<0.001 for all pairwise comparisons). Invasion density was positively
correlated with mean temperature of the coldest quarter when using data from all sites
(x?=356.7, d.f.=1, P<0.001; Table A6 in Appendix A) and, in just the introduced range
density was positively correlated with mean temperature of the wettest quarter (y?=4.25,
d.f.=1, P=0.039). Introduced sites with source plantations younger than 30 years had a
significantly steeper decline in density with increasing distance from plantations than

sites with older source plantations (¥?=39.5, d.f.=1, P<0.001).
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Figure 2.2. Fitted relationships between P. contorta density (trees/ha) and distance from
source population (km) for grass-dominated areas from the global model which contained
distance from source, vegetation type, site, distance from source by vegetation
interaction, and distance from source by site interaction as explanatory variables (Table
A5 in Appendix A). Introduced range sites included AR1a and AR1b in Argentina; CL1
and CL2 in Chile; and NZ1, NZ2a and NZ2b in New Zealand. Native range sites
included USAla and USA1b in Montana and Wyoming, United States of America (Table
2.1; Appendix A).

Differences in Growth and
Reproduction between Ecoregions

Pinus contorta grew fastest and produced more cones at the youngest ages at the
New Zealand sites; CL2 and USA1 had the slowest growth rates and lowest cone
production, and AR1 and CL1 were intermediate. Ecoregion, tree age and their

interaction best predicted variation in P. contorta basal diameter (x>=251.6, d.f.=5,
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P<0.001; ¥?=12591.1, d.f.=1, P<0.001; ¥*>=1491.2, d.f.=5, P<0.001, respectively).
Vegetation type was also a significant predictor of basal diameter (x>=16.7, d.f.=5,
P=0.005) with higher growth rates in Pinus ponderosa plantations (t=3.23, d.f.=747,
P=0.001) and short shrublands (t=2.28, d.f.=266, P=0.023) compared to grasslands. The
relationship between basal diameter and tree age differed between the native ecoregion

and all introduced ecoregions (P<0.001 for all pairwise comparisons; Figure 2.3).
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Figure 2.3. Relationships between P. contorta tree size (basal diameter (cm)) and age
(years) among ecoregions. Data shown are coloured by ecoregion and shaped by country
(but filled or hollow based on ecoregion). Descriptions of the ecoregions can be found in
Table 2.1 and Appendix A.
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Ecoregion, tree age and their interaction were also all highly significant predictors
of cones per tree (¥>=107.9, d.f.=5, P<0.001; *=13385.4, d.f.=1, P<0.001; ¥*>=164.5,
d.f.=5, P<0.001, respectively). Trees in all introduced ecoregions produced, on average,
more cones at a younger age than trees in the native ecoregion (P<0.05 for all pairwise

comparisons; Figure 2.4).
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Figure 2.4. Relationships between P. contorta reproductive effort or fecundity (number of
cones produced in sampling year per tree) and tree age (years) among ecoregions. Data
shown are coloured by ecoregion and shaped by country (but filled or hollow based on
ecoregion). Descriptions of the ecoregions can be found in Table 2.1 and Appendix A.
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Discussion

We provide empirical evidence that the relative importance of widely accepted
drivers of invasion (propagule pressure, biotic factors, and abiotic factors) varied strongly
amongst six ecoregions for a widespread invasive tree species. This variation in factors
driving invasion was due to plantation age, local vegetation, and climate, but also a
consistent shift in demographic properties of the invasive tree towards faster growth,
greater reproductive effort and higher rates of establishment in the introduced than in the
native range. Biological resistance at the introduced sites altered invasion patterns and
became more important than propagule pressure as the invasion proceeded. These
findings provide a better understanding of variation in major drivers of biological

invasions across biogeographic regions as outlined below.

Propagule Pressure

Propagule pressure is thought to be the major driver of biological invasions
(Lockwood et al., 2005; Simberloff, 2009). Consistent with this view, we observed
negative relationships between P. contorta density and distance from source (Fig. 2.2) as
have previous studies at individual sites (Ledgard, 2001; Sarasola et al., 2006; Pefia et al.,
2008; Langdon et al., 2010). However, we additionally show that the relative importance
of propagule pressure differed among regions. In the introduced range the sharpest
decrease in density with increasing distance from the source population occurred at sites
with recent invasions (AR1b, CL1) whereas older invasions (AR1a, NZ1, NZ2a)
maintained high densities farther from the source (Fig. 2.1). One explanation for this is

that habitat characteristics or biotic factors may become increasingly important relative to
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propagule pressure as invasion proceeds (Dietz & Edwards, 2006). This idea is supported
by our finding that vegetation type was more important than propagule pressure for older
invasions at AR1a and NZ2. Similarly, Donaldson et al. (2014) also report that source
population was most important in explaining invasion abundance early in a tree invasion,
but that the invader’s reproduction rate was more important for later stages. In the native
range, distance to source was the most important variable despite the older source age,
potentially due to the harsh abiotic conditions (Theoharides & Dukes, 2007). However,
we could not disentangle fully the effects of propagule pressure from the source
population or plantation, from propagules supplied by previously invading trees (Fig. A3
in Appendix A). Overall, our results show that biotic effects outweighed propagule
pressure at some stages of invasion, and therefore strongly suggest that understanding the
long-term biotic interactions that occur during biological invasions are important, even
though these interactions are not typically considered by, for example, climate matching

models (e.g. Nufiez & Medley, 2011).

Biotic Factors

There was little invasion by P. contorta into areas dominated by either tall shrubs
or southern beech across our study sites, suggesting that biological regulation of tree
invasion may be a common feature and should occur in other introduced ranges. More
generally, it has been suggested that forests and shrublands are less likely than grasslands
to be invaded by pines (Richardson et al., 1994). Consistent with this idea, a previous
study also found a negative relationship between P. contorta invasion success and

presence of the native tree Nothofagus antarctica (Pefia et al., 2008). In contrast, native
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Araucaria araucana forests were easily invaded (our study and Pefia et al., 2008),
suggesting that biological regulation of tree invasions can be context-dependent, in this
case likely related to overall canopy cover in the different forest types (Pefa et al., 2008)
or due to associated biological interactions not considered here such as the availability
and efficacy of mutualistic species (e.g. Dickie et al., 2010; Hayward et al., 2015). Our
global model incorporating data across all sites demonstrates that short shrublands had
higher tree invasion densities than grasslands. Although we did not investigate the
potential mechanisms involved, such as resource competition between grasses and P.
contorta seedlings (Ledgard, 2001; Ledgard, 2006), our results suggest that areas with
higher soil moisture and greater plant cover were consistently more resistant to P.
contorta invasion. Such biological mediation of invasion success is likely widespread.
For example, in Chile (near CL1), native grass steppe communities were more easily
invaded than European forage grass communities (Langdon et al., 2010). Boulant et al.
(2009) found that the effect of shrub cover on pine invasion rate depended on grazing
intensity. Therefore, our results coupled with previous studies demonstrate that
generalizations about whether forests, shrublands, or grasslands may be more easily
invaded are not warranted, but rather that biological factors per se (e.g. vegetation type,
herbivory, presence of mutualists or pathogens) determine differences in invasion success
and thus invasion rate and extent is context-dependent (e.g. Wood et al., 2015).

High propagule pressure is thought to overwhelm the effect of biotic resistance to
invasions (VVon Holle & Simberloff, 2005). However, we observed little P. contorta

invasion from plantations into adjacent areas dominated by tall shrubs or southern beech
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despite relatively long-term (decadal) high propagule pressure (Fig. 2.1). For example, in
Chile (site CL1), there was little P. contorta invasion into adjacent savannah-like
vegetation dominated by the native tree N. antarctica despite available bareground and
low canopy cover, factors typically thought to promote establishment and invasion by
conifers (Lotan & Critchfield, 1990; Ledgard, 2001). This highlights the difference
between propagule pressure and establishment success, and there are a range of likely
biotic mechanisms mediating between propagule pressure and establishment success such
as missing mutualists (Nufiez et al., 2009), herbivory or granivory by animals (Buckley et
al., 2005; Nuriez et al., 2008; Boulant et al., 2009), or accumulated pathogens and disease
(Diez et al., 2010). This highlights the importance of considering site-specific
interactions between individual drivers (propagule pressure, biotic factors, abiotic
factors) when explaining invasion patterns (Catford et al., 2009).

Differences in density and growth between sites could also be a result of biotic
interactions. Although, climate differs between the native and introduced ranges (Table
2.1), the importance of winter temperature in the global density model may represent
differences between the USA and other sites generally, including climate factors but also
other differences not included in the model. For example, there could be native pathogens
or herbivores that are more abundant in the USA than in introduced ranges. Seed
predation could cause reduced establishment in the native range, where it is higher than
in all other sites (Taylor, unpublished). Soil feedbacks on P. contorta have been found to
be more negative in native soil than soil from the introduced range (Gundale et al.,

2014a), which could also contribute to the observed differences in growth. Finally,
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ectomycorrhizae could contribute to differences in growth rates as evidenced by the
higher growth rate of P. contorta invading Pinus ponderosa plantations than the grass
steppe (where pine-specific ectomycorrhizae are likely less abundant) and higher growth
rates at NZ2 where P. contorta associates with 14 ectomycorrhizal species (Dickie et al.,
2010) compared to CL1 where it often associates with just one ectomycorrhizal species

(Hayward et al., 2015).

Abiotic Factors

We did not find strong or consistent effects of topographic variables on P.
contorta density; however, climate had a more important role. The ability of P. contorta
to grow on most slopes, aspects, and elevations likely reflects its broad fundamental
niche (Rehfeldt et al., 1999). Where topographic factors were important, elevation was
most likely to show a relationship with density, however, the direction of the relationship
was not consistent among locations. In the USA the relationship between elevation and
density may be largely explained by the positive correlation between mean annual
temperature and P. contorta invasion density. Within the warmer low elevation areas,
those that received higher precipitation had higher densities. Similarly, in the introduced
range the most important climate variable in explaining invasion density was temperature
during the wettest quarter of the year. This suggests that P. contorta establishes and
survives better in areas with high precipitation during warmer months. The importance of
abiotic factors in explaining invasion density may have been higher if we had been able

to include other abiotic factors, such as detailed soil data.
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At AR1 and USAL1 there were lower levels of invasion in recently burned areas
than in unburned areas. While at USA1 the difference in fire history is confounded with
site, the sites’ vegetation and abiotic settings are extremely similar, so fire is likely
partially responsible for differences found in invasion density. Thus, fire through low
density invasion fronts may reduce invasion rates where native plants are adapted to
regenerate following fire (Widenmaier & Strong, 2010), contrary to concerns that a
positive feedback could form between pine invasions and fire (Simberloff et al., 2010).
Our results suggest that prescribed fire in low density invasions could be explored as a
management option. In contrast, fire through higher density invasions or plantations in
the introduced range may have different outcomes because dense invasions alter fuel
structure (Cébar-Carranza et al., 2014) and therefore may alter fire behavior and the post-

fire plant community.

Global Differences in
Density, Size, and Reproduction

Pinus contorta invasion density was consistently higher in the introduced range
than the native range. Several other plant species also have higher densities in their
introduced than native ranges; however, for some species densities do not vary across
ranges (Parker et al., 2013). Therefore it is important to recognize that P. contorta does
behave differently when invading open areas in its native and introduced ranges, which
could reflect differences in the underlying processes causing invasion between the native
and introduced ranges. Although P. contorta can form extremely dense stands in forested
areas in its native range, particularly after fire, our results suggest that these densities are

not reached in situations where P. contorta encroaches from forest edges into shrubland
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steppe in its native range, even after fire. It is possible that invasion from plantations
(introduced range) may proceed differently than from forest edges (native range), where
the surrounding vegetation has evolved in proximity to pines. Plantations often are highly
disturbed during the planting process and post-planting management (such as removing
lower limbs) may alter wind dynamics and seed dispersal. Additional differences between
the native and introduced range that could affect the invasion process include different
seed predators, herbivores, and pathogens, as well as climatic differences that may result
in a longer photosynthetic period in the warmer introduced ranges.

Pinus contorta trees grew faster and reproduced more prolifically and at a
younger age in the introduced than the native range. Other plant species also have
increased growth or seed production in their introduced range, although the underlying
mechanisms are unresolved (Willis et al., 1999; Parker et al., 2013). The observed
difference in P. contorta cone production could result in significantly higher propagule
pressure in the introduced range than the native range, and this could explain the
difference in invasion densities between ranges. Given the relatively long generation time
of P. contorta and the young age of the plantations in most areas, it is more likely that the
differences in density, growth, and reproduction are phenotypic responses to differences
in climate or pathogens and herbivores rather than the result of rapid evolution in the
introduced range (Buswell et al., 2011). Our results suggest that higher temperatures are
correlated with higher invasion densities, especially when sufficient moisture is present.
In its native range in British Columbia, Canada, P. contorta occurs in climates that are

colder and more continental than those in which optimal growth occurs (Rehfeldt et al.,
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1999). The warmer, more maritime climates found at the Southern Hemisphere study
sites may thus be more optimal for P. contorta growth. More detailed investigation of the
mechanisms involved (e.g. climatic effects), and differences in fundamental traits (e.g.
variability in seed number and quality among individuals (Coutts et al., 2012)) is thus
warranted. Overall, our data suggest that a co-ordinated demographic shift towards faster
growth and earlier, greater reproductive effort in the introduced range has occurred,
however the underpinning mechanisms involved and the persistence of these

demographic shifts remains to be determined.

Management Implications

The best management approach for tree invasions depends on both habitat
heterogeneity and tree demography (Caplat et al., 2014). We found that invasion success
was driven by propagule pressure but that certain habitats, such as closed canopy forests
or tall shrublands, resisted pine invasions regardless of propagule pressure. Therefore,
low density P. contorta invasions in these habitats should be a low priority for
management. Low-lying areas with dense herbaceous cover also may provide resistance
to pine invasion (Ledgard, 2006), especially if herbivory is common (Buckley et al.,
2005). Additionally, we found that P. contorta demography varied between sites,
suggesting that invasion spread rates will likely differ between sites even within a
management jurisdiction. Therefore, monitoring invasions and response to management

will help prioritize populations to manage (Rew et al., 2007; Wilson et al., 2014).
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Abstract

Aim: To determine if one of the most invasive pine species introduced to the Southern
Hemisphere, Pinus contorta, has changed plant species richness, composition, diversity,
and litter depth where it has invaded into native open forest, shrub-steppe and grassland
communities and to assess if changes were similar in its native and introduced range.
Location: Rio Negro Province, Argentina; Aysén and Araucania Regions, Chile; Greater
Yellowstone Ecosystem, USA.

Methods: We measured changes in plant species richness, species composition and cover,
diversity, and litter depth associated with increasing P. contorta tree cover along the
invasion front at three sites in the introduced range (Argentina and Chile) and one in the
native range (Montana, USA).

Results: Plant species richness and cover generally declined with increasing P. contorta
canopy cover, at similar rates in both the introduced and native range. However, plant
cover was not affected by P. contorta in a forested setting in the introduced range. P.
contorta invasion explained more of the decline in species richness in the introduced than
native range. Native species composition changed more strongly across the invasion
gradient in the introduced than native range. Litter depth increased more rapidly with P.
contorta cover in the native than introduced range.

Main conclusions: Our results highlight the potential of pines to alter plant communities

whether encroaching from forests in the native range or from plantations in the
introduced range. Species richness and plant cover declined in both settings; however,

individual species abundance and species composition were more impacted in the
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introduced range than in the native range. We suggest that invading trees have a greater
capacity to cause ecological impacts in their introduced than in their native range,

particularly where they represent a novel life form.

Introduction

Invasive plants, particularly invasive trees, are well known to have significant
impacts on native biodiversity (e.g. Gaertner et al., 2009; Camarillo et al., 2015;
Constan-Nava et al., 2015; Lazzaro et al., 2015; Shackleton et al., 2015). Less known,
however, is whether the impact differs depending on whether the invasion occurs in an
introduced range or in the species’ native range. Many plant species grow larger and
more densely in their introduced than in their native range (Parker et al., 2013), which
would suggest that the potential for negative impacts through competition would be
greater in the introduced range (Blossey & Notzold, 1995). Invasive species can also alter
ecosystems through the introduction of novel traits or life forms (Levine et al., 2003).
When the introduction of a novel trait to the new system causes invader impacts, similar
impacts would not be expected in the native range where the trait was not novel.
Generally, native species are less likely to spread into adjacent habitats than introduced
species (Simberloff et al., 2012). However, few studies have compared the impacts of a
species invading new areas in both its native and introduced range. Here, we examine the
influence of Pinus contorta invasion on plant biodiversity in both its native and
introduced ranges when it encroaches into adjacent habitat.

Biogeographic studies that have examined invasive plant impacts on biodiversity

have found that the presence of the invader is negatively correlated with native plant
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species richness or biomass in the introduced range, but neutral or positive correlations
were noted in the native range (Inderjit et al., 2011; Callaway et al., 2012; Kaur et al.,
2012; Shah et al., 2014). With one exception (Shah et al., 2014), these studies examined
plants that were not actively invading adjacent communities in their native range. They
also did not measure species richness along an abundance gradient of the study species,
but instead compared areas with and without the species present.

Several mechanisms have been suggested to explain differences in invader
impacts between the native and introduced ranges. These mechanisms include: stronger
competitive effects of invading species in the introduced range than in the native range
(Callaway & Aschehoug, 2000; Ni et al., 2010); evolution of increased growth rates in
the introduced range (Blossey & Notzold, 1995; Siemann & Rogers, 2001); differences in
plant-soil feedbacks between ranges (Klironomos, 2002); allelopathy in the litter and soil
(Callaway et al., 2008; Thorpe et al., 2009; Ni et al., 2010; Kaur et al., 2012); differences
in volatile organic compounds that affect neighbouring plant mortality between ranges
(Inderjit et al., 2011); and altered soil nitrogen cycling (Thorpe & Callaway, 2011). Many
invader impacts are caused by alteration of the microenvironment, changes in litter
abundance or composition, or changes in soil microbial communities (Skurski et al.,
2014), although it is unclear how these processes differ between invasions of new habitat
in the native versus in the introduced ranges. Other studies have suggested that invader
impacts can increase when multiple invasive species facilitate each other (e.g. exotic
fungus promoting growth of exotic pines), creating an “invasional meltdown”

(Simberloff & Von Holle, 1999; Nufiez et al., 2013; Dickie et al., 2014).
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Pines (genus Pinus) are an ideal group to examine whether invasion impacts are
similar in the native and introduced ranges. Pines are widely distributed across the
Northern Hemisphere but there are no native pines in the Southern Hemisphere outside of
a small area in Indonesia (Rundel et al., 2014). In the 19" and 20™ centuries pines were
introduced throughout the Southern Hemisphere for forestry (Richardson & Higgins,
1998). Currently, in both the introduced and native ranges, pines are encroaching into
grasslands and shrublands (Richardson & Bond, 1991; Jakubos & Romme, 1993;
Simberloff et al., 2010). Generally, pine seeds are widely dispersed by wind and the
seedlings are good colonizers of grasslands and shrublands (Richardson, 1998). In areas
where they have been introduced and escaped, pines have had measurable impacts on
native biodiversity (Ledgard & Paul, 2008; Pawson et al., 2010; Urrutia et al., 2013),
nutrient cycling and soil microbial communities (Dehlin et al., 2008; Dickie et al., 2011;
Dickie et al., 2014), and hydrological cycles (Farley et al., 2005; Fernandez et al., 2009).
Pinus contorta Dougl. (lodgepole pine), which is native to western North America, has
traits that lead to high invasive potential (low seed mass, short juvenile period, and short
interval between large seed crops; Rejmanek & Richardson, 1996) and only three pine
species introduced to the Southern Hemisphere have been found to invade more regions
than P. contorta (of 24 species; Rejmanek & Richardson, 2013). Pinus contorta was
initially introduced for soil erosion control in New Zealand and Patagonia and has since
been planted for forestry purposes.

Pinus contorta and other exotic pine species have been associated with

biodiversity declines in their introduced ranges both within plantations (Nilsson et al.,
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2008; Paritsis & Aizen, 2008) and where they have invaded into surrounding natural
habitat (Ledgard & Paul, 2008; Dickie et al., 2011; Steers et al., 2013; Urrutia et al.,
2013). Impacts have also been observed in the native range where conifer encroachment
(hereafter called invasion) into meadows in western North America has altered soil
biogeochemical cycles and microbial communities (Griffiths et al., 2005) and lowered
meadow plant species diversity (Haugo & Halpern, 2007). Increased density of native
slash pines (Pinus elliottii) due to fire suppression in the Southeast US was also
correlated with lower understorey plant diversity (Brewer, 1998).

Thus, examining P. contorta invasions into grassland and shrubland plant
communities provides a unique opportunity to compare their impacts on plant diversity
between the native and introduced ranges. While impacts have been observed in both
ranges, P. contorta invades more densely and grows faster in the introduced than native
range (Taylor et al., 2015). In addition, Southern Hemisphere plants have no
evolutionary history of interacting with species in the Pinaceae. Therefore, we expected
that P. contorta invasions would have a greater impact on plant communities in the
introduced than native range, especially where pines add new functional traits (deep litter
with slow decay, continuous tree canopy, and unique mycorrhizal associations) to the
community (Rundel et al., 2014).

The consequences that invasive species have on communities vary (Hulme et al.,
2013) as a function of the existing species composition and environmental conditions
(Ehrenfeld, 2003). Therefore, it is important to study invasion across various sites with

different environmental characteristics (Hulme et al., 2013; Kumschick et al., 2015).
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Previous studies have not compared the biodiversity of plant communities across a
gradient of pine invasion in both the native and introduced range, and few have examined
how the influence of an invader relates to its abundance (Vila et al., 2011). In this paper
we examine changes in plant communities and litter depth across a range of invasion
intensities (as measured by P. contorta cover) at three sites in Patagonia (Argentina and
Chile) and one site in the native range (Montana, USA). The specific objectives of this
study were: 1) to determine the relationship between changes in P. contorta cover and
plant species richness, cover, composition, and diversity in native and introduced regions;
2) to assess if certain life forms within the native communities were correlated with P.
contorta invasion; 3) to determine if litter depth (a potentially important transformative
trait) differs across the P. contorta invasion gradients; and 4) to assess the relative
importance of litter abundance versus P. contorta cover in explaining variation in species
richness and plant cover. We hypothesized that species richness, plant cover, and
diversity would decline with increasing P. contorta cover at a faster rate in the introduced
range than in the native range. We also expected that litter depth would increase with
increasing P. contorta cover at all sites and would additionally contribute to reduced

native species cover.

Methods

Study Sites

Study sites included locations in Bariloche and El Bolsdn, Argentina (AR);
Coyhaique Alto, Chile (CL1); Malalcahuello, Chile (CL2; all introduced range); and

southwestern Montana, United States America (USA; native range; see Fig. B1 and Table
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B1 in Appendix B for climate and other environmental characteristics of all sites). The
sites in Argentina (AR) were combined because they had similar shrub steppe
communities, dominated by Festuca pallescens, Mulinum spinosum, and Acaena spp.
(see Table B2 in Appendix B for full species lists). Adjacent P. contorta plantations
were established between 20 and 35 years ago. Coyhaique Alto, Chile (CL1) was a grass
steppe community dominated by Festuca pallescens, Baccharis magellanicum and
Acaena intergerrima. The source P. contorta plantations at CL1 were 17 to 26 years old.
The second site in Chile was located in the Reserva Nacional Malalcahuello (CL2) and
was dominated by sparse Araucaria araucana forest with areas of Nothofagus antarctica
and an understorey composed of Festuca scabriuscula, Chusquea culeou and Gaultheria
species. Here the source populations were trial forestry plots planted 43 years ago (Pefia
et al., 2008; Urrutia et al., 2013). The site in Montana (USA) included sagebrush steppe
dominated by Artemisia tridentata, Festuca idahoensis, and Stipa species. Most of the P.
contorta encroachment into the sagebrush steppe at this site has occurred in the last 50
years (Patten, 1969). Pinus contorta encroachment into nearby grasslands has been
attributed to long term climatic change (Jakubos & Romme, 1993), although
encroachment is generally rare in this region. There was no evidence of recent fire in any
site. Nomenclature follows Lesica (2012) for USA and Zuloaga et al. (2008) for

Argentina and Chile.

Field Sampling

Plots were randomly located within sites and stratified by P. contorta canopy

cover. The P. contorta cover gradient was positively correlated with the age of invading
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trees and their distance from the seed source plantation or native forest. Non-invaded
plots were constrained to areas dominated by vegetation types known to be invaded by P.
contorta at these same sites (Pefia et al., 2008; Langdon et al., 2010; Taylor et al., 2016).

Ocular canopy cover data were collected for every vascular plant species in each
plot (five by five meters); every species had the potential to account for 100 percent
cover. In the only site with native trees (CL2), we did not include cover of overstorey
tree species (mainly Araucaria araucana) in the analyses. At each plot we estimated
mean litter depth from five depth measurements. P. contorta canopy cover was recorded
in the centre of each plot with a spherical densiometer. Sample sizes were 13 in AR, 20
in CL1, 19in CL2, and 21 in USA, across a P. contorta canopy cover gradient from zero
to nearly 100 percent.

Studies that experimentally add an invasive plant and record impacts on plant
communities over time are superior to the chronosequence approach that we took, but the
years required for this type of experiment made it logistically unfeasible. Our sites were
relatively homogenous and the invasions progressed uniformly from the plantations (Fig.
B1 in Appendix B), so we are confident that the main difference between invaded and
non-invaded plots in any study site was largely a result of P. contorta presence. The
continuous wave of invasion, as demonstrated by the decreasing age of trees with
increasing distance from the plantation/forest edge (rather than patchy invasion) suggests
that P. contorta establishment was not influenced by minor differences in local species

composition or abundance (Pauchard et al., pers. comm.).
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Statistical Analysis

We used P. contorta percent cover as the explanatory variable in all analyses
(Pawson et al., 2010). Relative species richness (percent of maximum at that site) was
modelled with linear regression as a function of P. contorta cover for each site
individually. We used relative species richness to account for overall differences in
richness between sites. Shannon diversity was calculated for each plot (Oksanen et al.,
2013) and then modelled with linear regression as a function of P. contorta cover for
each site individually. Additionally, data from all sites were combined and relative
species richness and diversity were modelled as a function of P. contorta cover, site, and
their interaction to determine if the rate of change of richness and diversity differed
between sites.

Species composition at each site was examined by calculating the Bray-Curtis
distance between plots based on all species cover (excluding P. contorta). Permutational
multivariate analysis of variance (PERMANOVA) was used to determine if P. contorta
cover was significantly related to species composition as represented by the Bray Curtis
distances. Linear regression was used to model total plant cover, plant cover by life form
(cushion, grass, forb, shrub), exotic plant cover, and cover of each species individually in
response to P. contorta cover for each site separately. A Poisson regression was used to
model exotic species richness as a function of P. contorta cover for each site. Finally,
total plant cover data from all sites was combined to test for differences in the
relationship between P. contorta cover and total cover between sites. To control for

differences between sites in overall productivity, relative total plant cover (cover of each
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plot divided by maximum plant cover at that site) was modelled with linear regression as
a function of P. contorta cover, site, and their interaction.

Two potential mechanisms by which P. contorta could influence plant
communities are through an increase in shade (measured here as canopy cover) and an
increase in persistent litter (measured as litter depth). To explore these possibilities, we
first modelled litter depth as a function of P. contorta cover at each site individually and
then in a model that combined data from all sites to determine differences in litter
accumulation rates with P. contorta invasion between sites. We then modelled relative
species richness (percent of maximum), total plant cover and plant cover by life form
(grass, forb, shrub) as a function of both P. contorta cover and litter depth. We used
commonality analysis (Ray-Mukherjee et al., 2014) to improve our interpretation of the
multiple regression results, given the collinearity between P. contorta cover and litter
depth (R? between 0.16 and 0.62, Table 3.1). Commonality analysis separates the
variance of the model R? into unique and shared effects of the predictors (Ray-Mukherjee
et al., 2014). Commonality analysis allowed us to determine how much of the variance in
the responses was explained by only P. contorta cover, only litter depth, or both due to

collinearity. All statistical analysis was performed in R ( R Core Team, 2014).

Results

Species Richness and Diversity

Relative species richness declined with increasing P. contorta cover at all sites
but P. contorta cover explained more than twice the variance in species richness at the

introduced sites than at the native site (Table 3.1; Fig. 3.1(a)). In the combined model,
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the rate of decline in relative species richness with increasing P. contorta cover did not
differ between the USA (native range) and introduced range sites (Fzes = 1.33, P =
0.272). There was a significant negative relationship between Shannon diversity and P.

contorta cover at CL2 (t =-2.4, d.f. =17, P = 0.028) but no relationship at other sites.

100+ @] 100+

Species richness (% of maximum)
Relative total plant cover (%)

0 25 50 75 100 0 25 50 75 100
Pinus contorta cover (%) Pinus contorta cover (%)

Figure 3.1. Relative species richness (a) and relative total plant cover (b) plotted against
Pinus contorta cover (%) for each site with the fitted line from the combined models
containing all data from all sites. Statistically the slope of the lines do not differ between
the native site (USA) and any introduced site (AR, CL1, CL2) for both relative species
richness and relative total plant cover (p>0.05). Solid line and squares represent USA,
dotted line and triangles represent AR, dot-dashed line and x’s represent CL1, and long
dashed line and circles represent CL2. See Fig. B1 and Table B1 in Appendix B for full
site descriptions (AR, CL1, CL2, USA).
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Table 3.1. Results from models from each site of species richness, grass cover, forb
cover, shrub cover, total plant cover, and litter depth as a function of Pinus contorta
cover. — indicates that that life form was not present at the given site. R?is adjusted R2.
Results from cushion plants were not shown because there was no significant relationship
with Pinus contorta cover at any site (P > 0.05). See Fig. B1 and Table B1 in Appendix
B for full site descriptions (AR, CL1, CL2, USA).

AR CL1 CL2 USA

Relative Cover -0.492 -0.484 -0.394 -0.219
species  gg 0.119 011 0118  0.094
richness 4 ajue  -4.145 44 -3325 -2317

P-value  0.002 <0001 0.004  0.032

R? 0.57 049  0.359 0.18
Litter Cover 0012 0021 0011  0.029
depth SE 0.007 0.004 0.004 0.007

t-value 1.823 5.696 2.840 4.385
P-value 0.096 <0.001 0.011 <0.001

R? - 0.623 0.282 0.477
Grass Cover -0.042 -0.176 -0.201 -0.061
cover SE 0.013 0.069 0.063 0.105

t-value -3.159  -2555 -3.185  -0.577
P-value 0.009 0.02 0.005 0.571

R? 0.428 0.225 0.337 -
Forb Cover -0.003 -0.019 -0.014 -0.185
cover SE 0.01 0.005 0.007 0.078

t-value -0.316  -3.993 -1.997 -2.376
P-value 0.758 0.001 0.062 0.028

R2 - 0.440 - 0189
Shrub Cover -0.421 - 0071 -0.297
cover SE 0.09 - 0137 0.104
t-value -4.668 - -0514 -2.859
P-value  <0.001 - 0614 0.01
R? 0.634 - - 0.264
Total Cover -0435 -0.236 -0.177 -0.543
cover SE 0.095 0.075 0126  0.169

t-value -4571 -3.158 -1.406 -3.208
P-value  <0.001 0.006 0.178 0.005
R? 0.624 0.321 - 0.317
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Plant Composition

Pinus contorta cover was significantly related to differences in species
composition between plots within sites in both introduced and native ranges (Table 3.2).
However, P. contorta cover explained twice as much of the similarity in species
composition between steppe plots in the introduced range (AR and CL1) than in the
native range (USA; Table 3.2).

Table 3.2. Results from the PERMANOVA (permutational multivariate analysis of
variance) for each site that models Bray-Curtis distance between plot species composition
as a function of Pinus contorta cover. AR (shrubland), CL1 (grassland), and CL2 (open
forest) are introduced range sites and USA (shrubland) is the native range site. See Fig.

B1 and Table B1 in Appendix B for full site descriptions.
P. contorta cover

Site R? P-value
AR 0.31 0.001
CL1 0.21 0.003
CL2 0.12 0.023
USA 0.11 0.023

When examining relationships between P. contorta cover and individual species
cover we found that at all introduced sites most of the significant relationships (P < 0.05)
were negative (Fig. 3.2; Table B3 in Appendix B). In contrast, in the native range the
only species (Poa palustris) that had a significant relationship with P. contorta cover had
higher abundance in more highly invaded plots (Fig. 3.2; Table B3). At AR, P. contorta
cover had a significant negative relationship with the cover of three native species (14%
of the species present in at least three sampled plots), including the most frequently
occurring shrub species (Mulinum spinosum). At CL1, P. contorta cover had a

significant negative relationship with cover of fourteen species (37% of the species
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present in at least three sampled plots), including the most common grass species Festuca
pallescens (Fig. B2 in Appendix B). Only the native Viola reichei had a significant
positive relationship with P. contorta cover at CL1 (Fig. 3.2; Table B3). AtCL2, P.
contorta cover had a significant negative relationship with two species (7% of species
present in at least three plots), including the most common grass species (Festuca

scabriuscula; Fig. B2).

Log of plant cover

0 25 50 75 100
Pinus contorta cover (%)

Figure 3.2. Fitted lines from linear models of the natural log of cover for all individual
species as a function of Pinus contorta cover. Each line represents one species and lines
are only shown for species that had a significant relationship with Pinus contorta cover
(P<0.05). All species, their slopes, model p-values, and sample sizes are reported in
Table B3 in Appendix B. Solid lines represent species found in the USA, dotted lines
represent species found in AR, dot-dashed lines represent species found in CL1, and long
dashed lines represent species found at CL2. See Fig. B1 and Table B1 in Appendix B for
full site descriptions (AR, CL1, CL2, USA).
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Changes in Plant Cover
by Life Form and Origin

Pinus contorta cover was negatively correlated with total plant cover at all sites
except CL2 (Fig. 3.3; Table 3.1). In the combined model, the relationship between P.
contorta cover and relative total cover did not differ between the native site (USA) and
introduced sites (Fses = 1.27, P = 0.293: Fig. 3.1). Analysis of the sites separately showed
P. contorta cover was negatively correlated with, grass cover at AR, CL1, and CL2
(Table 3.1), forb cover at CL1 and USA (Table 3.1), and shrub cover at USA and AR
(Table 3.1).

Exotic species cover other than P. contorta was low (<2%), although some exotic
species were frequently present in sampled plots (e.g. Rumex acetosella in introduced
range sites; Table B2). Seven exotic species were found at AR and CL1, three at CL2,
and six at USA. Exaotic plant cover decreased with increasing P. contorta cover at CL1
(F1,18=8.43, P =0.010). Exotic cover at all other sites and exotic richness at all sites

were not correlated with P. contorta cover (P > 0.05 for all comparisons).

Relationship between
P. contorta Cover and Litter Depth

Pinus contorta cover was positively correlated with litter depth at CL1, CL2, and
USA but not at AR (Table 3.1; Fig. 3.4). The relationship between litter depth and P.
contorta cover did not differ between USA and CL1 (t =-1.02, d.f. = 65, P = 0.312), but
litter depth increased more slowly with invasion at CL2 than at USA (t = -2.33, d.f. = 65,
P =0.023; Fig. 3.4). Litter included pine needles, but also dead material from native

grasses and shrubs.
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Figure 3.3 Relationship between Pinus contorta cover and plant cover by life form and
total plant cover at introduced (AR (a), CL1 (b), CL2 (c)), and native (USA (d)) sites.
Only lines for relationships between Pinus contorta cover and life forms that were
significant at the P=0.05 level (Table 3.1) are shown. Dashed lines and triangles represent
forb cover, dotted lines and circles represent grass cover, dot-dashed lines and squares
represent shrub cover, and solid lines and asterisks represent total plant cover. See Fig.
B1 and Table B1 in Appendix B for full site descriptions (AR, CL1, CL2, USA).
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Litter depth (cm)

0 25 50 Fio 100
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Figure 3.4. Litter depth and cover of Pinus contorta at the three introduced (AR, CL1,
CL2) and one native (USA) sites, with the fitted lines from the linear model of the natural
log of litter depth (back transformed to original scale). Solid line and squares represent
USA, dotted line and triangles represent AR, dot-dashed line and x’s represent CL1, and

long dashed line and circles represent CL2. See Fig. B1 and Table B1 in Appendix B for
full site descriptions (AR, CL1, CL2, USA).

Mechanism of Impact

Pinus contorta cover alone explained more of the variance in relative species
richness and plant cover than did litter depth alone (Fig. 3.5). The only case where litter
depth explained more variance than P. contorta cover was for forb cover at CL2
(Araucaria araucana forest). In all cases, a significant amount of variance was explained

jointly by P. contorta cover and litter depth (Fig. 3.5).
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Figure 3.5. Results from the commonality analysis showing the percent of the variance
explained (R-squared, also known as the coefficient of determination) by either Pinus
contorta cover or litter depth, or shared explanatory power due to collinearity, in the full
model for each site. The responses include relative species richness (richness), all plant
cover (All), shrub cover, grass cover, and forb cover for each site. See Fig. B1 and Table
B1 in Appendix B for full site descriptions (AR, CL1, CL2, USA).

Discussion

Pinus contorta cover was negatively correlated with plant species richness and
cover at every study site (except plant cover at CL2), suggesting that pine invasion
impacts on species richness and cover are similar in native and introduced ranges.
However, species composition and individual species cover were more affected by P.
contorta invasion in the introduced than native range. Additionally, invasions reach high
levels of P. contorta cover more quickly in the introduced range than in the native range

due to higher growth rates (Taylor et al., 2016). Therefore, although the relationship
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between P. contorta cover and plant species richness and cover were similar between
sites, the declines in these properties may occur faster in the introduced than native range.

The negative correlation between P. contorta cover and species richness agrees
with previous studies in New Zealand (Ledgard & Paul, 2008) and Chile (Urrutia et al.,
2013; Franzese et al., pers. comm.). Thus, there is mounting evidence that pine invasions
into adjacent habitats will lead to declines in native plant species richness. Pinus
contorta cover explained more of the decline in richness at the introduced steppe sites
dominated by grass and shrubs where trees are likely a novel life form (AR; CL1) than at
the introduced forested site (CL2) or in the native range (USA). Species in the steppe are
likely less tolerant of shade and litter accumulation than those in the A. araucana forest.
We saw a consistent decline in richness with increases in P. contorta cover, unlike the
hump-shaped response observed with Pinus nigra invasions in New Zealand (Dickie et
al., 2011). Neither ours nor the New Zealand study identified a threshold at which
species richness changed rapidly, suggesting that pine’s influence on species richness
scales with invader abundance and tipping points are unlikely. Although species richness
declined with increasing P. contorta cover, at most sites we did not see a significant
decrease in Shannon diversity. This finding contradicts other studies, with a broader
range of species, that found lower diversity in invaded plots than in non-invaded plots
(Hejda et al., 2009; Vila et al., 2011).

Contrary to expectations, the rate of species loss associated with increasing P.
contorta cover was the same in the native and introduced ranges. Other studies examining

species richness associated with invasive species in their introduced and native ranges
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found a neutral or positive relationship between the invader and species richness in the
native range (Inderjit et al., 2011; Kaur et al., 2012; Shah et al., 2014). Our results may
differ because we assessed species richness associated with an active P. contorta invasion
in the native range, whereas in other studies, the target species was invading in the
introduced but not native range. Similar decreases in species richness in native plant
communities following P. contorta invasion, and native woody encroachment in general,
have also been observed (Haugo & Halpern, 2007; Ratajczak et al., 2012). Therefore,
results from this study and previous work suggest that conifer invasion of treeless areas is
likely to decrease species richness, even in the native range.

Relative total plant cover decreased significantly with increasing P. contorta
cover at the same rate in all sites. At all the grassland or shrubland sites the dominant life
form (grass in CL1 and shrubs in AR and USA) declined significantly with higher P.
contorta cover. Additionally, at all introduced sites, cover of dominant species had
negative relationships with P. contorta cover. Changes in the dominant life forms and
species, as a result of invasion, likely alter litter quantity and quality, which could result
in cascading effects on belowground communities (Bardgett & Wardle, 2010; Dickie et
al., 2011). The switch from grasslands or shrublands to areas with high tree cover and
little shrub or grass cover in AR, CL1, and USA, may also affect animal communities
that depend on grass and shrubs for habitat (Pawson et al., 2010). The only site with
native forest (CL2) showed no significant decline in total plant cover with increasing P.
contorta cover, potentially because many native species growing in this forested site are

shade tolerant. Another study also found less impact of P. contorta invasion on plant
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communities in an A. araucana forest than in a Patagonian steppe site (Franzese et al.,
pers. comm.). A trend of greater invader impact on species richness in shrublands than
forests has been observed in Mediterranean-type ecosystems as well (Gaertner et al.,
2009). Our results support the concept that impacts on plant communities depend on the
traits of both the invader and the native communities (Levine et al., 2003; Maron &
Marler, 2008; Kumschick et al., 2015).

Impacts on species composition and individual species differed between the
native and introduced range, suggesting that species richness alone is not the best metric
to understand plant community change following non-native plant invasions (Parker et
al., 1999). The most pronounced differences in plant species composition across the
invasion gradient in our study were observed in the introduced range (Table 3.2). Cover
of 19 individual species declined as P. contorta cover increased in the introduced range,
while in the native range no individual species had a significant negative relationship
with P. contorta cover (Fig. 3.2; Table B3 in Appendix B). This difference between
native and introduced ranges is exemplified by the grass genus Festuca, which was the
most abundant grass genus at all sites, but only declined in abundance with increasing P.
contorta cover in the introduced range (Fig. B2 in Appendix B). Although species with
high or intermediate abundance were more likely to decline with P. contorta invasion in
the introduced than native range, there were locally rare species at the USA site that were
sensitive to invasion (Table B2 in Appendix B). Overall, differences in the impacts on
species composition and individual species cover between native and introduced ranges

suggest that Rocky Mountain grassland and shrubland communities, which have a long
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history of coevolution with pines, may be less fundamentally altered by pine invasions.
While invaded areas will likely experience a decline in species richness, species
composition is expected to remain similar between invaded and uninvaded areas, at least
for the first 50 years of invasion.

We saw little colonization by forest understorey species in P. contorta invaded
plots in the native range. This observation differs from a study in Oregon, USA in which
native conifer invasion into subalpine meadows was associated with colonization of
forest understorey species within two decades of tree establishment (Haugo & Halpern,
2007). Perhaps such spread of forest understorey species at our USA site requires more
than 50 years. Given that the Pinaceae is a novel family in Patagonia, it is unclear
whether understorey species from native Nothofagus forest will colonize pine-dominated
forest, especially in the steppe (AR and CL1) where dispersal distances to the nearest
forest may be long.

Several studies have found increased exotic species richness correlated with the
presence of an invasive species in the introduced range (Kaur et al., 2012; Shah et al.,
2014). We saw no support for this type of “invasional meltdown” (Simberloff & Von
Holle, 1999; Dickie et al., 2014). However, a study in New Zealand found only exotic
species persisting in the understorey of a P. contorta invasion thirty years after
introduction (Ledgard & Paul, 2008). Another study in New Zealand found that legacy
impacts from pine invasions on soil processes promoted exotic grasses and forbs (Dickie
et al., 2014). Therefore, the potential for P. contorta to promote invasion by herbaceous

exotic species is not consistent between sites.
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Often native communities are altered as a result of the different litter quantity or
quality from exotic plants (Skurski et al., 2014). The sharpest increase in litter depth with
increasing P. contorta cover was seen in the native range (USA; Fig. 3.4), potentially
because invasions in the USA are at least fifteen years older than invasions in the
introduced range so there has been more time for litter to accumulate. Alternatively, the
deeper litter could be due to differences in decomposition rates related to the colder
conditions in Montana (USA) than the Southern Hemisphere sites (Table B1 in Appendix
B). The changes in litter depth and quality may result in changes to soil processes or
biotic communities (Dehlin et al., 2008; de Oliveira et al., 2014; Dickie et al., 2014).
Increased litter abundance may also create a more continuous wildfire fuel bed in the
steppe ecosystems where traditionally bareground patches have limited fire size (Baker,
2009; Paritsis et al., 2013).

Although litter accumulation is likely a mechanism driving impact, the results of
our commonality analysis show that P. contorta cover alone explains more of the
variance in species richness and plant cover than does litter depth alone. Therefore,
increased shade is a strong mechanism causing changes in the plant community; although
as litter accumulates over time, as these young pine trees age, litter depth and influence
on biogeochemical processes could become more important in explaining native plant
response. At the forested site (CL2), a decline in forb cover was more related to litter
depth than P. contorta cover, potentially because forb species at this site may be adapted
to low light situations, whereas pine litter chemistry likely differs from native species

litter. In fact, Pinus ponderosa litter limited germination of several native Patagonian
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grass species (Raffaele & Schlichter, 2000). At all sites, a large amount of variability in
species richness and plant cover was jointly explained by P. contorta cover and litter
depth. The overlap in explanatory power between litter depth and canopy cover is likely
because litter is a measure of leaf area index which also represents shade. Therefore,
these results highlight the need for manipulative experiments to separate the mechanisms
of invader impacts.

Our results, along with those of previous studies, suggest that pine invasions will
likely have significant impacts on plant communities in native and introduced ranges.
We found that high P. contorta cover led to a decline in species richness whether it
occurred in its native or introduced range. Impacts on native communities scaled with P.
contorta abundance and no thresholds were found beyond which rapid declines in species
richness or cover occurred. Contrary to previous biogeographic studies of plant invasion
impacts, trends in species richness and plant cover were similar in the introduced and
native ranges. Thus, biogeographic novelty alone does not govern all aspects of invader
impact. Presence of a novel life form and specific species traits may determine invader
impact on recipient plant communities. Nonetheless, fundamental components of the
plant communities, such as species composition, were more altered by pine invasions in
the introduced than native range. Therefore, for some characteristics, native invaders may
have less capacity than exotic invaders to cause significant impacts. These results
highlight the need to examine multiple metrics of plant communities in order to fully
understand invader impacts. In addition, to elucidate the importance of specific

mechanisms of pine invasion impact on native ecosystems, management of pine
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invasions could be integrated with experimentation by designing treatments and follow-

up monitoring.
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Abstract

Invasive plant species that have the potential to alter fire regimes have significant
impacts on native ecosystems. Concern that pine invasions in the Southern Hemisphere
will increase fire activity and severity and subsequently promote further pine invasion
prompted us to examine the potential for feedbacks between Pinus contorta invasions and
fire in Patagonia and New Zealand. We determined how fuel loads and fire effects were
altered by P. contorta invasion. We also examined post-fire plant communities across
invasion gradients to assess how invasion alters the post-fire vegetation trajectory. We
found that fuel loads and soil heating during simulated fire increase with increasing P.
contorta invasion age or density. However, P. contorta density only increased
significantly post-fire where the pre-fire P. contorta density was above an invasion
threshold. Below this threshold, P. contorta did not dominate after fire and plant
communities responded to fire in a similar manner as uninvaded communities. The
positive feedback observed at high densities is caused by the accumulation of fuel that in
turn results in greater soil heating during fires and high P. contorta density post-fire.
Therefore, a positive feedback may form between P. contorta invasions and fire, but only
above an invasion density threshold. These results suggest that management of pine
invasions before they reach the invasion density threshold is important for reducing fire
risk and preventing a transition to an alternate ecosystem state dominated by pines and

novel understory plant communities.
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Introduction

Invasive plants can lead to abrupt shifts in fire regimes that increase the potential
for invasions to impact native ecosystems (Brooks et al. 2004, Pausas and Keeley 2014).
Invasions that alter fire regimes may endanger native plants that are well adapted to one
fire regime but may be threatened in another (Keeley et al. 2011). Invasive plants can
influence fire regimes by altering fuel loads (Dibble and Rees 2005, Pauchard et al.
2008), fire frequency (Brooks 1999, Balch et al. 2013), fire spread (Lonsdale and Miller
1993, Vila et al. 2001, Balch et al. 2013), fire intensity (van Wilgen and Richardson
1985, Rossiter et al. 2003, Stevens and Beckage 2009, Setterfield et al. 2010), and
flammability (Dibble et al. 2007). Impacts of woody invasive plants on vegetation
structure, composition and fuel loads are highly variable (Mandle et al. 2011, Taylor et al.
2016b) suggesting that it is necessary to examine each species or group of species on a
case-by-case basis to fully understand the potential effects of woody invasions on fire
regimes.

Invasion impacts on native communities can be exacerbated when invasive plants
create positive feedbacks with fire, altering fire regimes in ways that promote their own
success over native plants. Positive feedbacks can cause rapid shifts in the frequency and
severity of fire activity. Hence, identifying invasive species capable of causing positive
feedbacks is essential to predict which species will be high impact invaders and to
prioritize management efforts (Gaertner et al. 2014). For example, the grass-fire cycle is a
well described phenomenon (D'Antonio and Vitousek 1992) in which non-native grasses

increase fine fuel loads and/or fine fuel continuity thus promoting more frequent (Balch
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et al. 2013), larger (Vila et al. 2001, Balch et al. 2013), or more intense fires (Vila et al.
2001, Rossiter et al. 2003, Setterfield et al. 2010, Flory et al. 2015, Wagner and
Fraterrigo 2015), which in turn promote their own dominance over native plants in these
systems, leading to alternative ecosystem states. Feedbacks between woody invasive
plants and fire are less well studied and can either promote or discourage fire (Pauchard
et al. 2008, Stevens and Beckage 2009).

There is concern that invasions by fire-adapted pine species (genus Pinus) may
increase fuel loads and overall landscape flammability, promoting a more fire-prone plant
community to the detriment of native species (Jaffré et al. 1998, Veblen et al. 2008,
Simberloff et al. 2010, Veblen et al. 2011). However, even though pine invasions are
widespread across the Southern Hemisphere due to pine introduction for forestry
(Richardson and Higgins 1998, Rejmanek and Richardson 2013), few studies have
examined direct evidence for the formation of a positive feedback between pines and fire.
Pinus contorta (lodgepole pine) is one of the most invasive pine species (Rejmanek and
Richardson 1996), and it is rapidly invading the Patagonian steppe (Sarasola et al. 2006,
Langdon et al. 2010, Taylor et al. 2016a), Chilean Araucaria forests (Pefia et al. 2008,
Taylor et al. 2016a), and both North and South Island, New Zealand (Ledgard 2001,
Taylor et al. 2016a). While P. contorta is known to accumulate high fuel loads in its
native range (Brown 1975, Baker 2009), it grows faster in its introduced than native
range (Taylor et al. 2016a) thus potentially resulting in even greater fuel accumulation.

Furthermore, fire is widely considered to enhance P. contorta regeneration in the western
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USA and Canada by causing prolific and rapid recolonization of burned areas, even in
non-serotinous populations (Brown 1975, Agee 1998, Pierce and Taylor 2011).

Although evidence suggests a positive feedback between fire and pine invasions,
this idea has not been well tested with empirical data. To our knowledge, only one study
has examined changes in fuel loads due to pine invasions. Cobar-Carranza et al. (2014)
found that in a forested ecosystem overall fuel quantities did not change with P. contorta
invasion but fuel structure was altered. P. contorta acted as a ladder fuel that connected
the understory to the native Araucaria araucana canopy causing a potential switch from
a surface- to canopy-fire dominated regime (Cdbar-Carranza et al. 2014). Several studies
have looked at regeneration and other post-fire effects in areas with and without exotic
pine species. In South Africa, soil properties under burned pine canopies and native
fynbos suggested that fire severity was higher in pine plantations than in fynbos (Scott
and Van Wyk 1990). In Patagonia, post-fire Pinus ponderosa plantations created novel
conditions that prevented regrowth of native matorral (shrubland), despite the fact that
matorral is well adapted to surface fire (Nufiez and Raffaele 2007). Whether the post-fire
vegetation trajectories differed due to pre-fire species composition or changes in fire
severity in this study is not clear. In the Argentine pampas and the South African fynbos,
fire caused a rapid expansion of introduced Pinus halepensis (Richardson 1988, Zalba et
al. 2008).

Post-fire successional trajectories can be altered by pine plantations and invasions
yet, the mechanisms causing the observed changes in community structure and function

are still poorly understood. The goal of this study is to better understand the relationship
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between P. contorta invasions and fire activity in locations where P. contorta has
invaded open habitat (grasslands and shrublands) in the Southern Hemisphere. We
addressed this objective by first, assessing changes in fuel loads across a P. contorta
invasion gradient at four in the introduced range (Argentina, Chile and New Zealand).
Specifically, we determined if the abundance of each type of fuel was related to pine
invasion age or invasion density. Second, we used our fuel data from across the invasion
gradient to model soil heating during a simulated fire. Third, we assessed the response of
the vegetation and, in particular, P. contorta to fire in a subset of sites that had recent
fires. We expected that increasing pine density would be associated with increasing fuel
loads and thus greater soil heating during fire, which in turn may reduce recovery of
some native species. We hypothesized that pines would dominate burned areas,
especially those that were invaded prior to burning. The results of our study provide new
information about the mechanisms that may cause changes in fire regimes as a result of

pine invasions in Southern Hemisphere plant communities.

Methods

Study Sites

Sampling occurred at four sites in Argentina (AR) (1), Chile (CL) (1), and New
Zealand (NZ) (2) (Table 4.1). Each of these sites has been invaded by P. contorta over
the past 24 to 53 years, with the younger invasions in Argentina and Chile where pine
plantations are fairly recent. The sites were either dominated by native and introduced
grasses (CL, first NZ site) or native shrubs (AR, second NZ site). The site in Bariloche,

Argentina (AR) was a shrub steppe community (dominated by Mulinum spinosum,
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Acaena spp., and Stipa spp.) with patches of the disturbance-adapted small tree
Nothofagus antarctica. Various fires have burned through this area in the past 11 years.
The P. contorta plantations at AR are on average 34 years old. The Chilean site, located
in Coyhaique Alto, was a grass steppe community (Festuca spp.; Langdon et al. 2010).
Pinus contorta plantations at CL were an average of 24 years old.
Table 4.1. Descriptions of all study sites (AR, CL, NZ1, NZ2). Abbreviations include

longitude (long.), latitude (lat.), temperature (temp.), precipitation (precip.), elevation
(elev.), minimum (min.) and maximum (max.).

. Plantation  Elev. Annual Annual
. Dominant  Fuel mean .
Site  Long. Lat. veqetation lots Age range tem precip.
9 P (years) (M.S.L) (oc)p ' (mm)
AR -71.2 -41.1  Shrubland 44 34 845-892 8.2 846
CL -71.7  -455 Grassland 35 23 703-823 5.8 715
Nz1 170.2 -441 Grassland 73 45 544-655 9.3 658
Nz2 1717 -43.2 Shrubland 138 53 785-1040 7.3 2241

The two NZ sites were in the Canterbury region on the South Island. NZ1,
located on the edge of Lake Pukaki, was dominated by introduced grasses and forbs (e.g.
Agrostis capillaris, Hieracium spp.) and native Festuca novae-zelandiae. The more
diverse Craigieburn Forest Park site (NZ2) contained areas dominated by introduced
grasses and forbs, native grasses, the tall shrub manuka (Leptospermum scoparium), and

shorter shrubs (Discaria toumatou, Dracophyllum spp.). Plantations were originally
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planted 45 years ago at NZ1 and 53 years ago at NZ2. New Zealand sites were sampled

in January and February 2013 and Patagonian sites in January and February 2014.

Fuel Loads

To collect fuel data across the gradient of invasion levels, ten meter-wide
transects were placed perpendicular to the edge of P. contorta plantations. The transects
continued until they reached the distance of two kilometers or were unpassable due to
topographic or anthropogenic barriers (e.g. cliffs, highways, private land). At NZ1, the
invasion spread farther from the source requiring longer (3.5 km) transects. Fuel sample
plots were randomly selected (n = 1-5 every 100 m) for a total of 44 plots at AR, 35 at
CL, 73 at NZ1 and 138 at NZ2. Within each plot, basal diameter, diameter at breast
height, height to crown base, and height were measured for each P. contorta individual.
Age of each tree was recorded based on whorl counts or tree cores. One thousand-hour
fuel loads were also collected within the entire 100 m? plot. In four one-m? subplots (one
in each corner of the large plot), one hour, ten hour, 100 hour, herbaceous, and shrub
fuels were recorded using the Photoload method and averaged for each plot (Keane and
Dickinson 2007). All of the biomass in 12 subplots at AR and 17 subplots at NZ2 was
clipped, sorted into fuel type, dried, and weighed to calibrate field Photoload estimates.
The species composition at the two New Zealand sites and the two Patagonian sites was
very similar (with the exception of the greater dominance of shrubs at AR and NZ2) so
the calibration from NZ2 and AR were also applied to NZ1 and CL, respectively. Two
measurements of litter and duff depth were taken in each subplot. Percent litter cover and

litter type (e.g. grass, pine, shrub, Nothofagus spp.) were also recorded. Samples of each
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type of litter were collected, dried, and weighed to determine the bulk density of each
litter type. Depth, cover and bulk density values were used to determine litter fuel loads
in each subplot. Duff was very rare and so the same process was not repeated for duff.
Pinus contorta biomass was calculated for each plot using separate allometric equations
for trees with heights > 1.37 m (Jenkins et al. 2004) and < 1.37 m (Turner et al. 2004). P.
contorta biomass < 2 m in height was added to the shrub stratum fuel loads (hereafter
referred to as shrub fuel loads — which includes all live woody biomass < 2 m in height).

To examine the relationship between P. contorta and fuel loads, total fuel and fuel
of each fuel type were modelled with multiple linear regression as a function of time
since invasion (TSI; age of oldest tree in plot) and P. contorta density. At CL2, the
model included management as a predictor because some plots were in areas where pines

had been cut or hand pulled and left on the site in the past year.

Fire Effects

The impact of P. contorta invasion on first-order fire effects was determined with
the First Order Fire Effects Model (FOFEM; Reinhardt 2003). FOFEM assumes that all
herbaceous and litter fuels will be consumed but it models duff consumption as a function
of duff moisture and depth (Brown et al. 1985, Reinhardt et al. 1991). FOFEM uses the
Burnup model to consume all woody fuels in each plot (Albini et al. 1995, Albini and
Reinhardt 1997). Soil heating is modeled as a function of fire intensity, duration, and soil
properties under both smoldering duff fires and flaming surface fires (Hungerford et al.

1991, Campbell et al. 1993, Campbell et al. 1995). Fuel data for each plot were input
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into the batch processing function of FOFEM. Log-transformed soil temperature was

modeled using multiple linear regression as a function of TSI and P. contorta density.

Plant Community Response to Fire

We examined both the response of P. contorta to fire (e.g., regeneration density)
and the effect of invasion on the response of the rest of the vegetation community to fire
(e.g., composition, abundance) at a subset of sites with recent fire activity (AR, CL,
NZ2). We determined P. contorta density continuously in 10 x 10 m plots along the
transects described above at AR, CL, and NZ2 where the transects passed through recent
burns (CL burned in 2011; AR multiple fires in past 11 years; NZ2 burned in the 1980’s).
Where the plots were burned at AR and CL, we recorded the density of trees pre-fire,
most of which died during the fire, as well as live regeneration density. We only
recorded live regeneration density at NZ2 because the fire was older (>25 yrs) and we
could not reliably count trees killed by the fire. We used the densities from these burned
plots and all unburned plots on the transects that were within 100 m of the fire edge in
order to control for environmental variability in the comparison of P. contorta invasion
density in burned versus unburned plots (n=347 at AR; n=68 at CL; n=27 at NZ2). We
modeled density in the selected plots as a function of fire, plot vegetation type (e.g.,
shrub or grass dominated), and their interaction using a negative binomial mixed model
to account for both overdispersion (Ver Hoef and Boveng 2007) and spatial
autocorrelation (Fournier et al. 2012, Skaug et al. 2013). Where vegetation type was not

significant (P>0.05) it was not included in the final model. Correlograms suggested that
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the maximum distance of density correlation was about 50 m and that including 50 m
clusters as a random effect in the model significantly reduced the spatial autocorrelation.

At AR, we also plotted the density of P. contorta that had colonized burned plots
as a function of the number of dead, burned P. contorta in each plot to determine the
invasion level at which P. contorta density is higher after fire than before. We used the
pre-fire density at which the post-fire density in a given plot was always higher than pre-
fire (Fig. 4.1; 1000 trees/ha) to divide the pre-fire invasion level for each density plot into
categories (low invasion burned, high invasion burned). We then modeled the density
data from AR as a function of the fire-invasion category (unburned, uninvaded burned,
low invasion burned, high invasion burned) using a negative binomial mixed model as
described above. We could not repeat this process at CL because only two plots were
invaded by P. contorta prior to burning.

In order to further examine P. contorta and understory plant community response
to fire at AR, we surveyed the species composition of burned and unburned plots located
in plantations, invaded areas (invaded pre-fire), and uninvaded areas. Hereafter, we refer
to these different areas of sampling as “conditions” which include the six categories:
uninvaded unburned, uninvaded burned, invaded unburned, invaded burned, plantation
unburned, and plantation burned. We randomly placed five plots in each category except
the plantation burned category, which had 7 plots (32 plots total). The plots were all 5 x
5 m and in each we recorded the aerial percent cover of all species and the number of P.
contorta individuals, their aerial cover (using a spherical densiometer in plots with trees

taller than 1.37 m), and their age. We used principal coordinates analysis based on
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Morista-Horn distances between plots to examine differences in species composition

(excluding P. contorta) between plots. We used permutational multivariate analysis of

variance (PERMANOVA) to determine if plot condition affected plot level species

composition (Oksanen et al. 2013). We also modeled total native plant cover and log

transformed exotic plant cover as a function of condition with linear regression.
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Figure 4.1. Post-fire Pinus contorta density (trees/ha) versus pre-fire P. contorta density
(trees/ha) at the AR sites for all burned 100 m? plots sampled. The dashed line shows the
1:1 line where post-fire density equals density pre-fire. The vertical line shows the

threshold of 1,000 trees/ha above which post-fire P. contorta density was higher than pre-
fire P. contorta density for all plots measured.

Finally, to examine post-fire regeneration at NZ2 and determine if P. contorta or

native plants dominated, we set up four 1 m? subplots in 20 of the 100 m? plots (12

burned, 8 unburned) on the transects through the burned area and surrounding unburned

area described above (80 subplots total). Within each subplot, we recorded aerial cover
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of P. contorta, grasses, and all other species in the plots. We modeled cover in each
subplot as a function of vegetation type, fire, and the random effect plot to determine if P.

contorta dominated after fire.

Results

Changes in Fuel Loads

P. contorta invasion was associated with increased overall fuels at all sites (Figs.
4.2 & C1 in Appendix C; Table 4.2). Metrics of P. contorta invasion explained more of
the variation in fuel loads at the grassland sites (CL, NZ1) than the shrubland sites (AR,
NZ2; Table 4.2). Time since invasion (TSI; oldest tree in plot) was generally more
important than P. contorta density in explaining fuel loads at CL, NZ1 and NZ2, while
invasion density was more important than TSI at AR (Table 4.2). In all cases except one,
the significant relationships between invasion age or density and fuel loads were positive.
At the two grassland sites, P. contorta invasion had opposing effects on herbaceous fuel
loads, with a positive relationship between TSI and herbaceous fuel loads at NZ1 and a

negative relationship at CL (Table 4.2).

Changes in Fire Effects

Overall, simulated soil heating increased most with invasion into grass-dominated
sites CL and NZ1, and TSI and/or P. contorta invasion density generally explained more
of variation in these responses than at the shrub-dominated AR and NZ2 sites (Table 4.2).
TSI was generally the best predictor of simulated soil temperatures, although there was

some variation by site and response (Table 4.2). Management to cut down P. contorta at
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NZ2 generally resulted in a steeper increase in soil heating with increasing TSI (Fig.
4.3D). At CL1, soil heating appears to have a threshold (around age 10 for oldest tree in
plot) below which soil temperature does not change with increasing invasion age and

after which there is a rapid increase in soil temperatures (Fig. 4.3A).

Table 4.2. Coefficients, P-values and the variation explained by the best model (either P.
contorta density and time since invasion (TSI) or only one explanatory variable where
the other is not significant) for fuel overall, each fuel class, and simulated soil
temperatures at each site. TSI signifies the coefficient for time since invasion, Den for
total P. contorta density, and “- signifies no significant relationship between that
predictor and the response variable (fuel loads or fire effects). Dead woody fuels are not
shown for CL and AR because there were no significant relationships between dead
woody fuels and P. contorta density or TSI at these sites.

CL - grassland AR - shrubland
Response  Den P TSI P RZ Den P TSI P R?
All fuel - - 020 <001 055 001 0.02 - - 012
Shrub fuel - - 032 <001 066 002 <001 - - 017
Herb fuel -0.001 0.02 - - 015 - - - - -
Litter fuel - - 0.18 <001 030 0.07 0.06 - - 0.09
Surface . 013 <001 047 - - - - -
soil heating
2 cm soil i 007 <001 053 - - S
heating

Table 2. continued

NZ1 - grassland NZ2 - shrubland
Response Den P TSI P R? Den P TSI P R?
All fuel - - 0.26 <0.01 049 - - 0.19 <0.01 0.28
Shrub fuel - - 0.38 <0.01 034 - - 0.63 <0.01 0.26
Herb fuel - - 0.13 <0.01 0.29 - - - - -
Litter fuel - - 0.24 <0.01 0.29 - - 0.09 <0.01 0.06
Dead . . . - -0.03 004 058 <001 047
woody fuel
Surface - 011 <001 028 -0.02 002 009 <00l 008
soil heating
2 cm soil

heati 0.004 0.03 0.07 <001 065 - - 0.07 <0.01 0.19
eating
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Figure 4.2. Total fuel (kg/m?) as a function of time since invasion (CL, A; NZ2, D; NZ1,
C) and Pinus contorta (PICO) density (AR, B) with the fitted line from the models of
each site and the 95% confidence interval shown. The grayscale of the points represents
the percent of the total fuel load that was accounted for by P. contorta biomass (Percent
PICO), with darker points having a higher percent of P. contorta biomass relative to other

types of fuels.
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Figure 4.3. Simulated soil temperature at 2 cm depth as a function of time since invasion
(yr) with the fitted line from the models of each site and the 95% confidence interval
shown. The color of the points represents the percent of the total fuel load that was
accounted for by P. contorta biomass (Percent PICO), with darker points having a higher
percent of P. contorta biomass relative to other types of fuels.

Pinus contorta Response to Fire

In the 100 m? plots at AR, the density of P. contorta depended on fire-invasion
class (high invasion pre-fire, low invasion pre-fire, no invasion pre-fire, unburned; y? =
32.2, df = 3, P<0.0001). Density was highest in plots with high pre-fire invasion,
followed by unburned plots, low-invasion pre-fire plots, and finally plots that had not
been invaded pre-fire, with statistically significant differences (P<0.05 for pairwise

comparisons) between all groups except the unburned and low-invasion pre-fire plots
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(Fig. 4.4A). In the 25 m? plots that were sampled for plant species composition at AR,
uninvaded burned and uninvaded unburned plots had no P. contorta individuals (Fig.
4.4B). The invaded burned plots had significantly lower density than invaded unburned
plots (df = 21, z = 4.3, P<0.0001) and burned plantation plots (df = 21, z = 3.9,
P<0.0001). Burned plantation plots had significantly higher P. contorta density than

unburned plantation plots (df = 21, z = 2.6, P = 0.0096).
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Figure 4.4. Pinus contorta density (trees/ha) in burned (gray fill) and unburned (white
fill) 100 m? plots at AR (A), CL (C), and NZ2 (D). Also shown is the density of P.
contorta in the 25 m? vegetation sampling plots at AR (B). HIB = high invasion burned,
LIB = low invasion burned, NIB = not invaded burned, UN = uninvaded, IN = invaded,
PL = plantation. “Grass” and “shrub” in (D) refer to whether the plot was dominated by
grass or shrub pre-fire.

At CL, we sampled 32 plots in the 2011 burn, of which only two had P. contorta
trees growing in the plot. Both plots had been invaded prior to the fire and were on the

edge of the burn so the P. contorta that were present had survived the fire and were not

newly established. No other plots in the burned area had been invaded prior to the fire.
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Consequently, plots in the burned area had significantly lower P. contorta density than
unburned plots at this site (y* = 15.7, df = 1, P<0.0001; Fig. 4.4C).

At NZ2, there was a significant vegetation x fire interaction (x> =8.7,df =1, P =
0.0031) whereby there was no difference in P. contorta density between burned and
unburned 100 m? plots in grasslands; however, unburned shrublands had significantly
lower P. contorta density than burned shrublands (Fig. 4.4D). In all areas, P. contorta
cover in the 1 m? subplots was significantly lower than cover of grass, native cushion
plants, and native shrubs after accounting for fire and the random effect plot (P<0.05 for
all pairwise comparisons; Fig. C2 in Appendix C). All vegetation types had lower cover
in the unburned than in burned plots (df = 310.98, t =-2.986, P = 0.0031); however,
cover was highly variable and some unburned plots had extremely high native shrub

cover (Fig. C2).

Plant Community Response to Fire

At AR, we found that fire altered plant species composition in uninvaded and
lightly invaded sites but that in plantations and highly invaded sites (greater than 50%
pre-fire P. contorta cover or 800 trees/ha), plant composition changed little with fire (Fig.
4.5). The principal coordinates analysis identified three main groups of plots: (1) plots
that had high cover of P. contorta before or after fire (Fig. 4.5, dash-dot line circle), (2)
plots that burned and were either uninvaded or had low densities of P. contorta (a
maximum of 200 individuals per hectare pre-fire as judged by dead stems and aerial
photos; Fig. 4.5, dashed line circle), and (3) plots that were unburned and either

uninvaded or very lightly invaded (P. contorta cover 6 to 12%; Fig. 4.5, solid line circle).
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Condition (uninvaded unburned, uninvaded burned, invaded unburned, invaded burned,
plantation unburned, plantation burned) was a significant predictor of species
composition (judged by Morista Horn distances between plots; Fs31= 3.5, P = 0.001)

with an R? of 0.40.
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Figure 4.5. Principal coordinates analysis of understory plant communities based on the
Morista-Horn distance between species compositions of each plot. Filled points represent
burned plots and hollow points represent unburned plots. Triangles are plantation plots,
squares are invaded plots, and circles are uninvaded plots. Dash-dot line encircles plots
that had high cover of P. contorta before or after fire, dashed line encircles plots that
burned and were either uninvaded or had low P. densities (a maximum of 200 P. contorta
individuals per hectare pre-fire as judged by dead stems and aerial photos), and the solid
line encircles plots that were unburned and either uninvaded or very lightly invaded (P.
contorta cover 6 to 12%). The point not in a circle was uninvaded and burned and still
had no P. contorta when sampled after fire.
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Condition was also a significant predictor of total native plant cover (Fs 26 = 9.6,
P<0.001, R?=0.65) and total exotic plant cover (not including P. contorta; Fs 2 = 5.6, P
=0.001, R?=0.52). There was no difference in native plant cover between uninvaded
unburned and uninvaded burned plots (t = -1.0, d.f. = 26, P = 0.31); however, plots in all
other conditions had significantly lower native plant cover (P<0.05 for all pairwise
comparisons) than uninvaded unburned plots. Exotic cover was higher in invaded burned
plots (mean = 11.14%, t = 2.4, d.f. = 26, P = 0.03) and lower in plantation unburned plots
(mean = 0.02%, t = -2.4, d.f.= 26, P = 0.02) than in the uninvaded unburned plots (mean

= 0.66%).

Discussion

Our results demonstrate that invasive plant impacts can have nonlinear threshold
responses that result in regime shifts. Once P. contorta invasions cross a density
threshold a positive feedback with fire is likely to develop (Fig. 4.6). The positive
feedback at high P. contorta densities is created by the accumulation of high fuel loads
that in turn result in greater soil heating during the fire and consequently altered plant
communities and high P. contorta density post-fire. Once communities cross the
threshold it is unlikely that they will return to a native-dominated state without significant
management intervention (Cuevas and Zalba 2010). Understanding the ability of an
invader to cause a regime shift is essential for determining management priorities
(Gaertner et al. 2014). Our results suggest that a shift to an alternative state is likely after

a pine invasion threshold is crossed and therefore management of pine invasions before
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they reach this threshold is necessary to prevent a new fire regime and vegetation state

that may be undesirable.
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Figure 4.6. Conceptual diagram demonstrating the effects of P. contorta invasion and fire
on native plant communities, based on data collected in Bariloche, Argentina (AR). The
percent cover of each plant type in each ecosystem state is shown in the pie charts (data
are means from plots). Invasion level increases going down through the diagram and the
dotted line represents the invasion threshold. As P. contorta invasion increases, fuel loads
also increase.

As expected, overall fuel loads increased with increasing P. contorta invasion age
or density at all sites. This increase in fuels likely has serious consequences for fire

activity and behavior, particularly in older invasions. Other studies have also found fuel
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loads to increase with woody invaders (Dibble and Rees 2005, Pauchard et al. 2008),
which can lead to increased fire intensity (van Wilgen and Richardson 1985). The amount
of variability explained by P. contorta invasion varied by fuel type and site (Table 4.2).
Generally, TSI was more important than total density because it takes time for woody
fuels and litter to accumulate enough to have a significant impact. We saw the fastest
accumulation of fuels at NZ1, likely because P. contorta grows faster there than at any
other site (Taylor et al. 2016a). Dead woody fuels and duff did not make up a significant
amount of the fuel loads because the young invading trees are healthy and have not yet
started to self-thin. As P. contorta die off due to increasing stand density, we expect that
dead woody fuels will become a more significant contribution to overall fuel loads.

Our results suggest that changes in fire behavior, and not just changes in pre-fire
plant composition, likely contribute to differences in post-fire regeneration success.
Simulated soil heating during fires significantly increased with increasing P. contorta
invasion age or density. More severe soil heating may explain the different post-fire
trajectories seen in sites dominated by pines compared to native-dominated sites in our
study and others (Holmes et al. 2000, Nufiez and Raffaele 2007, Zalba et al. 2008). If
seedbanks and resprouting plants are destroyed by fire, then native regeneration is more
dependent on distance to nearest seed source. In invaded shrublands and grasslands,
pines may have the advantage in seed dispersal over native shrubs and forbs because their
greater height and winged seeds readily allow for long-distance dispersal (Ledgard 2001).
We expect that soil heating will be more intense in older invasions, even if density stays

constant or declines, as a duff layer and 1000-hour fuel loads develop. Areas with the
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most soil heating tend to be where duff or large downed logs smolder for longer periods
of time (Baker 2009). None of our sites yet support a duff layer or large downed logs and
these characteristics were not present at the time of our study, but are likely to develop in
the future.

Another factor that contributes significantly to increased soil heating is
management practices that cut trees but leaves them on site. As seen at NZ2, this practice
leads to a more rapid increase in soil heating with increasing invasion age than at sites
without management. Similarly, in South Africa cutting and leaving invasive pines on
site followed by burning led to more negative impacts on native plant communities
compared with strategies that burned standing pine trees (Holmes et al. 2000). That study
suggests that high fire severity in “fell and burn” treatments likely sterilized the upper
layers of the soil harming reproductive organs, mycorrhizae, and seeds of many species
(Holmes et al. 2000). Other types of management, such as herbicide treatments that kill
entire stands, may lead to pulse increases in litter and fine fuel loads, as seen in pine
stands experiencing high mortality from mountain pine beetle (Hicke et al. 2012).
Therefore, managers should consider the impact of control actions on potential fire
behavior to avoid undesirable vegetation trajectories post-fire.

Overall, we saw more impact on fuel loads and fire effects in grasslands than
shrublands, and P. contorta invasion into grassland regularly explained more variation in
fuel loads and fire effects. Shrublands had higher live woody and litter biomass and
higher variability in fuel loads prior to invasion. Impacts of P. contorta invasions on the

fire regimes in grasslands thus should be more extreme than in shrublands. It is likely
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that some shrublands already have enough fuel present to burn at moderate to high
severities without P. contorta invasion, such as manuka in NZ (Perry et al. 2014) and tall
shrublands and N. antarctica stands in Patagonia (Veblen et al. 2003, Mermoz et al.
2005). ldentifying combinations of plant life-forms and ecosystems most likely to result
in a regime shift is important to predict high-impact invaders (Gaertner et al. 2014). We
suggest that trees invading into grasslands are most likely to significantly alter fire
severity and post-fire vegetation communities. These results support the hypothesis that
invaders are most likely to have significant impacts where they add new functional traits
or life forms to a system (Levine 2003) and fundamentally alter fuel structure and
continuity.

The changes that we observed in fuel loads and simulated fire effects likely
contribute to the different post-fire trajectories of plant communities in areas with
different levels of P. contorta invasion. P. contorta density only increased after fires in
areas that were highly invaded or plantations prior to fire; conversely, in some sites, fire
in low-density invaded plots actually resulted in lower P. contorta density than in their
pre-fire condition or in invaded unburned plots. This threshold effect could result from
the ability of natives to recolonize after fire when P. contorta seed trees are at low
densities and/or because of differences in fire behavior caused by high fuels in older and
denser invasions. Densities of P. contorta regeneration were higher in plots that
experienced severe surface burns than in those with light surface burns in P. contorta’s
native range as well (Turner et al. 1997). The more severe fires could hamper herbaceous

or shrub regeneration by harming native plant seeds or reproductive organs (Holmes et al.
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2000, Zalba et al. 2008, Baker 2009), whereas P. contorta seeds have been found to resist
higher temperatures than two native tree species (Araucaria araucana and Nothofagus
antarctica) present in our Patagonian sites (Cobar-Carranza et al. 2015). Additionally, P.
contorta seedlings do not compete well with grass or herbaceous species (Despain 2001,
Ledgard 2006) and thus more severe fires may create favorable conditions for seed
germination and seedling growth by increasing post-fire soil-surface temperatures and
reducing herbaceous competition (Coates et al. 1991, Page-Dumroese et al. 2002).
Furthermore, highly invaded areas have lower native plant cover and species richness
than uninvaded areas pre-fire (Ledgard and Paul 2008, Urrutia et al. 2013, Taylor et al.
2016b). As a result, sites of dense invasion have fewer native plants to contribute to the
seedbank or to resprout after fire.

The threshold response that we observed supports the theoretical model of
Buckley et al. (2007) who posit that there is a tension between disturbance promoting
invasion and disturbance killing the seed source necessary for invasion. They suggest that
disturbance in an invaded area actually increases the introduced plant density necessary
to initiate invasion. Our results support this idea because fire in pine-invaded areas
promoted further invasion only when the initial invasion density was high. This finding is
consistent with other studies that suggest that frequent fires prevent P. contorta invasion
into grasslands (Widenmaier and Strong 2010).

We also found that the ability of fire to promote pine invasions depends on
specific site characteristics. In sites where edaphic conditions are poorly suited to P.

contorta establishment, fire will not necessarily promote invasion. At CL, fire burned an
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area adjacent to a P. contorta plantation that had not been invaded prior to the fire, likely
due to high soil moisture and competition from herbaceous species (Taylor et al. 2016a).
After the fire there was still no invasion of this area despite significant propagule
pressure. Conversely, at NZ2, areas that had been dominated by shrubs prior to burning
(mainly Leptospermum scoparium) had higher P. contorta densities than similar adjacent
and unburned shrub-dominated plots (Fig. C2 in Appendix C). Thus, fire seems to
promote more invasion in places where shrub cover or shade limit pre-fire P. contorta
establishment. However, fire has little effect where soil moisture or other edaphic
features limit pre-fire P. contorta invasion.

Native plant communities also appeared to have a threshold response to fire based
on the level of P. contorta invasion. Plant community composition in areas without dense
P. contorta invasion at AR shifted after fire compared with the composition in unburned
plots; however, post-fire plant communities were still dominated by native species in
uninvaded as well as in lightly invaded plots. Many shrubs at AR resprouted after fire
(Nufiez and Raffaele 2007). However, highly invaded plots at AR had a different species
composition than uninvaded burned or unburned plots, and this composition did not shift
after fire (Fig. 4.5). The maintenance of similar species composition in burned and
unburned highly invaded plots, as well as the creation of high P. contorta densities post-
fire, suggest that dense invasions lead to a new and relatively stable state that is resistant
to disturbances such as fire. The same is true of plantations where the density is also

high. In fact, fire may perpetuate this state by leading to even higher invasion densities
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than pre-fire, which will likely lead to even lower native species richness and cover
(Taylor et al. 2016b).

At AR we found an invasion threshold between 800 and 1000 trees ha, above
which the plant composition is altered and P. contorta regenerates prolifically after fire.
Below the threshold plant composition was similar to uninvaded plots and native plants
dominated after fire. Invasion densities above the 1000 trees ha™* threshold were common
in all the study sites (Fig. C3 in Appendix C; Taylor et al. 2016a), suggesting that the
potential for the development of a positive pine-fire feedback is already high. The exact
value of this threshold likely varies between sites depending on the fire adaptations of the
native plants and climate. The threshold may be higher in the shrublands at AR which
have naturally higher fuel loads, higher probability of fire, and many shrub species
capable of resprouting (Mermoz et al. 2005, Nufiez and Raffaele 2007, Paritsis et al.
2013) than in low productivity areas, such as the Patagonian grass steppe (found at CL)
that have naturally low fuel loads and low probability of fire (Paritsis et al. 2013). Given
the historically low frequency of fires in the Patagonian grass steppe due to fuel
limitation, it is unlikely that the native plant community there is resilient to high-severity
fire. Further study is necessary to determine how the threshold for a positive feedback
between pine invasion and fire differs between different ecosystems.

Overall our study shows the strong potential for invasive pines to alter fuel loads,
fire behavior, and post-fire plant communities, particularly when invasion densities cross
a threshold and where woody species represent a novel life form. Although it has been

suggested that a positive feedback between pines and fire is inevitable, our data suggest
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that there is a threshold density below which a positive feedback is unlikely. Above this
threshold, fires will be more intense and facilitate a conversion to pine domination. This
threshold may represent the tradeoff between the benefits of disturbance for
establishment and the decline in propagule supply associated with disturbance induced
mortality in invaded areas (Buckley et al. 2007). However, given the widespread nature
of pine invasions and the tendency of these invasions to create dense stands in open
habitat that exceed the threshold identified here, the interaction between pine invasions
and fire will be significant in the future. The implications for management are clear, in
areas vulnerable to pine invasions (especially grasslands and sparse shrubland/steppe),
the removal of propagule pressure is likely necessary to prevent invading pine densities
from crossing thresholds at which increased fuel loads lead to more fire-prone

landscapes.
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Abstract

To best understand plant invasions and predict unexpected outcomes it is
necessary to integrate information on disturbance, the local environment, and
demography. Fire is widely expected to promote pine (genus Pinus) invasions; however,
interactions between fire, pine and the invaded community make the dynamics unclear. A
positive feedback between lodgepole pine (Pinus contorta) invasions and fire has been
identified but only above an invasion threshold. Above this threshold, fire resulted in
increased pine dominance at the plot level, however below this threshold establishment
rates did not change. Therefore, tradeoffs likely exist between fire-induced mortality of
the P. contorta seed source and increased establishment post-fire that determine invasion
outcomes across a larger landscape. We used a spatially explicit invasion simulation
model modified to include fire to explore the implications of these complex interactions
between pine invasions and fire. We asked if fire promoted P. contorta invasion across a
Patagonian steppe site and if this depended on the age of the invasion when it burned?
Additionally, the invasion density threshold above which post-fire P. contorta
establishment increased likely varies by site depending on native plant adaptations to fire,
so we examined how changes in this threshold altered invasion outcomes. We found that,
although fire was not necessary to initiate invasion, fire in communities where pine
invasions were at least 10 years old resulted in increased spatial extent and maximum
invasion density compared to unburned simulations. Fire through younger invasions did
not alter the progression of the invasion compared to unburned simulations. Invasion

threshold had little effect on invasion outcomes, suggesting that our results may be robust
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across sites. Pine invasions should be managed before they reach an advanced stage
where positive feedbacks between fire and pine invasion could lead to dramatic increases

in invasion rate.

Introduction

Plant invasions that have the capacity to alter fire regimes and create positive
feedbacks with fire have the potential to cause significant impacts on native ecosystems
(Brooks et al. 2004; Gaertner et al. 2014; Mack & D'Antonio 1998). Although many
studies have examined how invasive plants alter fire regimes (e.g. Balch et al. 2013;
Pauchard et al. 2008; Rossiter et al. 2003; van Wilgen & Richardson 1985), few have
integrated information on invasion-fire feedbacks to study the effects of these complex
interactions on invasion extent. We developed a spatially explicit invasion simulation
model to determine the potential role of Pinus contorta-fire feedbacks in promoting
invasions in the Southern Hemisphere. This type of integrated simulation model is
necessary to determine how fire across a landscape will alter invader population
dynamics and determine the consequent impacts on native communities (Gaertner et al.
2014). These dynamics will guide and influence post-fire management options.

Disturbance is widely believed to increase invasion success for many plant
species by creating an invasion window with increased resource availability (Davis et al.
2000; Johnstone 1986; Sher & Hyatt 1999). For pine species (genus Pinus) introduced to
the Southern Hemisphere, invasion is often correlated with human-caused or natural
disturbances (Richardson & Bond 1991; Richardson et al. 1994). In particular, fire has

been found to promote the invasion of Pinus radiata, P. pinaster, and P. halepensis into
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South African fynbos (Richardson & Cowling 1992) and P. halepensis into the Argentine
Pampas grasslands (Zalba et al. 2008). Additionally, areas dominated by tall shrubs that
are generally resistant to invasion by Pinus contorta (Taylor et al. 2016a) were
significantly more vulnerable after fire (Chapter 4). Other studies suggest that when
disturbance is more likely in invaded than uninvaded areas it may actually decrease the
likelihood of further invasion, due to tradeoffs between increased invader habitat quality
in disturbed areas and disturbance-induced invader mortality (Buckley et al. 2007).
Therefore, it is necessary to consider both the negative and positive effects of disturbance
on invasion when predicting landscape-level changes in invasion as a result of
disturbance. Examining these interactions may be best achieved through simulation
modeling (Higgins et al. 1996). Several invasion simulation models have incorporated
disturbance into their simulations and found that the effects of disturbance on invasion
depends on the vegetation type and the disturbance regime (e.g. Higgins & Richardson
1998; Pausas et al. 2006; Shackelford et al. 2013; Stevens & Beckage 2009). Such
modeling efforts have also shown that including feedbacks between fire and vegetation in
models can lead to abrupt non-linear state changes (Stevens & Beckage 2009).

Invasive pine species introduced to the Southern Hemisphere are thought to create
a positive feedback with fire whereby they alter some aspect of the fire regime which
then promotes their own success over native plants (Veblen et al. 2011). Recent work has
shown that one of the commonly invading pine species, Pinus contorta, alters fuel loads
and structure compared to uninvaded communities and that this likely increases fire

spread and severity (Chapter 4; Cobar-Carranza et al. 2014). The effect of disturbance on
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invasion success varies when the likelihood of disturbance differs between uninvaded and
invaded areas (Buckley et al. 2007), as is the case for P. contorta invasions into
previously fuel-limited steppe systems (Paritsis et al. 2013; Veblen et al. 2011). Pinus
contorta experiences high levels of fire-induced mortality (Baker 2009), and it recovers
rapidly following fire in its native range in western North America (e.g. Kemp et al.
2015; Pierce & Taylor 2011; Turner et al. 1997). However, we have found that in the
introduced range, fire only promotes P. contorta establishment when the invasion density
prior to the fire was high (Chapter 4). In other words, a positive feedback between pine
invasions and fire is likely to form above an invasion density threshold (Chapter 4).

Given the potential for P. contorta to alter fire behavior in invaded systems and to
respond differently to fire depending on pre-fire invasion density, it is unknown how fire
will affect invasion success across a site. For example, although fire through a dense
invasion will increase the quality of the seedbed and the rate of pine establishment, it may
also destroy a large part of the invasion seed source. Given the threshold effect we found,
we may expect that fires through a young (low density) invasion would reduce post-fire
invasion rates, whereas fire through an older (high density) invasion would increase the
rates. Additionally, the invasion threshold at which a positive feedback forms with fire
likely depends on the native vegetation. To explore the interactions between P. contorta
invasions and fire we created a spatially explicit invasion-fire simulation model. This
study aims to answer two questions through simulations with the invasion-fire model.
First, will fire through an invaded system promote further invasion and does this depend

on the age of the invasion when it burns? Second, will changes in the invasion density
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threshold that results in increased post-fire P. contorta establishment alter invasion
density and extent?

We hypothesized that fire early in an invasion would reduce P. contorta occupied
cells (invasion extent) and mean densities by killing invading trees but not promoting
high post-fire establishment rates (due to low pre-fire invasion densities). We expected
that fire through older invasions (>10 years) would result in higher invasion densities, but

reduced spatial extent in the short term.

Methods

Simulation Model

We created a spatially explicit cellular automata simulation model in the
modeling environment Netlogo (Wilensky 1999) based on the general tree invasion
model created by Caplat et al. (2014; Fig. 5.1). We adapted the tree dynamics of the
Caplat et al. model so that the demographic and dispersal characteristics matched
observations for P. contorta (Table 5.1). We also added fire to the model as described
below (Table 5.2). The model simulates a well-studied site in Coyhaique Alto, Chile
(CA) (Langdon et al. 2010; Taylor et al. 2016a) that has dimensions of 1800 m by 1430

m, divided into 10 m x 10 m cells. Simulations ran for 35 years.

Tree Dynamics. The model is composed of a grid where each cell is a cellular-

automaton and population dynamics occur within the cell. Each cell was assigned a
vegetation type (grass, Nothofagus antarctica, or P. contorta plantation) based on a map

previously created at CA (Langdon et al. 2010; Taylor et al. 2016a). The plantation
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started with 15 three-year-old P. contorta per cell. Cells outside of the plantation
contained no P. contorta at time zero. At each time step (annual) we calculated the
number of trees in each individual age class, from the seedbank through 9 years old,
within each cell (10 m x 10 m; see Table 5.1 for all demographic parameters and their
sources). Once trees reached the age of 10 years, they were added to the adult stage class
and the total number of adults was tracked. Demographic parameters driving population
dynamics were derived from emergence experiments (Langdon 2011), 5 years of
monitoring all P. contorta individuals in 3 hectares at the Coyhaique Alto site (Pauchard,
unpublished), and a large observational data set from the site (Taylor et al. 2016a).
Emergence was lowered by 90% in cells in which N. antarctica was present, based on the
extremely low levels of invasion observed in this vegetation type despite its proximity to
the plantation (Taylor et al. 2016a). Emergence and survival were also subject to density
dependence based on our data and supported by the lack of P. contorta regeneration seen
beneath P. contorta canopies elsewhere in the introduced range (Howell & McAlpine
2016).

Seed production was calculated separately for adult trees (age 10 and older) and
for trees between the ages of 5 and 9 (hereafter subadults) based on field observations
(Table 5.1). Seed production was determined separately for each cell by drawing a
random number of cones per tree from the measured distribution at the Coyhaique Alto
site (Taylor et al. 2016a) and multiplying by 20 seeds per cone (Taylor unpublished data).

For subadults, it was first determined if they were reproductive in a given year or not,
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based on the proportion of subadults that contained cones in each sampling year at CA;

then, the number of cones per tree was drawn from the sampled distribution for subadults.
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Figure 5.1. Diagram of the model flow. Abbreviations explained in Tables 5.1 and 5.2,
except n(adults) which signifies the number of adults in a cell. This variable affects
establishment and survival at some stages through density dependence.

Seeds were dispersed from a cell based on two exponential functions, one for
normal dispersal and one for long distance dispersal. Each seed had a probability P pp of

being dispersed by the long distance dispersal function. The majority of seeds were

dispersed within 100 meters of the parent tree (Ledgard 2001). We included a separate
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function for long distance dispersal in the model because long distance dispersal of up to
40 kilometers has been found for P. contorta (Ledgard 2001), a simple exponential model
does not capture this long distance dispersal (Nathan & Muller-Landau 2000), and long
distance dispersal is important in explaining plant invasions and range expansions
(Higgins & Richardson 1999; Shigesada et al. 1995). CA experiences consistent strong
winds and frequent wind events, suggesting that long distance dispersal is important at
this site. Our dispersal kernel allowed occasional long distance dispersal farther than 1
km, although the majority of our long distance dispersal occurred between 200 and 600 m
from the parent tree. The appropriate parameters for the dispersal functions were
determined with a sensitivity analysis that compared the resulting invasion metrics (mean
invasion density, maximum invasion density, and mean density at different distances
from the plantation edge) to known values sampled at CA. Although we captured mean
densities and densities at each distance fairly well, we were less successful in capturing
the rare long distance events that led to establishment of lone trees farther than 500 m

from the plantation (Table 5.3).
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Table 5.1. Model demographic parameters and their sources.

Parameter Value Description & Source
Plantation 15 Pauchard communication with forestry company
density that owns plantation
Dispersal Alpha = 3.5; Alpha, beta, C are dispersal parameters and pLDD
beta = 0.0035; | is probability of LDD.
C =50; Sensitivity analysis described in methods
pLDD =0.1
pEst 0.01 Probability of establishment
Langdon 2011 experiments at Coyhaique
pEst in NOAN | 0.1*pEst pEst in N. antarctica plots
Taylor et al. 2016a
S12 0.9 Survival year 1 to 2
Pauchard unpublished data
S23, Sa4, Sas, 0.97 Survival year 2 to 3 up to survival year 5 to 6
Ss6 Pauchard unpublished data
Se7, S78, S, 0.99 Survival year 6 to 7 up to adult survival
Soa, Saa Pauchard unpublished data
Seedbank 0.2 Ledgard 2004
survival
Seed predation | 0.03 Taylor unpublished data
Adult cones Mean: 38; Adult cones produced mean and standard deviation
produced sd: 20 Taylor et al. 2016a
Prepro 0.28 Probability a subadult has cones in given year
Taylor et al. 2016a
Subadult cones | Mean: 9.5; Subadult cones produced mean and standard
sd: 8 deviation
Taylor et al. 2016a
fa, fsa Cones * 20 Adult and subadult fecundity

Taylor unpublished data

Fire Dynamics. A maximum of one fire per simulation occurred and was started

in the same cell for each simulation. Given our simulation time of 35 years it is unlikely

that more than one fire would burn our study site. Fire spread probabilistically to

surrounding cells (Fig. 5.1) and continued to spread until no new cells were ignited (Perry

et al. 2012; Perry et al. 2015). Therefore, the size of the fires was not fixed but emerged

as a function of fire-vegetation-invasion feedbacks. Probability of spread between cells
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depended on the vegetation type in each cell and was based on the literature for native
vegetation (Nothofagus antarctica and steppe; Paritsis et al. 2013) and prior
measurements of fuel loads and bareground with different levels of P. contorta invasion
at CA for invaded cells (Table 5.2; Chapter 4). We did not include the effects of
topography or wind on fire spread. Given the flat nature of our study site, we do not
expect that excluding topography greatly influenced fire spread, however the lack of
wind effects in the model could result in smaller fires than might naturally occur.

All P. contorta individuals were killed in burned cells (Baker 2009). After fire,
the probability of P. contorta establishment increased in N. antarctica cells to match the
level in the steppe for five years (Burns 1993). Pinus contorta generally establishes well
post-fire in its native range (e.g. Turner et al. 1997; Kemp et al. 2015), even where it is
not serontinous (e.g. Pierce & Taylor 2011). However, a steppe site in Northern
Patagonia showed high post-fire densities only in plots with older, dense pre-fire
invasions (Chapter 4). Based on these observations that (1) native vegetation seemed to
recover and become dominant where pre-fire densities of P. contorta were low, and (2)
invasion was enhanced when pre-fire pine densities were high, we increased post-fire P.
contorta establishment in model cells that had a pre-fire invasion density of subadult and
adult P contorta greater than a threshold value (Chapter 4). We found that 10 trees per
100 m? was a threshold density at a site in Northern Patagonia (Chapter 4) but we vary
the value in the model simulations as described below. The elevated establishment rate in
the model, based on pre- and post-fire densities in a steppe site in Northern Patagonia

(Chapter 4), persisted for three years post-fire. We also reduced the seedbank by 50% in
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model cells with maximum P. contorta age of >= 15 years based on modeled soil

temperatures during fire in different age invasions (Chapter 4) and the known

temperature tolerances of P. contorta seeds (Knapp & Anderson 1980).

Table 5.2. Fire-related model parameters and their sources.

density threshold

Parameter Value Description & Source

Invasion density threshold | 5, 10, 15 Pre-fire density above which
P. contorta establishment is
increased post-fire for 3 years.
Chapter 4

Post-fire establishment in | 0.043 for 3 years post- Chapter 4

plots above invasion fire

Post-fire establishment in
N. antarctica plots

pEst (0.01) for first 5 yrs
post-fire

Same as steppe plots because
assume that fire reduces shade
and increases resources so
better for P. contorta
establishment

P. contorta

oldest tree > 10 years
spread prob. = 0.8
Otherwise = spread in
that vegetation type
(steppe or N. antarctica)

Seedbank (sb) response to | Sb=sb*0.5 if Chapter 4

fire maxage>15 Knapp & Anderson 1980
Sb=sb otherwise

Probability fire spread in | If density > 40 or Chapter 4

Probability fire spread in
N. antarctica

0.61

Paritsis et al. 2013

steppe

Probability fire spread in | 0.71 Higher probably of burning

N. antarctica with steppe due to drying effect of edge
neighbors with steppe

Probability fire spread in | 0.71 Higher probably of burning

N. antarctica with P. when next to mature lodgepole
contorta neighbors older because their crowns will

than 10 years likely be burning

Probability fire spread in | 0.3 Paritsis et al 2013

Chapter 4
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Model Scenarios and Statistical Analysis

To test the effects of fire at different stages of invasion on invasion density and
spread, we ran simulations with a single fire ignition for each simulation at five-year
intervals (no fire, fire in year 5, year 10, year 15, and year 20). We crossed this fire year
treatment with an invasion threshold treatment. We estimated the invasion threshold that
increased rates of post-fire P. contorta establishment was 10 trees per 100 m? at a shrub
steppe site in Argentinian Patagonia (Chapter 4). We assessed the effect of changing the
P. contorta density threshold on invasion density and extent by including simulations
with the invasion threshold set at 5, 10, or 15 trees per 100 m?. We included an invasion
threshold treatment because we expect that this threshold may vary by site. Adjusting fire
year and invasion threshold left us with a total of 15 treatment combinations (5 fire year
levels x 3 threshold levels). We ran simulations for 35 years with 100 replicates for each
treatment combination (1,500 model runs). We recorded outputs at the end of 35
simulation years for each scenario. Model output included number of burned cells,
number of pine-occupied cells, mean pine density in pine-occupied cells, maximum pine
density, and maximum distance from the plantation to an invaded cell.

To better explain patterns that emerged from the initial model runs, we also ran
the model with each fire year and threshold treatment combination for 35 years and
obtained output for each year so that we could determine changes in pine density and
number of cells occupied by pine over time. This process was replicated 12 times for

each treatment combination.
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Model output was analyzed in R (R Core Team 2015) with generalized linear
models with fire year and pre-fire invasion density threshold as the explanatory variables
and the output as the response. Where necessary (e.g., for number of pine-occupied cells,
maximum pine density), a Poisson error distribution fit with quasi-likelihood was used
for the models. To examine trends over time we used generalized additive mixed models
to model mean and maximum pine density, pine-occupied cells and maximum distance
from a plantation as a function of the threshold value and the interaction between year
and fire year, with model simulation (run) as a random effect. When necessary (e.g., for
number of pine-occupied cells, maximum pine density) we used a Poisson error
distribution.
Table 5.3. Observed and simulated (30 runs, no fire) pine invasion metrics for the

Coyhaique Alto site. For the simulation the mean and the standard deviation (SD) from
the 30 runs for each invasion metric is shown.

Observed Observed Simulation

2012 2014  Mean SD
Plantation age 24 26 26 -
Mean density of pine-occupied cells 10.15 11 1286 0.10
Mean adult pine density in cells with adults - 5 488 0.08
Farthest invaded cell (m from plantation) 901 901 459.02 18.83
Mean density in Nothofagus cells occupied
by at least one P. contorta 1.6 2 2.24 0.22
Maximum P. contorta density 83 67 3643 1.68
Mean pine density occupied plots 0-100 m 28.05 19.88 2229 0.15
Mean pine density occupied plots 100-200 m 16.57 25.24 10.79 0.13
Mean pine density occupied plots 200-300 m 4.09 5.9 713 052
Mean pine density occupied plots 300-400 m 3.58 4 4.02 0.45

Mean pine density occupied plots 400-500 m 1.75 2.77 131 0.24
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Results
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Figure 5.2. Frequency of fire size (number of burned cells) by fire year during P. contorta
simulated invasion.

Fires that burned in simulation year 5 remained small (<2000 cells; Fig. 5.2) due
to the low fuel loads associated with low density pine invasions. Fires in year 10 or 15
had a trimodal distribution with some fires remaining extremely small, while others

entered the pine plantation and/or flammable Nothofagus antarctica stands and grew
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large (>2000 cells; Fig. 5.2). All fires in year 20 became much larger (>4000 cells) than
the fires in year 5 (Fig. 5.2) due to the presence of large, connected areas of fuel resulting
from the high-density of P. contorta.

Effect of Fire Year and Invasion
Density Threshold on Invasion

Overall, the fire year caused significant differences in P. contorta invasion
response metrics (Fig. 5.3). In general, fires that occurred late in invasion had the most
impact on invasion metrics, causing increases in pine occupancy, maximum pine density,
and distance from plantation. Contrary to our expectations, invasion parameters did not
decline compared to unburned simulations when fire burned early in the invasion (fire
year 5; Fig. 5.3); fuels were insufficient to carry the fire (Fig. 5.2) and small fires had
little effect on P. contorta mortality. Differences in the pre-fire invasion density threshold
that resulted in increased P. contorta establishment post-fire were less important than fire
year in explaining invasion density and extent.

Specifically, fire year, threshold, and their interaction were significant predictors
of pine-occupied cells (¥ = 1656.14, df = 4, P<0.001; y? = 39.8, df = 2, P<0.001; and y2 =
54.49, df = 8, P<0.001 respectively), mean pine density of pine-occupied cells (F4 1485 =
1307.3, P<0.001; F2,1485 = 320.6, P<0.001; and Fsg 1485 = 276.9, P<0.001 respectively), and
maximum distance of a pine-occupied cell from the plantation (Fs,1485 = 362.2, P<0.001,;
F2,1485 = 16.4, P<0.001; and Fs 1485 = 7.1, P<0.001 respectively) after 35 simulation years
(Fig. 5.3). While the number of pine-occupied cells and maximum distance from

plantation both increased with increasing fire year, mean density declined. Different pre-
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fire invasion density thresholds only resulted in different post-fire invasion rates when the
fire burned at later invasion stages (Fig. 5.3). Maximum pine density increased with
increasing fire year (y® = 24125.8, df = 4, P<0.001; Fig. 5.3), but was not related to
invasion density threshold or the interaction between threshold and fire year (y~= 2.7, df
=2,P =0.25; and ¥= 5.5, df = 8, P = 0.70, respectively). The large variability in
invasion responses for simulations with fires in year 10 (Fig. 5.3) can be explained by the
size of the fire, with more pine-occupied cells and greater maximum distance from the

plantation in the simulations with larger fires (Fig. D1 in Appendix D).
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Figure 5.3. Simulation results for (A) number of P. contorta occupied cells; (B) mean
pine density in occupied cells; (C) maximum pine density; and (D) maximum distance of
a pine-invaded cell from the plantation plotted for cells that did not burn (None) and
burned in years, 5, 10, 15, and 20. Number of pine-occupied cells and their densities
exclude cells in the plantation. Colors show three different threshold densities for P.
contorta (number of trees per cell) prior to fire. Exceeding these threshold densities was
required to increase in P. contorta establishment post-fire.
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Trends Over Time

The trends over time for all responses (pine-occupied cells, mean pine density,
maximum pine density, and maximum distance to plantation) differed between the
unburned simulations and those burned in years 10, 15, and 20 (P<0.001 for all
comparisons); however, trends over time did not differ between unburned and burned in
year 5 (P>0.05 for all responses; Fig. 5.4). Mean pine density was the only response
variable where the invasion density threshold was significant: lower mean densities
occurred in simulations with a threshold of 15 than in those with a threshold of 5

(P<0.001).
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Figure 5.4. Time series show changes in plot parameters of the course of the model
simulation: (A) Change in P. contorta occupied cells; (B) mean density of pine-occupied
cells: (C) maximum pine density; and (D) maximum distance of an invaded cell from the
plantation over simulation time. Smooth lines are predicted trends from the GAMM
model. There was no statistical difference in the relationship between year and occupied
cells for the unburned and fire year 5 simulations so only one line is shown (black).
Colored lines and points represent simulations burned in year 10 (blue), 15 (yellow), and
20 (green). Note that the line for fire year 10 does not appear to match the data because
some points from fire year 10 simulations are hidden behind other points and represent
the simulations where fires remained small.
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In all treatment combinations, the number of pine-occupied cells jumped
significantly in year 8 when the plantation trees matured and increased seed production
(Fig. 5.4). The unburned and fire year 5 simulations indicated that pine-occupied cells
and maximum distance to plantation increased steadily after year 8. With fires in years
10, 15 and 20, pine-occupied cells briefly declined the year following fire (Fig. 5.4). In
simulations with fire in years 10 and 15, some runs showed that the fire grew large
whereas in others fire size remained small. In runs where the number of burned cells was
large, a large jump in pine-occupied cells and maximum distance to plantation occurred
as soon as the post-fire cohort became mature and started dispersing seeds (Fig. 5.4). All
fires burned in year 20 became large, due to more continuous pine fuels, and the number
of pine- occupied cells and the maximum distance to plantation increased when the post-
fire cohort matured (Fig. 5.4). In all cases, in the years the number of pine-occupied cells
and maximum distance to plantation increased, mean density declined due to lower
densities in the front of the invasion wave. Maximum densities peaked at simulation year
17 for the unburned and the fire year 5 simulations. For the other simulations (fire years
10, 15 and 20) the maximum density peaked 11 years after fire (Fig. 5.4) before declining

due to the density-dependent feedback on establishment included in the model.

Discussion

To best understand the ecology of plant invasions and predict unexpected
outcomes, it is necessary to integrate information on disturbance, the local environment,
invasive plant traits, and demography (Buckley et al. 2007; Higgins & Richardson 1998;

Stevens & Beckage 2009). The model developed in this study is unique in that it
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combined a mechanistic explanation for feedbacks (altered fuel loads and fire spread)
with a population model (Gaertner et al. 2014) to examine the complexity and potential
for non-intuitive outcomes resulting from the interaction between fire and pine invasions.
Although fire was not necessary to initiate a P. contorta invasion, simulated fire through
invasions that were at least 10 years old increased the spatial extent of pine and its
maximum invasion density.

The age of the invasion when the fire occurred proved to be an important
parameter, because it affected both the size of the fire and the ability of P. contorta to
recruit successfully post-fire. The model suggests that the probability of an ignition
becoming a large fire increases greatly in older invasions compared with uninvaded
steppe sites. Empirical studies show that steppe vegetation is generally fuel limited
(Paritsis et al. 2013; Chapter 4), and pine invasions increase the fuel loads and result in
more continuous fire spread (Chapter 4). Once fuel levels are sufficient for fire to spread,
the pine invasion is generally above the density threshold necessary to cause an increase
in P. contorta establishment post-fire. This interaction sets up a positive feedback: older,
dense invasions promote larger fires which in turn promote denser post-fire invasions that
eventually spread more rapidly than invasions in unburned simulations. A similar positive
feedback between flammable native shrubs and fire occurs in Patagonia (Mermoz et al.
2005), and increasing fire could promote further shifts from fire-sensitive Nothofagus
pumilio forests to fire-prone shrublands ( Kitzberger et al. 2012; Paritsis et al. 2015).
Flammable pine plantations, which are often located on the forest-steppe ecotone, and

pine invasions, exacerbate this positive fire feedback and further contribute to losses of
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fire sensitive Nothofagus species. The situation is particularly acute when plantations are
placed adjacent to the fire-sensitive Nothofagus pumilio forest, as occurs frequently in the
Chilean Aysén Region.

When disturbance is more likely in invaded areas than in uninvaded areas it was
predicted that disturbance would decrease invasion rates (Buckley et al. 2007). In
contrast, even though fires spread more readily through invaded than uninvaded areas in
our simulations, fire increased invasion rates. We attribute this finding to several factors.
First, the inherently patchy nature of fires ensures that some mature seed trees survive
fires and promote recolonization of the burned area (Pierce & Taylor 2011). Second, P.
contorta seeds can withstand high temperatures in the soil (Cobar-Carranza et al. 2015;
Knapp & Anderson 1980), and these temperatures generally exceed modeled soil
temperatures in fire simulations that are based on fuel loads recorded at four sites with P.
contorta invasions (Chapter 4). For that reason, rapid regeneration of pine could come
from an in-situ post-fire seedbank. Third, P. contorta reproduces at a young age,
particularly in its introduced range (Taylor et al. 2016a). We found that invasion was
only slowed for 5 years post-fire until a new cohort became reproductive. The post-fire
cohort was denser than invasions in unburned simulations, allowing the invasion to
proceed more quickly than in the unburned simulations. In our model experiment, the
benefits of disturbance for establishment rates outweighed the negative effects of
disturbance on tree survival.

It has long been known that fire and other disturbances promote pine invasions

(Richardson & Bond 1991; Richardson & Higgins 1998); however, it has also been
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recognized that the effects of disturbance are context specific. In the case of invasive
species, disturbance must be understood in light of the native vegetation and disturbance
regime as well as the plant traits of the invader (Higgins & Richardson 1998). We suggest
that P. contorta invasion will be promoted by fire across much of the world, based on
several factors: first, the pre-fire invasion pine density (threshold) necessary to promote
establishment of pine after a fire only altered some response variables when fire burned
in year 20. Thus, even if critical levels of pine density varies by site, the response of pine
invasion after fire will not show significant variation.

Second, our intermediate threshold level (1000 trees/ha) was estimated from a site
with fire-adapted species that readily resprout after fire (Nufiez & Raffaele 2007). We
would expect the threshold to be even lower in sites with less fire-adapted vegetation
(e.g., New Zealand, Perry et al. 2014) because reduced recovery of native vegetation after
fire would decrease competition with pine seedlings. Additionally, sites with less fire-
adapted vegetation are also particularly vulnerable to human-induced changes in fire
regimes (Perry et al. 2014; Whitlock et al. 2015).

Third, P. contorta growth is slower at CA than at other sites in Argentina and
New Zealand where P. contorta is also currently invading (Taylor et al. 2016a). Thus fuel
accumulation with invasion is more rapid in these other sites suggesting that a positive
feedback could form sooner.

Fourth, P. contorta individuals also have higher fecundity at a younger age at
other sites in Argentina and New Zealand than at CA (Taylor et al. 2016a). Therefore, the

post-fire cohort of pine will become reproductive sooner and produce more seeds,
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promoting an even larger increase in post-fire invasion spread rates. However, our study
site in CA was relatively homogenous in terms of suitable habitat for P. contorta but in
sites with more heterogeneous habitat, spread rates will depend on other factors,
including density dependence (Pachepsky & Levine 2011) and background habitat
suitability variation.

The trends seen in pine-occupied cells and their density over time (Fig. 5.4)
explained several patterns seen in the snapshot results from year 35 (Fig. 5.3). Mean
density declined when the number of pine- occupied cells increased due to an increase in
low-density cells at the invasion front. Density dependence caused the overall mean
density to remain fairly constant between fire year treatments, after an initial brief
increase in mean pine density post-fire in the later year burns. However, the maximum
density was significantly higher in simulations with large fires. High maximum pine
densities will likely result in strong declines in native plant density and richness, which
are both negatively correlated with P. contorta cover (Taylor et al. 2016b). Therefore,
synergies between disturbance and invasion may accelerate impacts due to P. contorta
invasion on native ecosystems.

Our modeling experiments indicate that high maximum densities of P. contorta
after fire abruptly increased the number of pine-occupied cells and the maximum distance
of invasion from plantations. This stepwise invasion process with rapid and nonlinear
increases in spread rates contrasts with unburned and small fire (fire year 5 and some fire
year 10) simulations where the increase in occupied cells was linear after the initial jump

in year 8 (Fig. 5.4). Other studies have also found that feedbacks between tree invasions
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and fire led to nonlinear behavior (Stevens & Beckage 2009) and thus rapid increases in
tree invasions may be expected in other systems that also have feedbacks between
invasion and fire.

Our results highlight the necessity of managing pine invasions before they reach
an advanced stage where positive feedbacks between fire and pine invasion could lead to
dramatic increases in invasion rate. The increasing density and extent of post-fire pine
will exacerbate non-fire driven invasion impacts, such as declines in native biodiversity
(Ledgard & Paul 2008; Pawson et al. 2010; Taylor et al. 2016b), changes in soil
microbial communities and nutrient cycling (Dehlin et al. 2008; Dickie et al. 2011, 2014),
and altered hydrological regimes (Farley et al. 2005; Fernandez et al. 2009). Pine
plantations in Patagonia became widespread beginning in the 1970s, while pine
plantations were already widespread by that point in South Africa, Australia, and New
Zealand (Simberloff et al. 2010). Therefore, many pine invasions across the Southern
Hemisphere are likely at the stage where fire will promote invasion. Fires in the study
region, and other parts of the Southern Hemisphere with introduced pines (South Africa,
southeast Australia, and New Zealand), are predicted to increase in the future given
climate trends and changes in land use (Holz & Veblen 2011; Moritz et al. 2012; Veblen
et al. 2011; Veblen et al. 2008). Large fires in pine plantations in the study region (near
Coyhaique, Chile in 2016) and in other regions invaded by P. contorta (Craigieburn, New
Zealand 2015) occurred during recent warmer-than-average summers, which underpins
the need to seriously consider the potential impact of wildfires on pine plantations and

invasions. While fire is not necessary to promote pine invasions, it could certainly
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increase the invasion rate and further complicate management efforts going into the

future.
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CHAPTER 6

CONCLUSION

In this conclusion I will first summarize the contribution that this work has made
towards the study of context dependence and feedbacks and regime shifts in biological
invasions. | will then suggest several avenues for continued study on the topic of pine
invasions. Finally, I will discuss the management implications derived from the results of

this dissertation.

Context Dependence

A major conclusion from this dissertation is that invasion age and local biotic
context are important in explaining differences between invasion patterns and impacts
across regions. Our studies focused on first understanding the context dependence of the
invasion — where will P. contorta invade or not invade and are there invasion patterns
that can we generalize? We then examined the context dependence of impacts. For
example, while P. contorta will invade into both steppe and Araucaria forest, are the
invasion impacts consistent across ecosystem types and biogeographic regions?

Our results suggest that steppe and grassland vegetation is most at risk of 1) being
heavily invaded, 2) experiencing declines in native plant richness and cover, and 3)
having increased fuel loads that could alter fire behavior and effects and post-fire
recovery, even in fire-adapted sites. Therefore our results support the idea that novel life
forms can most easily invade and have impacts in areas where that life form did not

dominate previously (i.e. tree in a grass/shrubland; Levine et al. 2003). The consistency
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of invasion and impacts across steppe- and grass-dominated sites on different continents
suggests that pines invading into steppe ecosystems may constitute an “invasion
syndrome” (Kueffer et al. 2013). In other words, we are likely to see significant levels of
invasion and impacts in similar settings on other continents.

Even where trees are not a novel life form, we still observed significant pine
invasion in some systems. Nothofagus forests experienced drastically different patterns of
pine invasion than Araucaria araucana forests. Little to no invasion was observed in
Nothofagus forests in South America and New Zealand, and impacts on plant
communities in Nothofagus forests were limited due to P. contorta’s inability to invade
this forest type. In contrast, invasion densities in the Araucaria forest were high.
Although plantations in Araucaria forest were older than at many of the steppe sites,
distance to initial plantation was still the most important factor explaining invasion
density at this site. Thus, pine seed dispersal may be slower in Araucaria forest,
potentially due to reduced wind flow through the canopy compared with the treeless sites,
resulting in very high pine densities close to plantations but overall a rapid decline in
density with increasing distance from the source. This situation contrasts markedly with
other invasions of the same age in open habitats where high pine densities were found at
great distances from the plantations. Additionally, although the Araucaria forest was
readily invaded, the impacts on native understory communities were less apparent than in
steppe environments. Therefore, a gradient of sites could be prioritized for management

based on the potential for and consequences of pine invasion in different plant
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communities. Although, the protected status of Araucaria araucana as an iconic and
culturally important species in Chile may warrant more concern across its range.

Overall, the composition of the native vegetation community was enormously
important in determining the patterns and extent of P. contorta invasion, as well as the
strength of the impacts. Understanding the specific biological context is important in
assessing the potential for invasions and invasion impacts. Although previous work has
focused on the importance of propagule pressure in invasion success (Lockwood et al.
2005; Simberloff 2009), we found that propagule pressure does not always overwhelm
other factors and that the biotic context can determine the extent of invasion even in areas
with high propagule pressure.

In addition to context dependence based on native biotic communities, we also
found context dependence based on the stage of invasion (Kueffer et al. 2013).
Theoharides and Duke (2007) suggested that the failure of many studies to find a
consistent suite of factors promoting invasion success was due to the fact that most
studies compare invasions at different stages. Our results support this assertion because
we found that early in pine invasion, propagule pressure dominated as a primary factor
determining invasion density. In later stages of invasion, patterns of pine density were
largely described by native vegetation patterns. Thus, our conclusions support the
theoretical model proposed by Dietz and Edwards (2006) that drivers of invasion change
over time and that habitat factors such as native vegetation become more important than

propagule pressure at later invasion stages.
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Detailed observational studies, such as ours, that elucidate specific patterns are
necessary to further our understanding of invasion biology and develop targeted
hypotheses. Without field observations, it is not possible to know which experiments will
elucidate the mechanisms and processes governing invasion. For example, experiments
now should focus on the differences in invasion level between areas dominated by
Auracaria araucana and Nothofagus forests. One hypothesis for the difference between
the two forest types is that competition between Nothofagus specific and Pinus specific
ectomycorrhizae may limit P. contorta establishment in Nothofagus forests even when
sufficient bareground and sunlight (open niche) is available. A. araucana does not form
associations with ectomycorrhizae (Diehl & Fontenla 2010) leaving a vacant niche for
Pinus specific ectomycorrhizae and consequently this forest type is susceptible to
invasion. The large spatial and long time scales of tree invasions make observational
studies imperative given the likelihood that small-scale, short-term experiments will miss
important processes governing these invasions (Sagarin & Pauchard 2012). Observational
approaches make ecological theories more valuable by validating them with real data
(Sagarin & Pauchard 2012), as seen by comparison of our results to those predicted by

various theoretical invasion frameworks.

Feedbacks & Regime Shifts

Our investigation has made a significant contribution to the study of regime shifts
and invasive plant-fire feedbacks because few studies have examined the specific
mechanisms that cause positive feedbacks between woody invasions and fire (Gaertner et

al. 2014; Stevens & Beckage 2009). Furthermore, by identifying the invasion threshold
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above which a positive feedback between P. contorta and fire is likely, we provide a
quantitative examination of actual thresholds in the field, which is relatively rare. In our
study, post-fire P. contorta density increased rapidly when pre-fire plots had pine
densities above the invasion threshold and plant community composition shifted
dramatically, rather than gradually, once the invasion threshold was crossed.
Additionally, at certain sites fuel loads were low until a certain invasion age was reached
and then they increased dramatically, suggesting a mechanism for the post-fire P.
contorta density threshold. Once invasions cross a density or age threshold, high fuel
loads increase fire severity, decreasing post-fire native plant recovery. The result is
dense P. contorta invasion. Although changes in fuel loads and fire behavior due to plant
invasions have been well studied (Brooks et al. 2004; Mandle et al. 2011), our project
took the next step of examining the how feedbacks between fire and invasion alter
invasion rates over time. To our knowledge this topic has only been addressed in one
other study (Stevens & Beckage 2009). Our simulation model showed that the increase in
P. contorta establishment after fire outweighed the fire-induced P. contorta mortality,
and the high density in post-fire cohorts resulted in faster P. contorta spread across the

landscape.

Future Questions

This dissertation raises further questions regarding the patterns of invasion. For
example, we found significant correlations between climate and invasion density;
however, this issue needs to be more closely examined to determine the relative role of

climate in shaping spatial patterns of pine invasion. Additionally, it would be interesting
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to compare the climate niche in the introduced range with that in the native range to
determine if climate variability influences rates of pine invasion in the same way in
different settings. This information may help predict other areas where invasions would
be likely. It would also be interesting to compare the suite of past climate conditions that
governed the expansion of P. contorta in the early Holocene with current climate
conditions (Iglesias et al., 2015) with those that support P. contorta spread in its
introduced range. In this context, it is important to separate those climate drivers
responsible for invasion success (establishment and spread) from non-climatic factors to
better predict how changing climate may alter pine invasion success in the future. To
address these types of climate questions, we would need climate data as well as pine
invasion densities and spread rates adjacent to a range of plantations, including those
experiencing no pine invasion, to gain a broader understanding of the climate dimensions
that govern invasion.

An important question for the future is how the genetic background of the source
populations affects spread rates and adaptation to different abiotic conditions. In other
types of pine invasions, certain genotypes have been found to be more invasive than
others depending on the climate setting (Zenni et al. 2014). Similar genetic patterns may
exist for P. contorta and understanding these could help explain variability in invasion
success across sites. Additionally, linking certain genes to physiological traits that make
the pines more invasive in certain settings would be a powerful way to connect processes

leading to invasion across scales (genes to landscape).
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Another issue that we did not thoroughly address is the importance of soil abiotic
and biotic characteristics in mediating invasion success. Studies have described
mycorrhizae or soil feedbacks in pine invasions (Gundale et al. 2014; Hayward et al.
2015; Nuiiez et al. 2009), but the importance of mycorrhizae, soil pathogens, soil
nutrients or physical properties relative to vegetation type, propagule pressure and
climate in explaining pine invasion success is unknown. Furthermore, the interactions
between Nothofagus and Pinus specific ectomycorrhizae (Dickie et al. 2010) and the
consequent potential for driving pine invasions should be explored.

While we found strong resistance of certain native vegetation types to pine
invasion, it would be interesting to use experimental approaches to determine what level
of propagule pressure or disturbance is necessary to overcome biotic resistance. Such
studies could influence management decision making by helping prioritize areas for
monitoring that are not currently invaded but could become invaded at higher levels of
propagule pressure.

Future studies on the impacts of pine invasions should focus on the mechanisms
explaining the decline in species richness and cover that we observed with increasing
pine cover and how these mechanisms shift in importance among ecosystem types or
native species. For example, experiments to determine the relative importance of shade
versus increased litter could be conducted. Furthermore, biogeochemical studies of
changes in soil nutrient cycling beneath invading pine stands could determine if a shift in
litter composition has cascading impacts on belowground communities in Patagonia, as

found in New Zealand (Dehlin et al. 2008; Dickie et al. 2014; Dickie et al. 2011).
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Furthermore, indirect impacts of an invader, such as changes in fire frequency, deserves
more study. Future studies on the impacts of pines on fire regimes should examine trends
of fire severity and spread in areas of pine invasion or plantations relative to uninvaded
areas. Understanding the extent to which the natural disturbance regime has been altered
is especially important because pine plantations are often located next to fire-sensitive
Nothofagus forest in New Zealand and Patagonia. If the presence of pine results in more
burning of native forests, this could have significant implication for conservation efforts
to protect native biodiversity. Fire is already increasing in these regions as a result of
climate changes and increased human ignitions (Holz & Veblen 2011; Veblen et al.
2011).

A final direction of study would be to build on the information that we gained on
trends and patterns of invasion for P. contorta and how that compares with those of other
introduced tree species. Understanding how P. contorta invasions are similar or different
to other tree invasions could help to better comprehend the most important processes in
tree invasions. An important applied question that remains unanswered is, why is P.
ponderosa not invading as rapidly as P. contorta in the Southern Hemisphere and might
it become invasive in the future? This is an extremely important question given the land

area currently being planted into P. ponderosa plantations throughout Patagonia.

Management Implications

Identifying a threshold response in pine invasions has practical implications,
because it suggests that pine invasions should be managed before they reach a tree

density where significant impacts on fire behavior and a reduction of native plant species
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diversity are likely to occur. We found that pine invasions with densities above the
threshold (1,000 trees/ha) can have transformative impacts on several aspects of the
invaded ecosystems (fire risk, biodiversity). Once a threshold is crossed it will likely be
more difficult to restore native ecosystems due to the loss of species richness and native
plant cover. In addition, the risk of a positive feedback with fire, in which pines promote
larger and more severe fires and then dominate the post-fire community, becomes more
likely. A similar situation has been observed with Pinus halepensis invasions in
Argentina, where areas where young pine were manually cleared were able to return to a
plant species composition that was similar to adjacent uninvaded areas (Cuevas & Zalba
2010. Areas where older pines were cleared maintained an altered species composition
(Cuevas & Zalba 2010). Similar legacy effects after the removal of pines have also been
observed in New Zealand where after older invasions were removed the plant community
did not return to the pre-invasion state but instead was dominated by exotic herbaceous
species (Dickie et al. 2014). Our results identify an invasion threshold that results in
altered species composition, even without fire. In our study systems, pine management
once this threshold has been crossed may not result in a return to pre-invasion native
communities. Therefore, in terms of maintaining biodiversity and managing fire risk, it is
important to maintain P. contorta, and probably other invasive pine species, at low
densities. As scientists, it is our natural inclination to proceed with caution, highlight
uncertainty, and weigh the benefits and costs of management. However, pine invasions
can and likely will transform steppe and grassland ecosystems (Chapters 2-4) and we

should try to manage them as soon as possible.
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Pine invasions present one of the largest invasive plant management problems in
the world, in terms of the transformative nature of these invasions particularly into non-
forest habitats and the costs associated with management (Le Maitre et al. 2002; Ledgard
2001; Marais et al. 2004; van Wilgen & Richardson 2014). Observed pine invasions in
New Zealand and South Africa suggest that managers in Patagonia should act now to
prevent major invasion and species diversity loss (Richardson et al. 2008; Simberloff et
al. 2010). Costs to remove invasive trees increases sharply with increasing invasion
densities (Ledgard 2001; Marais et al. 2004). Other analyses have also suggested that the
expense of early control efforts will greatly reduce future management costs and increase
the likelihood of success over the long term (Stephens 2004). In New Zealand, the
advanced stage of the pine invasions leaves few management options (Ledgard 2004)
beyond the use of potent herbicide mixes (e.g. “Lucifer” and “Armageddon”) and
physical removal (Fig. 6.1). The barren clearcuts that result from removal are rapidly
recolonized by P. contorta (Ledgard 2001), which only exacerbates the problem. An
obvious way to prevent this recolonization is to remove the source plantations for the
most invasive species (i.e. P. contorta) now (Ledgard 2001; van Wilgen & Richardson
2012, 2014). Once the source populations have been removed, managing invading adult
trees may have a significant impact. More urgent management effort may be particularly
desirable in places such as Bariloche, Argentina that are experiencing growing outdoor
recreation and exurban development in places with increased human-ignited fires (Veblen
et al. 2011). If management is undertaken now to prevent invasions from reaching the

threshold density, then perhaps invasion can be slowed. For the moment Pinus ponderosa
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appears to be less invasive and could be a good substitute forest industry species
following removal of the P. contorta plantations. P. ponderosa plantation edges would
need to be monitored in case a budding invasion is currently in the lag phase. Pinus
ponderosa plantations have also been found to promote soil conditions that are more
similar to native Patagonian forests than P. contorta plantations (Fajardo & Gundale
2015) suggesting that there may be better restoration potential or opportunities for native

plants to establish in the understory in P. ponderosa plantations.

Figure 6.1 Photo from Flock Hill Station and Craigieburn Forest Park New Zealand
showing areas invaded by P. contorta and areas where significant management has
occurred to remove the pines. In the foreground the flat areas are dominated by regrowth
of P. contorta after attempted management. The gray area devoid of vegetation in the
center of the photo was a P. contorta plantation that has been removed, but little to no
vegetation recovery has occurred there.

Pines in the Southern Hemisphere have been called “conflict-generating species”
in terms of management because they are both useful and invasive (van Wilgen &

Richardson 2014). Differences in perception among stakeholders can be complicated but
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are necessary to consider in management decision making (Garcia-Llorente et al. 2008;
van Wilgen & Richardson 2014). In New Zealand land owners are usually reluctant to
spend money on invasive conifer control, except in the case of loss of forage land or
neighbor complaints, and occasionally landowners will wait to control the trees on
purpose to try to make money from the timber harvest (although this is not always
profitable; Bowman 2004). A major issue in Patagonia is increasing the recognition that
pine invasions need to be managed (Richardson et al. 2008).

Once it is recognized that some form of management needs to be undertaken, the
major issue becomes determining how to manage and who should pay for management
(Holl & Howarth 2000). Should the land owner, forestry company, national forest
service, park service or local government pay for the removal of pines and is there a way
for the removal to pay for itself? Often the negative effects of invasive pines are
externalized and it is the adjacent landowners, and not the forestry companies, who pay
the price for the impacts (loss of biodiversity, loss of forage, increased fire risk) and
management of invasion (van Wilgen & Richardson 2014). In New Zealand both the
landowner and the owner of the seed source which has created the problem are legally
responsible to pay to remove invading conifers (Bowman 2004). In practice however,
landowners are reluctant (or cannot afford) to pay for management of a problem they did
not create, particularly when the seed source is on government-owned land (Bowman
2004). On the other hand, government funded programs to remove invasive tree species
in both South Africa (van Wilgen et al. 2012) and New Zealand (Burrows, L. personal

communication) have only addressed small areas despite significant spending (Froude
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2011; Harding 2001). Local examples of successful management have occurred in New
Zealand in areas where landowners, local and national government, and other groups
have collaborated to create a management plan, seek funding from all possible sources,
and promote volunteer work pulling conifers on the invasion front (Mid Dome Wilding
Trees Management Group & Mid Dome Wilding Conifer Trust; Bowman 2004). While it
seems logical that commercial use of the invasive trees could help to control invasions,
there are currently no successful examples of this type of program (van Wilgen &
Richardson 2014) and forestry companies doubt the profitability of this type of harvesting
(Dyck 2004).

In addition to determining the best way to pay for management, it is also
important to consider the best management strategy. Management should not be
haphazard. Invasive pine management in New Zealand without a management plan
resulted in a waste of well-intentioned efforts, poor use of limited resources, and
disillusioned stakeholders (Ledgard 2004). Similarly, in Nahuel Huapi National Park in
Argentina, pine management efforts are haphazard and do not identify the most
vulnerable locations (Sample, M. personal communication). Targeted management of
invading populations that are furthest from the source or in areas of high habitat quality
will be the most effective (Caplat et al. 2014). It is important to consider the likelihood of
spread and impacts when deciding if management of pines is necessary. A nation-wide
plan to manage wilding conifers was recently published in New Zealand (New Zealand
MPI 2014). A comprehensive monitoring and management strategy should also be

developed in Patagonia. This type of plan could help identify management objectives and
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strategies in ways to make it most effective, although it remains unclear how to fund this
type of project. It is also unclear if there is consensus among stakeholders (local
residents, forestry companies and government officials) as to whether or not invasive
pines are problematic and if they are, what to do with them. Many social and
management questions remain unanswered and were not addressed by this study, but are
clearly important next steps.

Although New Zealand and Patagonia are different ecologically and culturally,
lessons should still be drawn from New Zealand and elsewhere around the world where
pines have become a growing large management problem (Richardson et al. 2008;
Simberloff et al. 2010; van Wilgen & Richardson 2014). Two of the main lessons from
New Zealand are: 1) where possible pine invasions should be managed at an early stage
to ensure the highest potential for management success (as discussed above), and 2)
management actions should be guided by what is desired on the landscape following pine
removal, rather than just by the objective of killing pines. Planning for desired outcomes
and trying to restore or promote succession of native plant communities may be more
expensive in terms of time and money up front, but it is likely to save both time and
money over the long run, rather than repeating the same management strategy every five
years when P. contorta recolonizes managed areas (Fig. 6.1). We found that certain types
of native vegetation (dense grass, tall shrubs, southern beech forests) are highly resistant
to invasion and therefore it may make sense to invest in longer term solutions that
promote the growth of these invasion resistant plant communities rather than just

repeatedly spraying and cutting trees.
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The question of what type of vegetation is desired where pines are currently
dominant is especially difficult in the South Island of New Zealand and the Aysén Region
of Chile where deforestation resulted from human-caused fires and created anthropogenic
grasslands (McWethy et al. 2010; Quintanilla Pérez 2008). In these areas pines are often
invading into grasslands, dominated by non-native species, that were established and
maintained for grazing by the early European settlers or into native tussock grasslands
that are culturally and economically important (Harding 2001). It is difficult in
restoration projects to justify what time period is the target for restoration (i.e. back 50
years, 100 years, before human occupation, etc.) and instead it has been suggested that
we should move on from the notion that we can return ecosystems to some prior static
state (Hobbs et al. 2011). Human value judgements based on land management goals
need to be made that will determine which types of vegetation are desired in these areas
that are currently dominated by pines. Although these are tough decisions, it is preferable
to recognize the subjective human component of restoration (Higgs 1997) and express
desired outcomes, rather than focusing on killing pines and leaving the end goals
undefined.

The management goal will determine the restoration strategy and potential for
success. Where grazing is the main management goal, restoration may simply involve
cutting trees and then sowing aggressive forage grasses and applying fertilizer, as this is
an effective way to prevent P. contorta seedling establishment (Ledgard 2006). In
situations where the land management goals are more conservation oriented, decisions

need to be made about the desired vegetation type. In some cases, abandoned pine
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plantations or invasions have been colonized by native forest species (Brockerhoff et al.
2003; Howell & McAlpine 2016). In other cases, underplanting of native tree seedlings
resulted in successful establishment, particularly with further management treatments
such as creating canopy gaps (Forbes et al. 2015a; Forbes et al. 2015b). Stem poisoning
P. radiata and leaving the dead trees standing also resulted in significant native species
colonization in the understory, whereas felling and harvesting P. radiata stands led to
recolonization by P. radiata and other exotic species (Paul & Ledgard 2009). Pine
plantations can create soil conditions more suitable for the return of native tree species
than found in the historically burned areas now dominated by grass (Fajardo & Gundale
2015). Many native woody species in New Zealand have difficulty establishing in
competition with pasture species, and Nothofagus solandri var. cliffortioides seedlings
may have lower survival in areas with little shade (Ledgard & Davis 2004; Wiser et al.
1997). In areas where P. contorta was felled and native N. solandri var. cliffortioides
seedlings were planted, they successfully established beneath the shade and protection of
the fallen pines (Ledgard, N. personal communication). Therefore, if the management
goal is to reestablish forests in areas recently dominated by grass or shrublands, pine
invasions may actually provide a suitable transitional state in which to try to establish
native trees. Over long time periods, these native trees may eventually overtop and
outcompete the shade intolerant P. contorta (Howell & McAlpine 2016). However, the
results will also depend on climate, with native species more likely to colonize pine
understories where precipitation is higher (Paul & Ledgard 2009). While there is some

opportunity for more widespread restoration based on native plant colonization of pine
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understories, it is important to recognize that in areas with a long history of deforestation,
native propagule supply is often limited and introducing seedlings may be expensive and
time intensive (Coomes et al. 2003). Additionally, in many areas P. contorta is extremely
dense and so thinning or complete removal may need to occur before native species can
be established (Forbes et al. 2015a). Furthermore, soil legacies may promote competitive
exotic pasture species over native woody species (Dickie et al. 2014) and introduced
herbivores also prevent native tree recovery (Coomes et al. 2003). Therefore, more
experimentation is necessary before this type of restoration is implemented at larger
scales (Froude 2011).

In areas where the desired outcome is a return to native grassland or shrubland,
restoration may be more difficult because these areas are readily reinvaded by P.
contorta. There is some evidence that microsites adjacent to felled pines create conditions
that promote growth of the native grass Festuca novae-zelandiae and the exotic grass
Anthoxanthum odoratum, as well as native shrubs, relative to nearby uninvaded
grasslands (Paul & Ledgard 2008). However, there is also evidence that this effect may
be short lived (< 10 years) and ultimately result in lower diversity in the plots with felled
pines than uninvaded plots (Paul & Ledgard 2009).

In some situations, such as Craigieburn on South Island, New Zealand, it may be
necessary to ask if management is feasible and what benefits would be gained from
extensive management operations in that region. Perhaps a “novel ecosystem” (Hobbs et
al. 2009) has emerged that should be accepted and contained (Ledgard 2001). I know this

is a controversial subject, but given the density and extent of P. contorta in that area,
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despite hundreds of thousands of dollars spent on control annually (Froude 2011; Harding
2001), I think it is a necessary question. While some argue that the concept of novel
ecosystems is just an excuse to stop trying to manage invasive species (Murcia et al.
2014), | think there is value in discussing alternative management goals and actions if
current management practices are ineffective. In any type of management intervention, it
is important to be explicit both about the goals and the possibility of achieving them
(Hobbs et al. 2011). Tree invasions are inherently difficult to manage for social,
economic and ecological reasons, and therefore, adaptive management that focuses on
experimenting with alternative management options, monitoring success and engaging

diverse stakeholders is the only possible strategy that will lead to successful outcomes.

Epilogue

My views on invasive species have evolved through the course of my PhD
research. Although | came into this study with the idea that invasions may only be a
problem where land is mismanaged and heavily impacted by human use, my first trip to
New Zealand dispelled this idea. The pine invasions there were a stark contrast to our
relatively uninvaded mountain systems in the Greater Yellowstone Ecosystem. After
studying pine invasions across such a range of land-use types with different histories, |
am more inclined to think that some invasive plants can have significant impacts. |
appreciate the work that Simberloff and others have done to increase public and political
awareness of invasive species and their potential impacts, but now that many people are
generally aware of invasive species, | think there is an opportunity to promote a more

nuanced view of exotic species and their management. Working in the Invasive Plant
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Ecology and Management Lab has taught me to consider the impacts of weed
management as much as the impacts of the weeds themselves and | think this is an issue
that needs to become more prevalent in land management world. This idea of trying to
understand when, where, and if management is necessary and what the impacts of it will
be, is an important perspective that can be carried across subjects and my future work.
For example, forest managers often manage after wildfires, but is this necessary? In many
cases it probably is not and in some cases may do more harm than good.

Throughout my project | have interacted with a diversity of people with differing
views on invasions and this experience has significantly broadened my perspective.
Working with paleoecologists has made me step back and think about issues across a
longer time scale than most ecologists. This is a valuable skill that is important in the
context of all types of environmental change. In the case of invasions, it has made me
occasionally question the difference between historic range expansions and current
invasions. Yes, technically by definition current invasions stem from human
introductions of species. But humans are part of ecological systems (and have been for
thousands of years) so is it that different for humans to introduce species than for birds to
spread seeds across oceans and continents? | know that humans are spreading more
species more rapidly than has happened by non-human long distance dispersal in the past,
but does this negate the fact that humans are ecological agents? On the other hand,
working with people in the Southern Hemisphere who watch pines take over their native
systems made me better understand the urgency and strong emotional response that plant

invasions can cause. If an exotic tree was threatening the sagebrush steppe in the
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Intermountain West | would be less inclined to see it as an opportunity to test ecological
theories and more inclined to try to manage the invasion immediately.

Often when we try to answer the question why we care about biological invasions,
we resort to putting the impacts or benefits in economic terms (e.g. monetizing ecosystem
services, calculating costs of control, or economic gains from exotic plantations). It is not
possible to monetize all the benefits of biodiversity and when we attempt to do this we
validate the utilitarian ethic that sees nature only through the lens of how it might benefit
humans. | agree with the ideas promoted by Aldo Leopold, Ricardo Rozzi, and others that
in order to best deal with environmental problems we need to 1) recognize that humans
are part of the system, and 2) accept that values that do not have an economic basis are
equally valid as the ones that do. Personally, | inherently value biodiversity and would
like to see species introductions limited on the basis that the more species that are
introduced the more likely it is that one will become highly invasive and reduce native
biodiversity. | would not want to see the same homogenized biota everywhere in the
world and | think many people share this sentiment. While there are proven ecological
and economic benefits to maintaining biodiversity, there are also cultural and ethical
reasons that are equally valuable (Rozzi 2013).

Working on a large project that crossed disciplinary and cultural boundaries
increased my ability to see issues from diverse perspectives, both scientifically and
socially. This ability will help in all future scientific endeavors | undertake. | greatly
appreciate the different skills and expertise of my committee members and other

members of WildFIRE PIRE. Working on a large interdisciplinary project such as
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WIildFIRE PIRE has prompted me to think about questions from angles other than just
those of an invasion biologist. | know that my graduate experience was greatly enhanced
by the opportunity to interact with so many diverse experts. As a detail-oriented person |
feel that in a different lab I could have focused too much on my individual questions. |
am grateful for my experience which instead forced me to consider how my small pieces

of the puzzle fit into a broader context.
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CL1 N. antarctica
e

Figure Al. Photographs of each site to demonstrate the dominant vegetation and habitat
types at each site. See table S1 for detailed site information.



Table Al. Descriptions of all study regions (AR1, CL1, CL2, NZ1, NZ2, USA1) and sites within regions. Abbreviations include
temperature (temp.), precipitation (precip.), elevation (elev.), minimum (min.) and maximum (max.). Introduced range regions
included AR in Argentina; CL1 and CL2 in Chile; and NZ1 and NZ2 in New Zealand. The native range region USA1 was in
Montana and Wyoming, United States of America.

Annual . Precip.
. Source Max. Min. Annual
. . . . Density  Source Elev. range mean . warmest
Site Longitude Latitude Ecoregion Age temp. temp.  precip.
plots type (years) (M.S.L) temp. °C) C) (mm) quarter
(°C) (mm)
ARla -71.2 -41.1 ) 786 Plantation 34 845-892 8.2 21.9 -1.6 846 81
Patagonian
shrub steppe
ARIb  -712 411 PPE 153 Planted g 853883 82 219 -16 846 81
shelter
cLL 717 455  hatagonian 434 Plantation 23 703-823 58 163 -3 715 108
grass steppe
Valdivian Forestr
CL2 -71.5 -38.4 temperate 54 - y 43 1349-1482 6.7 22.1 -2 1586 123
f trial plots
orests
Canterbury-
NZ1 170.2 -44.1 Otago tussock 402 Plantation 45 544-655 9.3 215 -1.5 658 153
grasslands
NZ2a 1717 -43.2 South Island 247 Plantation 53 785-1040 7.3 178 2.2 2241 490
montane Planted
NZ2b 171.7 -43.2 grasslands 84 shzvtt:r 46 754-870 8.3 18.6 -1.3 1652 356
USAla -111.1 45.1 1024 Native >100  2030-2411 1.4 237  -16 643 162
a -id : South Central Forest ) : . )
Rockies forest )
USAlb -111.0 44.7 - shrub steppe  g,7 Native 25 2045-2208 1.6 25 17 587 145

Forest

LT¢C
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Table A2. The vegetation types that transects passed through in each site. Vegetation type
was scored for each plot based on the vegetation type with the most aerial cover. AR1a,
AR1b, CL1, NZ1, and NZ2a were all mainly open habitats dominated by grass or short
shrubs but did have patches of tall shrubs and/or southern beech in which we conducted
plots. “Southern beech” includes both Nothofagus spp. (South America) and Fuscospora
cliffortioides (New Zealand).

_ Araucaria Grass Southern Pinus Short Tall
Site araucana beech ponderosa  shrubs shrubs
ARla X X X X
AR1b X X X
CL1 X X X
CL2 X X X X
NZ1 X X
NZ2a X X X X
NZ2b X
USAla X X
USA1b X X




Table A3. 95% confidence intervals for the coefficients from the full model of each ecoregion as estimated by a post hoc Markov
chain run for 10,000 simulations. Burned was the reference level for fire in AR1. AR1la, NZ2a, and USAla were the reference
levels for site. Grass was the reference level for vegetation type. “--* signifies the category did not exist at that site. “Beech”
includes both Nothofagus spp. and Fuscospora cliffortioides. “SCC” is the squared correlation coefficient between the fitted and
observed values.

Region (SCC) AR1 (0.31) CL1 (0.39) CL2 (0.99) NZ1 (0.76) NZ2 (0.39) USAL (0.59)

Quartile 25%  97.5% 25%  97.5% 25%  97.5% 25%  97.5% 25%  97.5% 25%  97.5%
Intercept -0.77 -0.15 167 1486 1562 18455  -23.93 635  13.97 2448 1941  50.08
Site -4.28 -2.06 - - - - - - -7.27 -4.72 -4.93 -1.35

Distance source  -0.0026  -0.0009 -0.0091 -0.0063  -0.016 -0.0022 -0.0017  -0.0003  -0.0037  -0.0018  -0.0414  -0.0169
Fire 0.91 211 - - - - - - - - - -

Short shrub -0.57 0.61 - -- -- - -2.42 1.61 -0.21 0.66 -1.26 1.75
Tall shrub -3.30 0.58 -- -- -2.21 2.33 -- -- -1.13 -0.11 -- --
Beech -15.81 -3.72 -5.84 -3.20 -8.56 -0.96 - -- -10.11 -3.86 - --
Araucaria _ _ _ _ 1.04 3.92 _ _ _ _ _ _
araucana

Pinus - - -4.77 3.02 -- -- -- - - - - -
ponderosa

Elevation 0.02 0.09 -0.02 0.01 -0.13 -0.01 -0.01 0.04 -0.02 -0.01 -0.02 -0.01
Slope -0.09 0.03 -0.08 0.02 -0.49 0.16 0.007 0.24 -0.04 0.03 -0.12 0.05
CosAspect -0.16 0.22 -0.07 0.40 -0.28 2.17 -0.49 0.15 -0.05 0.03 -0.25 0.41
SinAspect -0.15 0.20 -0.17 0.31 0.50 2.09 -0.04 0.52 0.04 0.38 -0.28 0.42
Distance * 0.0004  0.0140 00028  0.0093 - - - - - - - -
Beech

Distance *

Short shrub -0.0011 0.0003 -- -- -- -- -- -- -- -- 0.0051 0.0314
Distance * Tall -0.0039 0.0006 _ _ _ _ _ _ _ _ _ _
shrub

Distance * P.

ponderosa

6TC



220

Table A4. The improvement in the AICc of each model over the null model (random
cluster effect, and where necessary, site) within each ecoregion. P stands for the model
containing the propagule pressure (distance from source) covariate, B for the model
containing the biotic covariate (vegetation type), A for the model containing abiotic
covariates (elevation, slope, aspect (sine and cosine), and fire), and PAB for the model
containing all covariates. logLik is the log likelihood of the model. df is model degrees of
freedom. AlCc is the Akaike information criterion corrected for small sample sizes. Im.
AlCc refers to the difference between the AICc of the selected model and the AlCc of the
null model (the more negative, the more improvement over the null model).

Region Null P A B PAB
AR1 logLik -1997.4  -1988.9  -1988.1 -1945.3 -1916.2
AR1 AlCc 4002.7 3987.9 3994.4 3904.0 3865.0
AR1 df 4 5 9 7 16
AR1 Im. AlCc 0 -14.8 -8.3 -98.7 -137.7
CL1 logLik -696.7 -671.3 -695.1 -675.7 -633.6
CL1 AlCc 1399.5 1350.7 1404.4 1361.6 1292.0
CL1 df 3 4 7 5 12
CL1 Im. AlCc 0 -48.8 4.9 -37.9 -107.5
CL2 logLik -129.6 -122.7 -123.3  -127.3 -111.3
CL2 AlCc 265.7 254.2 263.1 2684 250.9
CL2 df 3 4 7 6 11
CL2 Im. AlCc 0 -11.5 -2.6 2.7 -14.8
NZ1 logLik -952.1 -944.7 -943.7 -952.1 -939.5
NZ1 AlCc 1910.2 1897.4 1901.8 1912.3 1897.4
NZ1 df 3 4 7 4 9
NZ1 Im. AlCc 0 -12.8 -8.4 2.1 -12.8
NZ2 logLik -924.3 -924.2 -913.9 -897.1 -876.9
NZ2 AlCc 1856.8 1858.6 1844.2 1808.5 1778.8
NZ2 df 4 5 8 7 12
NZ2 Im. AlCc 0 1.8 -12.6 -48.3 -78.0
USA1l logLik -739.6 -731.4 -734.3 -738.5 -714.7
USA1 AlCc 1487.3 1472.8 1484.6 1487.1 1449.4
USAl df 4 5 8 5 10

USA1 Im. AICc 0 -14.5 -2.7 -0.2 -37.9
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Table A5. Coefficient estimates and standard errors (SE) from the mixed negative
binomial global model with all plots. Grass was the reference level for vegetation type.
USAla was the reference level for site. Cluster was the random effect. The approximate
P values are from Wald Z-tests. See Table 2.1, Fig. Al, and Tables Al and A2 for site
descriptions.

Variable Estimate SE yA P

Intercept -2.78 0.40 -7.01 <0.0001
Distance to source -4.50 1.58 -2.85 0.0044
Forest -2.36 0.59 -3.98 <0.0001
Short shrub 0.49 0.21 2.33  0.0196
Tall shrub -2.09 0.44 -4.79 <0.0001
ARla 451 0.55 8.20 <0.0001
AR1b 3.88 0.95 4.07 <0.0001
CL1 5.94 0.64 9.34 <0.0001
CL2 7.34 0.94 7.83 <0.0001
NZ1 5.44 0.58 9.33 <0.0001
NZ2a 4.46 0.91 4.89 <0.0001
NZ2b 5.67 1.19 476 <0.0001
USA1lb 2.97 0.67 4.46 <0.0001
Distance to source * Forest -0.08 0.99 -0.08 0.9368

1 *
Distance to source * Short .0.64 0.5 253 0.0113

shrub

Distance to source * Tall 0.34 0.45 0.75 0.453
shrub

Distance to source * AR1a 3.24 1.63 1.98 0.0475
Distance to source * AR1b -4.27 3.16 -1.35 0.1762
Distance to source * CL1 -2.56 1.91 -1.34  0.1799
Distance to source * CL2 -3.66 2.51 -1.46  0.1445
Distance to source * NZ1 3.28 1.60 2.05 0.0407
Distance to source * NZ2a 5.07 1.73 2.92 0.0035
Distance to source * NZ2b -8.09 4.18 -1.94 0.0528

Distance to source * USA1b -62.65 10.48 -5.98 <0.0001
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Figure A2. Density of P. contorta invasion in the native range USA ecoregion compared
to the mean annual temperature of the plot (Hijmans et al. 2005; 30 arc-second
resolution). Point shape differentiates the two sites (USAla and USA1b).
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Table A6. The top five most explanatory bioclimatic variables of invasion density in a
model containing all density data from the native and introduced range and a model with
just data from the introduced range. Due to collinearity between bioclimatic variables
(Hijmans et al., 2005), mixed negative binomial models of Pinus contorta density were
created with a single bioclimatic variable, vegetation type, and distance from source as
fixed effects and site and cluster as random effects. The models were then ranked by
AICc (Akaike information criterion corrected for small sample sizes). Abbreviations
include temperature (temp.) and precipitation (precip.).

Native and introduced ranges Introduced range
Variable deltaAlCc Variable deltaAlCc
Mean temp. coldest Mean temp. wettest
quarter 0 quarter 0
Annual mean temp. 3.28 Precip. warmest quarter 17.16
Min temp. coldest month 6.04 Precip. seasonality 17.26
Temp. seasonality 25.42 Precip. driest quarter 18.02

Temp. annual range 38.22 Precip. driest month 18.88




Figure A3. Photos exemplifying the lack of seedling establishment beneath P. contorta
individuals growing in short shrub (i.e. sagebrush steppe) at the native range USA1a site
(a), and the abundance of seedlings surrounding older individuals in grasslands of the
introduced range at NZ1 more than 1.5 km from the source edge (b). See Table 2.1, Fig.
Al, and Tables Al and A2 for site descriptions.
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APPENDIX B

SUPPORTING INFORMATION FOR CHAPTER 3
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Figure B1. Photos of all sites with examples of increasingly dense P. contorta invasion at
each site moving from left to right. Top row is site AR, second row from top is site CL1,
third row from top is site CL2, and bottom row is site USA. The decrease in understory
plant cover is clear in the photos farthest to the right.
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Table B1. Description of study sites (AR, CL1, CL2, USA). Climate data obtained from
the WorldClim database (Hijmans et al., 2005). Abbreviations include temperature
(temp.), precipitation (precip.), minimum (min.), maximum (max.), and coefficient of

variation (CV).

Site AR CL1 CL2 USA
Longitude -71.229 -71.702 -71.542  -111.14
Latitude -41.148 -45.501 -38.424 45.064
Plots 13 20 19 21
Patagonian  Patagonian  Araucaria A_rtem|3|a

Community type shrub grass  araucana trldesn;?l;[s
steppe steppe forest steppe

Source type Plantation  Plantation trli:zglrg?gt)s/ Iﬁﬁtrlevsi
Source Age (years) 34 23 43 >100
Elevation (M.S.L) 835 745 1435 2060
Annual mean temp. (°C) 8.2 5.8 6.7 1.4
Mean max. temp. (°C) 21.9 16.3 22.1 23.7
Mean min. temp. (°C) -1.6 -3 -2 -16
Annual precip. (mm) 846 715 1586 643
Precip. wettest quarter (mm) 417 290 810 192
Precip. driest quarter (mm) 81 108 123 135
Precip. warmest quarter (mm) 81 108 123 162
Precip. coldest quarter (mm) 397 262 767 164
Precip. seasonality (CV) 65 42 69 18
Mean temp. wettest quarter (°C) 3.5 1.1 2.6 5.3
Mean temp. driest quarter (°C) 13.8 10.6 115 8.4
Temperature annual range (°C) 23.5 19.3 24.1 40.0

Hijmans, R.J., Cameron, S.E., Parra, J.L., Jones, P.G. & Jarvis, A. (2005) Very high
resolution interpolated climate surfaces for global land areas. International

Journal of Climatology, 25, 1965-1978.
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Table B2. The species found at each site, number of plots each species occurred in,
frequency of that species (number of plots containing that species divided by total
number of plots sampled), and status as native (N) or introduced (I). Species whose
names appear in bold were found only in uninvaded plots and species whose names are
underlined were found only in invaded plots. Note that at all sites sample sizes for
invaded plots were significantly larger than sample sizes for uninvaded plots (especially
at CL1 and CL2) due to our strategy of sampling continuously across the invasion
gradient (rather than in invaded versus uninvaded plots). This likely inflates the number
of species only found in invaded plots and decreases the number of species found only in
uninvaded plots artificially.

Species Plots Frequency Status

AR - Bariloche, Argentina

Acaena splendens Hook. & Arn. 12 0.92 N
Festuca pallescens (St.-Yves) Parodi 10 0.77 N
Mulinum spinosum (Cav.) Pers. 10 0.77 N
Rumex acetosella L. 9 0.69 I
Acaena pinnatifida Ruiz & Pav. 8 0.62 N
Anemone multifida Poir. 7 0.54 N
Baccharis magellanica (Lam.) Pers. 7 0.54 N
Hordeum comosum J. Presl 7 0.54 N
Galium richardianum (Gillies ex Hook. &

Arn.) Endl. ex Walp. 6 0.46 N
Koeleria sp. 6 0.46

Agrostis capillaris L. 5 0.38 I
Euphorbia collina Phil. 5 0.38 N
Potentilla chiloensis (L.) Mabb. 5 0.38 N
Berberis microphylla G. Forst. 4 0.31 N
Senecio sericeonitens Speg. 4 0.31 N
Senecio sp. 4 0.31

Adesmia corymbosa Clos 3 0.23 N
Pappostipa speciosa (Trin. & Rupr.)

Romasch. 3 0.23 N
Perezia recurvata (Vahl) Less. 3 0.23 N
Senecio bracteolatus Hook. & Arn. 3 0.23 N
Taraxacum officinale G. Weber ex F.H.

Wigg. 3 0.23 I
Valeriana clarionifolia Phil. 3 0.23 N
Danthonia sp. 2 0.15

Holcus lanatus L. 2 0.15 I
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Table B2 continued (AR species list).

Species Plots Frequency Status

Hypochaeris radicata L. 2 0.15 |
Lathyrus magellanicus Lam. 2 0.15 N
Nassauvia aculeata (Less.) Poepp. & Endl. 2 0.15 N
Senecio neaei DC. 2 0.15 N
Solidago chilensis Meyen 2 0.15 N
Viola reichei Skottsb. 2 0.15 N
Acaena platyacantha Speg. 1 0.08 N
Adesmia volckmannii Phil. 1 0.08 N
Anarthrophyllum rigidum (Gillies ex
Hook. & Arn.) Hieron. 1 0.08 N
Azorella trifoliolata Clos 1 0.08 N
Baccharis linearis (Ruiz & Pav.) Pers. 1 0.08 N
Berberis dawinii Hook. 1 0.08 N
Bromus setifolius J. Presl 1 0.08 N
Cerastium arvense L. 1 0.08 |
Chloraea magellanica Hook. f. 1 0.08 N
Discaria articulata (Phil.) Miers 1 0.08 N
Euphorbia peplus L. 1 0.08 |
Fabaceae 1 1 0.08
Festuca pyrogea Speg. 1 0.08 N
Geranium magellanicum Hook. f. 1 0.08 N
Olsynium junceum (E. Mey. ex C. Presl)
Goldblatt 1 0.08 N
Oreopolus glacialis (Poepp.) Ricardi 1 0.08 N
Poa lanuginosa Poir. 1 0.08 N
Poa ligularis Nees ex Steud. 1 0.08 N
Rhodophiala mendocina (Phil.) Ravenna 1 0.08 N
Sisyrinchium arenarium Poepp. 1 0.08 N
Unknown forb 1 1 0.08
Unknown forb 2 1 0.08

CL1 - Coyhaique, Chile
Anemone multifida Poir. 20 1.00 N
Baccharis magellanica (Lam.) Pers. 20 1.00 N
Rumex acetosella L. 20 1.00 |
Festuca pallescens (St.-Yves) Parodi 19 0.95 N
Acaena integerrima Gillies ex Hook. & Arn. 18 0.90 N



230

Table B2 continued (CL1 species list).

Species Plots Frequency Status
Taraxacum officinale G. Weber ex F.H.

Wigg. 16 0.80 I
Calceolaria biflora Lam. 12 0.60 N
Galium fuegianum Hook. f. 12 0.60 N
Agrostis capillaris L. 11 0.55 I
Sisyrinchium arenarium Poepp. 10 0.50 N
Erigeron imbricatus Vierh. 9 0.45 N
Lathyrus sp. 9 0.45 N
Loasa bergii Hieron. 9 0.45 N
Viola reichei Skottsb. 9 0.45 N
Acaena pinnatifida Ruiz & Pav. 8 0.40 N
Azorella ameghinoi Speg. 8 0.40 N
Cerastium arvense L. 8 0.40 I
Nassauvia darwinii (Hook. & Arn.) O.

Hoffm. & Dusén 8 0.40 N
Senecio kingii Hook. f. 8 0.40 N
Senecio sericeonitens Speg. 8 0.40 N
Armeria maritima (Mill.) Willd. 7 0.35 N
Poaceae 1 7 0.35
Chloraea magellanica Hook. f. 6 0.30 N
Festuca pyrogea Speg. 6 0.30 N
Leucheria candidissima D. Don 6 0.30 N
Mulinum spinosum (Cav.) Pers. 6 0.30 N
Noccaea magellanica (Comm. ex Poir.)

Holub 6 0.30 N
Phacelia secunda J.F. Gmel. 6 0.30 N
Poa sp. 6 0.30
Valeriana carnosa Sm. 6 0.30 N
Geranium sessiliflorum Cav. 5 0.25 N
Calceolaria lagunae-blancae Kraenzl. 4 0.20 N
Hypochaeris radicata L. 4 0.20 I
Luzula alopecurus Desv. 4 0.20 N
Oreopolus glacialis (Poepp.) Ricardi 4 0.20 N
Hordeum comosum J. Presl 3 0.15 N
Oxalis adenophylla Gillies ex Hook. & Arn. 3 0.15 N
Vulpia myuros (L.) C.C. Gmel. 3 0.15 I
Danthonia sp. 2 0.10
Quinchamalium chilense Molina 2 0.10 N
Bromus sp. 1 0.05
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Table B2 continued (CL1 species list).

Species Plots Frequency Status
Carex sp. 1 0.05
Caryophyllaceae 1 1 0.05
Dactylis glomerata L. 1 0.05 I
Hieracium sp. 1 1 0.05
Hieracium sp. 2 1 0.05
Microsteris gracilis (Hook.) Greene 1 0.05 N
Silene magellanica (Desr.) Bocquet 1 0.05 N
Stipa sp. 1 0.05

CL2 - Malalcahuello, Chile
Festuca scabriuscula Phil. 18 0.95 N
Rumex acetosella L. 15 0.79 I
Eleocharis melanostachys (d'Urv.) C.B.
Clarke 14 0.74 N
Gaultheria poeppigii DC. 13 0.68 N
Baccharis magellanica (Lam.) Pers. 12 0.63 N
Chusquea culeou E. Desv. 11 0.58 N
Cerastium arvense L. 10 0.53 |
Potentilla chiloensis (L.) Mabb. 10 0.53 N
Galium fuegianum Hook. f. 9 0.47 N
Araucaria araucana (Molina) K. Koch 8 0.42 N
Discaria chacaye (G. Don) Tortosa 8 0.42 N
Berberis montana Gay 7 0.37 N
Gaultheria pumila (L. f.) D.J. Middleton 7 0.37 N
Poaceae 1 7 0.37
Sisyrinchium arenarium Poepp. 7 0.37 N
Acaena pinnatifida Ruiz & Pav. 6 0.32 N
Baccharis concava (Ruiz & Pav.) Pers. 6 0.32 N
Lathyrus sp. 6 0.32 N
Quinchamalium chilense Molina 6 0.32 N
Adesmia emarginata Clos 5 0.26 N
Empetrum rubrum Vahl ex Willd. 5 0.26 N
Mulinum spinosum (Cav.) Pers. 4 0.21 N
Nothofagus antarctica (G. Forst.) Oerst. 4 0.21 N
Poa sp. 4 0.21
Senecio chilensis Less. 4 0.21 N
Berberis empetrifolia Lam. 3 0.16 N
Pinus sylvestris L. 3 0.16 I
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Table B2 continued (CL2 species list).

Species Plots Frequency Status

Rhodophiala mendocina (Phil.) Ravenna 3 0.16 N
Berberis microphylla G. Forst. 2 0.11 N
Chloraea magellanica Hook. f. 2 0.11 N
Geranium magellanicum Hook. f. 2 0.11 N
Perezia fonkii (Phil.) Reiche 2 0.11 N
Poaceae 2 2 0.11
Senecio baccharidifolius Poepp. ex DC. 2 0.11 N
Vicia sp. 2 0.11
Viola reichei Skottsb. 2 0.11 N
Agrostis philippiana Rugolo & De Paula 1 0.05 N
Anemone multifida Poir. 1 0.05 N
Berberis actinacantha Mart. 1 0.05 N
Calceolaria biflora Lam. 1 0.05 N
Danthonia sp. 1 0.05
Hieracium sp. 1 0.05
Hypochaeris apargioides Hook. & Arn. 1 0.05 N
Luzula alopecurus Desv. 1 0.05 N
Nothofagus pumilio (Poepp. & Endl.)
Krasser 1 0.05 N
Poaceae 3 1 0.05
Poaceae 4 1 0.05
Ribes cucullatum Hook. & Arn. 1 0.05 N
Senecio sp. 2 1 0.05
Unknown forb 1 1 0.05

USA - Greater Yellowstone Ecosystem, Montana
Festuca idahoensis Elmer 21 1.00 N
Carex sp. 19 0.90 N
Geum triflorum Pursh 19 0.90 N
Antennaria rosea Greene 18 0.86 N
Achillea millefolium L. 17 0.81 N
Artemisia tridentata Nutt. 17 0.81 N
Agropyron smithii Rydb. 16 0.76 N
Stipa richardsonii Link 15 0.71 N
Koeleria macrantha (Ledeb.) Schult. 13 0.62 N
Symphyotrichum foliaceum (Lindl. Ex DC.)
G. L .Nesom 13 0.62

- 2

Taraxacum officinale F. H. Wigg. 13 0.62



233

Table B2 continued (USA species list).

Species Plots Frequency Status
Eriogonum umbellatum Torr. 12 0.57 N
Arenaria congesta Nutt. 11 0.52 N
Fragaria virginiana Mill. 9 0.43 N
Lupinus sericeus Pursh 9 0.43 N
Penstemon procerus Douglas ex Graham 9 0.43 N
Potentilla gracilis Douglas ex Hook. 9 0.43 N
Agoseris glauca (Pursh) Raf. 8 0.38 N
Danthonia intermedia Vasey 8 0.38 N
Phlox hoodii Richarson 8 0.38 N
Stipa viridula Trin. 8 0.38 N
Linum lewisii Pursh 7 0.33 N
Phlox longifolia Nutt. 7 0.33 N
Viola sp. 7 0.33 N
Anemone multifida Poir. 6 0.29 N
Bromus porteri (J. M. Coulter) Nash 6 0.29 N
Erigeronsp. 1 6 0.29 N
Besseya wyomingensis (A. Nelson) Rydb. 5 0.24 N
Cirsium hookerianum Nultt. 5 0.24 N
Dasiphora fructicosa (L.) Rydb. 5 0.24 N
Galium boreale L. 5 0.24 N
Phleum pratense L. 5 0.24 I
Poa pratensis L. 5 0.24 I
Senecio streptanthifolius Greene 5 0.24 N
Juniperus communis L. 4 0.19 N
Noccaea fendleri (A. Gray) Holub 4 0.19 N
Orthocarpus tenuifolius (Pursh) Benth. 4 0.19 N
Poa secunda J. Presl 4 0.19 N
Solidago missouriensis Nutt. 4 0.19 N
Boechera stricta (Graham) Al-Shebaz 3 0.14 N
Cerastium arvense L. 3 0.14 N
Chrysothamnus viscidiflorus (Hook.) Nutt. 3 0.14 N
Juncus sp. 3 0.14 N
Poa palustris L. 3 0.14 N
Symphyotrichum campestre (Nutt.) G. L.

Nesom 3 0.14 N
Symphyotrichum sp. 3 0.14 N
Tragopogon dubius Scop. 3 0.14 I
Agropyron trachycaulum (Link) Malte 2 0.10 N
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Table B2 continued (USA species list).

Species Plots Frequency Status

Arabis nuttallii (Kuntz) B. L. Rob 2 0.10 N
Artemisia cana Pursh 2 0.10 N
Artemisia nova A. Nelson 2 0.10 N
Astragalus miser Douglas ex. Hook. 2 0.10 N
Campanula rotundifolia L. 2 0.10 N
Cymopterus nivalis S. Watson 2 0.10 N
Drymocallis arguta 2 0.10 N
Erigeron sp. 2 2 0.10 N
Frasera speciosa Douglas ex Griseb. 2 0.10 N
Hieracium scouleri Hook. 2 0.10 N
Myosotis alpestris F. W. Schmidt 2 0.10 N
Oxytropis sericea Nutt. 2 0.10 N
Poa fendleriana (Steud.) Vasey 2 0.10 N
Poaceae 1 2 0.10
Potentilla pensylvanica L. 2 0.10 N
Smilacina stellata (L.) Desf. 2 0.10 N
Unknown forb 2 0.10

Agrostis scabra Willd. 1 0.05 N
Allium cernuum Roth 1 0.05 N
Arnica sororia Greene 1 0.05 N
Artemisia frigida Willd. 1 0.05 N
Astragalus americanus (Hook.) M. E. Jones 1 0.05 N
Astragalus kentrophyta A. Gray 1 0.05 N
Brassicaceae 1 1 0.05

Bromus inermis Leyss. 1 0.05 I
Cirsium undulatum (Nutt.) Spreng. 1 0.05 N
Delphinium bicolor Nutt. 1 0.05 N
Equisetum hyemale L. 1 0.05 N
Ericameria nauseosa (Pall. Ex Pursh) G.

L. Nesom & G. I. Baird 1 0.05 N
Gentiana affinis Griseb. 1 0.05 N
Geranium viscosissimum Fisch & C. A.

Mey. 1 0.05 N
Micranthes odontoloma (Piper) A. Heller 1 0.05 N
Pyrola chlorantha Sw. 1 0.05 N
Ribes sp. 1 0.05 N
Salix geyeriana Andersson 1 0.05 N
Salix wolfii Bebb 1 0.05 N
Senecio pseudaureus Rydb. 1 0.05 N
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Table B2 continued (USA species list).

Species Plots Frequency Status
Shepherdia canadensis (L.) Nutt. 1 0.05 N
Solidago rigida L. 1 0.05 N
Sphaeralcea coccinea (Nutt.) Rydb. 1 0.05 N
Symphyotrichum falcatum (Lindl.) G. L.

Nesom 1 0.05 N
Thalictrum occidentale A. Gray 1 0.05 N
Thlaspi arvense L. 1 0.05 I
Trifolium longipes Nutt. 1 0.05 N
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Table B3. The slope and p-value for each species that had a relationship between their
cover and Pinus contorta cover at all sites. N represents the number of plots that each
species was found in. In the text significance is assumed at P<0.05 but here we display
species whose relationship with Pinus contorta cover has a significance of P<0.1 to show
the species that have weaker correlations with Pinus contorta as well.

Site  Species Slope p-value N
AR Agrostis capillaris -0.0026 0.085 5
AR  Koeleria sp. -0.0030 0.041 6
AR Mulinum spinosum -0.3715 0.004 10
AR Rumex acetosela -0.0029 0.090 9
AR Senecio sericeonitens -0.0007 0.046 4
AR  Taraxacum officinale 0.0034 0.084 3
CL1 Agrostis capillaris -0.0086 0.013 11
CL1  Armeria maritima -0.0022 0.025 7
CL1 Calceolaria biflora -0.0030 0.006 12
CL1 Chloraea magellanica -0.0008 0.005 6
CL1 Erigeron imbricatus -0.0016 0.031 9
CL1 Festuca pallescens -0.1555 0.029 19
CL1 Festuca pyrogea -0.0082 0.018 6
CL1 Loasa berghi -0.0008 0.020 9
CL1 Luzula alopecurus -0.0006 0.026 4
CL1  Mulinum spinosum -0.0049 0.020 6
CL1 Nassauvia darwinii -0.0026 0.008 8
CL1 Noccaea magellanica -0.0007 0.017 6
CL1 Senecio kingii -0.0017 0.049 8
CL1 Sisyrinchium arenarium -0.0008 0.010 10
CL1 Violareichei 0.0009 0.005 9
CL2 Acaena pinnatifida -0.0053 0.069 6
CL2 Eleocharis melanostachys ~ -0.0092 0.024 14
CL2 Festuca scabriuscula -0.1790 0.009 18
CL2 Lathyrus sp. -0.0036 0.059 6
CL2 Quinchamalium chilense -0.0034 0.053 6
USA Agropyron smithii 0.0151 0.093 16
USA Artemisia tridentata -0.2215 0.060 17
USA Besseya wyomingensis -0.0005 0.075 5
USA Juniperus communis 0.0040 0.055 4

USA Poa palustris 0.0033 0.039 3
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Figure B2. Festuca spp. cover against Pinus contorta cover at each site. The slope of the
lines for USA and AR are not statistically different than zero, but the lines are still shown
for comparison.
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APPENDIX C

SUPPORTING INFORMATION FOR CHAPTER 4
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Figure C1. Mean fuel loads (kg/m?) in each fuel class in invaded versus uninvaded plots
at each site. “un” and “in” following site names stands for uninvaded and invaded,
respectively. AR and NZ2 were shrublands and CL and NZ1 were grasslands.
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Figure C2. Cover of grass, native cushion plants, native shrubs, and P. contorta (PICO)

in burned (gray fill) and unburned (white fill) one meter squared subplots at NZ2.
Unburned plots fell within 100 meters of the fire boundary.
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Figure C3. Density of Pinus contorta invasion with increasing distance from source
plantation edge at sites AR (Bariloche, Argentina), CL (Coyhaique Alto, Chile), and NZ
(NZ1 and NZ2 sites combined, Lake Pukaki and Craigieburn Forest Park respectively).
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Figure D1. Pinus contorta occupied cells (A), mean density (B), maximum density (C),
and maximum distance of an invading individual from the plantation (D) shown for each
fire year treatment. The size and color of the points represent the size of the fire (number
of burned cells) in that run. The larger and lighter colored points represent larger fires.



