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Numbers correspond to Map codes in Tables 4.3 and 4.4 ..........................213
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ABSTRACT
Anthropogenic activity has greatly increased watershed export of bioavailable
nitrogen. Escalating levels of bioavailable nitrogen can deteriorate aquatic ecosystems by
promoting nuisance algae growth, depleting dissolved oxygen levels, altering biotic
communities, and expediting eutrophication. Despite these potential detrimental impacts,
there is notable lack of understanding of the linkages between anthropogenic nitrogen
inputs and the spatial and seasonal heterogeneity of stream network concentrations and
watershed nitrogen export. This dissertation research seeks to more accurately define
these linkages by investigating the roles of landscape position and spatial distribution of
anthropogenic nitrogen inputs on the magnitude and speciation of watershed nitrogen
export and retention and how these roles vary seasonally across contrasting landscapes in
a 212 km2 mountainous watershed in southwest Montana. Results indicate localized
inputs of anthropogenic nitrogen occurring in watershed areas with quick transport times
to streams had disproportionate effects on watershed nitrogen export compared to
spatially distributed or localized inputs of nitrogen to areas with longer transport times.
In lower elevation alluvial streams, these effects varied seasonally and were most evident
during the dormant winter season by amplified nitrate peaks, elevated dissolved organic
nitrogen:dissolved organic nitrogen (DIN:DON) ratios and lower dissolved organic
carbon (DOC):total dissolved nitrogen (DOC:TDN). During the summer growing
season, biologic uptake of nitrogen masked anthropogenic influences on watershed
nitrogen export; however, endmember mixing analysis of nitrate isotopes revealed
significant anthropogenic influence during the growing season, despite low nitrate
concentrations and DIN:DON ratios. In contrast, streams draining alpine environments
consisting of poorly developed, shallow soils and small riparian areas exhibited yearlong
elevated nitrate concentrations compared to other sites, suggesting these areas were
highly nitrogen enriched. Watershed modeling revealed the majority of watershed
nitrogen retention occurred in the upland environment, most likely from biological uptake
or lack of hydrologic connectivity. This work has critical implications for watershed
management, which include: 1) developing flexible strategies that address varying
landscape characteristics and nitrogen loading patterns across a watershed, 2) avoiding
clustering nitrogen loading in areas with quick travel times to surface waters, 3) seasonal
monitoring to accurately gauge watershed nitrogen saturation status, and 4) incorporating
spatial relationships into streamwater nitrogen models.
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CHAPTER 1
INTRODUCTION
Human impacts on the nitrogen cycle (N) have profoundly affected the natural
functioning of world’s ecosystems through the addition of bioavailable nitrogen (N)
[Vitousek, 1997]. Although N is the most common limiting nutrient in North American
forested ecosystems [Cole and Rapp, 1981; Vitousek and Howarth, 1991], research has
shown that chronic spatially uniform inputs of N from anthropogenic deposition can
saturate biological requirements resulting in “nitrogen saturation” [Aber et al., 1989;
1998]. When N saturation is reached additional N inputs are in excess of biological
requirements and are “leaked” to streams and groundwater, commonly as nitrate (NO3-)
[Gundersen et al., 1998]. Escalating inputs of NO3- to surface waters can lead to
nuisance algal growth, altered biological communities, and in extreme cases,
eutrophication [Bisson and Bilby, 2001; Folke et. al., 2002].
Identifying the controls of the spatial heterogeneity of streamwater N is critical to
preventing the potential adverse effects from watershed N enrichment; however, because
of the complex coupling of biological and hydrologic processes that control N transport
and immobilization [Lohse et al., 2009], there is still very poor understanding of the
linkages between watershed N loading and the resultant patterns of streamwater N.
Major sources of watershed N include atmospheric deposition, mineral weathering, N
fixation, human and animal waste, and fertilizer application.
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Biogeochemical and hydrologic processes can prohibit direct transfer of N inputs
from source areas to streams. Biogeochemical processes that immobilize N include
vegetation and microbial uptake, adsorption to soils, and denitrification [Chapin, 2002].
In addition to biogeochemical process, patterns of hydrologic connectivity can determine
whether N is transported from N source areas to streams [Creed and Band, 1998; Pacific
et al., 2009]. In some environments, a hydrologic connection between most of the
landscape and the stream exists for a very limited time of year [Jencso et al., 2009].
Without a hydrologic connection, N inputs are stored within watershed soils and
vegetation.
For N that is ultimately transported to streams, similar biogeochemical processes
as terrestrial ecosystems transform, transport and retain streamwater N [Allan, 1995].
Instream N processing can account for a substantial portion of watershed N budgets
[Burns et al., 1998]; however, streamwater N removal magnitude and efficiency can vary
throughout the network depending on factors such as stream order and discharge
[Alexander et al., 2000; Peterson et al., 2001], carbon availability [Bernhardt and Likens,
2002; Groffman et al., 2005], N concentration [Earl et al., 2006], hyporheic storage
[Runkel, 2007], or on how much N is imported from an upstream reach [Mulholland et
al., 2008].
Given the spatial and seasonal complexity of the processes controlling N cycling
in stream and terrestrial ecosystems, it is no surprise that streamwater N patterns are
equally as complex. This research aimed to characterize these spatial and seasonally
variable patterns of watershed nitrogen export and retention and improve knowledge of
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the influence anthropogenic N loading has on these patterns. Specifically, this research
sought to: 1) assess how the magnitude, corresponding landscape position, spatial
distribution of anthropogenic N sources influences the timing, magnitude, and speciation
of watershed N export, 2) determine whether localized inputs of anthropogenic N result
in the same N saturation dynamics as spatially distributed inputs [Aber et al., 1989; 1998]
and if so, whether N saturation varies across space and time, and 3) quantify the relative
importance of watershed N retention processes (i.e. terrestrial, riparian, and instream) and
how they may vary along the stream network. To do this, I analyzed multiple sources of
contemporary field data, including synoptic and temporal sampling for N and C species
and δ15N and δ18O ratios of NO3- with a combination of approaches that included mass
balances, endmember mixing analysis, geostatistical modeling, and Bayesian hybrid
mechanistic modeling.
Site Description
The study site was the West Fork of the Gallatin (“West Fork”) watershed (212
km2) located in the Gallatin and Madison mountain ranges of southwestern Montana
(Figure 1.1A). The West Fork drains into the Gallatin River, which is a tributary to the
Missouri River and is fed by three main tributaries, the Middle Fork, South Fork, and
North Fork (Figure 1.1B). The watershed is characterized by well-defined steep
topography and shallow soils. Elevation in the drainage ranges from approximately 1800
to 3400 m and average annual precipitation exceeds 127 cm at higher elevations and is
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less than 50 cm near the watershed outlet. Sixty percent of precipitation falls during the
winter and spring months [USDA NRCS, 2008].
Streams in the West Fork watershed range from first-order, high gradient, boulder
dominated mountain streams in the upper elevations to fourth-order, alluvial streams near
the watershed outlet. Stream productivity is generally low due to cold temperatures and
short growing seasons [USDA FS, 2004]. Hydrographs of streams in the watershed
indicate peak flows during spring snowmelt typically occurring in late May and early
June followed by a general recession throughout the summer, autumn, and winter
months.
Diverse geologic materials are present in the West Fork watershed, including
metamorphosed volcanics of Archean age, sedimentary and meta-sedimentary formations
of various ages, and colluvium and glacial deposits that dominate the surficial geology in
valley bottoms. Carbonaceous minerals such as limestones and shales are present in the
mineralogy of some but not all headwater catchments, and quartzite, biotite, gneiss,
gabbros, and sandstones are also present [Alt and Hyndman, 1986; Kellog and Williams,
2006]. Vegetation below tree line consists of coniferous forest (lodgepole pine, blue and
Engelmann spruce, and Douglas-fir), grasslands, shrublands, and willow and aspen
groves in the riparian areas. The watershed has a brief growing season from mid-June
through mid-September (75 – 90 frost free days), decreasing with elevation [USDA FS,
1994].
Big Sky Resort was established in the early 1970s and since then, the West Fork
watershed has seen a rapid increase in growth with the addition of three new ski resorts
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(Moonlight Basin, Spanish Peaks, and the Yellowstone Club) and golf courses with
associated residential development. The Big Sky Water and Sewer District services the
two village areas with public water supply and sewer in the West Fork watershed. Public
wastewater receives secondary treatment and is released into three lined sewer detention
ponds and stored until mid-spring when it is released as irrigation water onto the Big Sky
Golf Course. Areas outside of the sewer district are on individual or community septic
systems and private wells [R. Edwards, personal comm., 2007].
The West Fork watershed is an ideal location to examine the spatial and seasonal
influences of land use and watershed characteristics on N export due to the wide range in
topographic gradients, development densities and strong seasonality in hydrologic and
biologic dynamics. Furthermore, high elevation ecosystems can have faster response
times to anthropogenic N loading due to increased precipitation, steep slopes, limited
vegetation, large areas of exposed bedrock, and shallow soils, often resulting in rapid
hydrological flushing during snowmelt and rainfall [Williams et al., 1993; Forney et al.,
2001; Kopacek et al., 2005]. Therefore, even modest levels of anthropogenic N loading
can have disproportionately large effects on N dynamics in mountainous headwater
ecosystems. Because of this sensitivity to nutrient perturbation and quick response times,
mountain environments can be ideal field laboratories to study anthropogenic impacts on
watershed N cycling.
Dissertation Organization
This dissertation outlines increased understanding of the linkages between
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anthropogenic loading on emergent patterns of watershed N export and retention.
Specifically, the objectives of this research were to:
1. Examine the seasonal and spatial heterogeneity in watershed N export,
concentration, speciation, and retention across landscape positions and
development intensities.
2. Assess the primary drivers of streamwater NO3- concentrations and how these
drivers may vary across space and time.
3. Determine whether localized inputs of anthropogenic N result in the same N
saturation dynamics as spatially distributed inputs of N, and if so, are these
saturation dynamics spatially and seasonally variable across watersheds.
The work presented in this dissertation addresses important gaps in understanding
anthropogenic impacts on watershed N as well as presents an example of a creative multianalysis approach towards understanding solute export at the watershed scale. As a
starting point, an exploratory spatial analysis of land use impacts on streamwater NO3concentrations is presented in Chapter 2, “Seasonality in spatial variability and influence
of land use/land cover and watershed characteristics on streamwater NO3- concentrations
in a developing watershed in the Rocky Mountain West.” This chapter examines the
spatio-temporal patterns of streamwater NO3- concentrations and develops geostatistical
relationships between streamwater NO3- concentrations land use and terrain indices
across periods of varying potential of hydrologic and biological activity.
Chapter 3, “A multi-analysis approach to assess the spatio-temporal patterns of
watershed response to localized inputs of anthropogenic nitrogen” is an empirical
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analysis of the extensive spatial and seasonal streamwater chemistry data sets collected in
the West Fork watershed. The combination of both spatial and high-resolution temporal
chemistry from the catchment outlet is a unique and valuable data set to explore
anthropogenic impacts on spatio-temporal trends in streamwater N export. A mass
balance approach was combined with exploratory data analysis and a three component
mixing model to provide insight into N export and retention processes occurring across
watersheds with varying development intensities and spatial patterns of N loading.
In Chapter 4, “Quantifying watershed sensitivity to spatially variable N loading
and the relative importance of watershed N retention mechanisms”, I introduce the Big
Sky Nutrient Model (BiSN), which is a hybrid mechanistic model run with a Bayesian
framework. BiSN is applied to summer synoptic streamwater NO3- data to examine 1)
how spatial patterns and landscape position of anthropogenic N loading influence
streamwater NO3- concentrations, and 2) the relative importance of watershed N retention
occurring in the uplands, riparian areas, and instream.
Finally, Chapter 5 is a synthesis of the main findings of this research and its
implications. Here I suggest recommendations for future study that will address
questions highlighted from this research.
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Figure 1.1: A) Location of the West Fork watershed (212 km2) in southwestern Montana.
(B) Map of the West Fork watershed (212 km2) in the Gallatin and Madison mountain
ranges of southwestern Montana showing the locations of ski resorts, structures, and Big
Sky Water and Sewer District (public sewer system) boundaries. (C) An expanded view
of the wastewater storage ponds and the Big Sky Resort Golf Course. Wastewater
effluent is stored in the ponds and irrigated onto the golf course from mid-May through
early October.
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CHAPTER 2
SEASONALITY IN SPATIAL VARIABILITY AND INFLUENCE OF LAND
USE/LAND COVER AND WATERSHED CHARACTERISTICS ON
STREAMWATER NITROGEN EXPORT IN A DEVELOPING
WATERSHED IN THE ROCKY MOUNTAIN WEST
Abstract
In recent decades, the Rocky Mountain West has been one of the fastest growing
regions in the United States. Headwater streams in mountain environments may be
particularly susceptible to nitrogen enrichment from residential and resort development.
We utilized streamwater chemistry from six synoptic sampling campaigns combined with
land use/land cover (LULC) and terrain analysis in geostatistical modeling to examine the
spatial and seasonal variability of LULC impacts on streamwater nitrate. Streamwater
nitrate was spatially correlated for longer distances during the dormant season than
during the growing season, suggesting the importance of biological retention. Spatial
linear models indicated anthropogenic sources best predicted streamwater nitrate in the
dormant season, while variables describing biological processing were the best predictors
in the growing season. This work demonstrates the importance of 1) incorporating spatial
relationships into water quality modeling, and 2) investigating streamwater chemistry
across seasons to gain a more complete understanding of development impacts on
streamwater quality.
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Introduction
Human alteration of the patterns of land use/land cover (LULC) on the Earth
surface is one of the most profound impacts on the functioning of natural ecosystems
[Steffen et al., 2004]. Impacts on water quality, commonly viewed as an integrated
environmental indicator of ecosystem function, are of particular concern in highelevation ecosystems due to the combined effects of increased precipitation, steep slopes,
limited vegetation, large areas of exposed bedrock, and shallow soils, often resulting in
rapid hydrological flushing during snowmelt and rainfall [Williams et al., 1993; Forney et
al., 2001]. Streamwater nitrogen (N) concentrations and yields across the U.S. have
generally increased with anthropogenic development and have been well documented
[Eckhardt and Stackelberg, 1995; Nolan, 2000; Whitehead et al., 2002; Biggs et. al.,
2004; Groffman et al., 2004; Gardner and Vogel, 2005; U.S.G.S., 2006]; however, the
extent and magnitude of development impacts on streamwater N concentrations vary.
Spatial and seasonal variability in headwater stream N is primarily a function of
watershed hydrology [Fisher et al., 2004; Meixner et al., 2007], physical and chemical
properties of the landscape (e.g. climate, geology) [Holloway, 1999; Howarth et al.,
2006], N loading (e.g. atmospheric, fertilizer, wastewater) [Galloway et al., 2004],
physical sorption [Triska et al., 1994] and the net result of uptake, retention, and release
by biota [Stumm and Morgan, 1996]. Identifying the spatial and seasonal variability of
LULC impacts on streamwater N represents a significant challenge and highlights a
fundamental gap in understanding of LULC impacts on watershed N export. Addressing
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this need is critical to assessing the potential risk of development and effectively
managing water quality at the watershed scale.
Anthropogenic development can increase watershed N export by adding N from
septic and wastewater effluent, fertilizer, and animal waste [Puckett, 1994] and by
increasing impervious surfaces, clearing vegetation and disturbing soils [Vitousek et al.,
1979]. The relationship between terrestrial N loading and stream N concentration is
complicated because N is not conservative; there is potential for N loading to be
immobilized in terrestrial and stream ecosystems. N immobilization alters the timing,
magnitude, and form of N transported creating complex spatial patterns in streamwater N.
Mechanisms for N immobilization include: (1) microbial denitrification [Brooks et al.,
1996; Burt et al., 1999], (2) plant or microbial assimilation [Hadas, 1992; Wetzel, 2001],
(3) physical sorption [Triska et al., 1994], and (4) biotic and abiotic retention through
iron and sulfur reduction [Brunet and Garcia-Gil, 1996; Davidson et al., 2003].
Stream and riparian ecosystems can be hot spots for N immobilization [Lowrance
et al. 1984; Meyer et al., 1988; Groffman et al. 1996; Hill, 1996; Alexander et al. 2000;
Peterson et al., 2001; Bernhardt et al., 2005]. The potential for N immobilization in
riparian zone can be limited if: (1) hydrological flowpaths bypass the riparian zone, (2)
cold temperatures limit assimilation/denitrification, or (3) there is a lack of labile carbon
required for microbial denitrification [Burt et al., 1999; Dent et al, 2007]. Research has
suggested that the magnitude of instream N immobilization is controlled by stream order,
concentration, and seasonality. Headwater streams are important sites for N processing
and retention [Alexander et al., 2000; Peterson et al., 2001]; however, as uptake
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efficiency in small streams decreases, there is a rise in the relative role of NO3- removal
in larger streams [Mulholland et al., 2008]. Although there can be substantial processing
of N in streams, there may also be concentration and seasonal thresholds, that when
exceeded, the system loses its ability to remove/retain dissolved inorganic N [Alexander
et al., 2000; Dodds et al., 2002; Earl et al., 2006] similar to terrestrial environments
[Aber et al., 1989]. Increased watershed N loading can lead to greater N export to the
stream ecosystem with instream uptake velocity decreasing as the stream approaches N
saturation [Earl et al., 2006], all leading to greater watershed N export. Shortest nutrient
uptake lengths and highest uptake velocities generally occur in spring and summer
[Simon, et al., 2005].
Research in the Rocky Mountain West has indicated peak inorganic N
concentrations occur throughout the winter and decline considerably during the growing
season, suggesting the importance N immobilization [Williams and Melack, 1991; Baron
and Campbell, 1996; Campbell et al., 2000; Kaushal and Lewis, 2003]. There is
potential to increase winter N delivery to streams in mountain resort areas because human
activity often peaks during the winter ski season [Kaushal et al., 2006]. In the winter
increased septic system effluent can leach into shallow, cold soil that has little or no
capacity to transform and assimilate nutrients or retain large inputs of subsurface water;
N may then directly enter shallow groundwater and be readily transported to streams
[Firestone, 1982].
Over the past decade, the Rocky Mountain West has been one of the fastest
growing regions in the country [Hobbs and Stoops, 2002]. With future development,
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there is the potential to increase watershed N loading to sensitive mountain environments,
which may already be showing signs of nitrogen enrichment [Kaushal et al., 2006].
Identifying the spatial and seasonal variability of LULC impacts on streamwater N
represents a significant challenge; however, addressing this need is critical to accurate
modeling and prediction of streamwater N concentrations under changing landscape
and/or climatic conditions. In this study, we investigated the spatial and seasonal
variability of LULC and watershed characteristics influence on streamwater N
concentrations in a developing, high-elevation, mountain watershed. We utilized
streamwater chemistry from six spatial snapshots in time combined with LULC mapping
and terrain analysis in a 212 km2 northern Rocky Mountain watershed undergoing
significant LULC change to address the following questions: (1) is there seasonality in
the spatial pattern of streamwater N?, (2) What is the influence of LULC and watershed
characteristics on streamwater N and do the influences change seasonally?, and (3) What
is the role of the spatial location of N loading?
Methods
Study Area
The West Fork of the Gallatin River in the northern Rocky Mountains of
southwestern Montana (Figure 2.1A) drains Big Sky, Moonlight Basin, Yellowstone
Club, and Spanish Peaks resort areas (Figure 2.1B). The West Fork watershed (212 km2)
is characterized by well-defined steep topography and shallow soils. Elevation in the
drainage ranges from approximately 1800 to 3400 m and average annual precipitation
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exceeds 127 cm at higher elevations and is less than 50 cm near the watershed outlet.
Sixty percent of precipitation falls during the winter and spring months [USDA NRCS,
2008]. Hydrographs of the West Fork River indicate peak flows during spring snowmelt
typically occurring in late May/early June followed by a general recession throughout the
summer, autumn, and winter months.
Streams in the West Fork watershed range from first-order, high-gradient, boulder
dominated mountain streams in the upper elevations to fourth-order, alluvial streams near
the watershed outlet. Stream productivity is generally low due to cold temperatures and
short growing seasons [USDA FS, 2004], however in recent years, increased algal growth
has been noted in streams draining developed subwatersheds near the watershed outlet.
Chlorophyll a data collected in September 2005 suggest that algal growth is elevated
above natural background levels in streams draining developed subwatersheds. Median
Chlorophyll a ranges from 2.5 mg/m2 in pristine low order streams, 20 mg/m2 in pristine
higher order streams to 360 mg/m2 in higher order streams draining more developed
watersheds [PBS&J, 2005].
Diverse geologic materials are present in the West Fork watershed, including
metamorphosed volcanics of Archean age, sedimentary and meta-sedimentary formations
of various ages, and colluvium and glacial deposits that dominate the surficial geology in
valley bottoms. Carbonaceous minerals such as limestones and shales are present in the
mineralogy of some but not all headwater catchments, and quartzite, biotite, gneiss,
gabbros, and sandstones are also present [Alt and Hyndman, 1986; Kellog and Williams,
2006]. The chemical weathering potential of different minerals found throughout the
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study watershed is the focus of a current investigation; however, previous research has
shown that inorganic N can be weathered from layered silicates such as biotite and
muscovite, and sedimentary rocks such as shale [Holloway et al., 1999; 2001].
Vegetation below tree line consists of coniferous forest (lodgepole pine, blue and
Engelmann spruce, and Douglas-fir), grasslands, shrublands, and willow and aspen
groves in the riparian areas. The watershed has a brief growing season from mid-June
through mid-September (75 – 90 frost free days), decreasing with elevation [USDA FS,
1994].
Big Sky Resort was established in the early 1970s and since then, the West Fork
watershed has seen a rapid increase in growth with the addition of three new ski resorts
and golf courses with associated residential development. Since resort development,
streamwater N concentrations in the West Fork of the Gallatin River have followed a
similar upward trend as development [NSF, 1976; Blue Water Task Force, and Big Sky
Water and Sewer District, unpublished data]. The Big Sky Water and Sewer District
services the two village areas with public water supply and sewer in the West Fork
watershed (Figure 2.1B). Public wastewater receives secondary treatment and is released
into 3 sewer detention ponds and stored until mid-spring when it is released as irrigation
water onto the Big Sky Golf Course (Figure 2.1C). Golf course irrigation begins in midspring when the ground thaws and continues through mid-fall, when the ground again
freezes. Areas outside of the sewer district are on individual or community septic
systems and private wells [R. Edwards, personal comm., 2007].
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Synoptic Streamwater
Sampling and Chemistry Analysis
The spatial distribution of watershed N export was explored through synoptic, or
“snapshot-in-time,” sampling in which streamwater was collected in 250 mL high-density
polyethylene (HDPE) bottles from 50 sites across the West Fork watershed within 2-3
hours time (Figure 2.1B). Six repeated synoptic sampling campaigns were conducted to
capture varying hydrological conditions and potential for biological activity (Table 2.1).
Potential biological activity was assumed to be a function of streamwater and air
temperature. Synoptic sampling campaigns conducted in the growing season, mid June
through mid September, were considered “high potential”, while the mid winter synoptic
sampling campaign was considered “low potential”. Synoptic sampling sites were
randomly selected to represent a range of subwatershed characteristics including: LULC,
number of wastewater disposal units, geology, stream order, elevation, and discharge
(Figure 2.1B).
Streamwater samples were chilled and transported to the laboratory where they
were filtered within 24 hours of collection with 0.45 µm Millipore Isopore Polycarbonate
membranes. Filtered water samples were preserved in HDPE bottles at 0 – 4oC until
analysis. Aqueous nitrogen species analyzed included nitrite (NO2-), nitrate (NO3-),
ammonium (NH4+), and organic forms. Water samples collected for this study were
analyzed for all major N species; however, most samples contained NO2- and NH4+ levels
near or below detection limits (5-10 µg/L). We focused on NO3- in this study. NO3- was
analyzed by ion-exchange chromatography (IC) using a Metrohm Peak model 820
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interface equipped with a 4-mm anion-exchange column [Metrohm, Herisau,
Switzerland]. Detection limits for NO3- were 0.011 mg/L NO3-N. Accuracy was within
10% for certified 0.1 ppm NO3--N standards (0.09 ± 0.009 mg · L-1 NO3-N), as measured
every 11th sample. Coefficients of variation (CVs) for NO3- standard peak areas were 2%
or less.
A subset of the filtered streamwater samples were frozen until delivery to the
Woods Hole Whole Marine Microbial Biogeochemistry Lab for isotopic analysis. δ15N
and δ18O of NO3 were analyzed by the Sigman-Casciotti microbial denitrifier method
[Sigman et al., 2001; Casciotti et al., 2001]. Nitrate δ15N and δ18O were calibrated
against USGS32, USGS34, and USGS35 [Casciotti et al., 2007].
Terrain Analysis
The potential impact of LULC along hydrologic flowpaths is partially controlled
by landscape characteristics [Dunne, 1978; Newson, 1997]. LULC change can alter
water flow and biogeochemical processes, which together mediate N movement and
transformation in watersheds [Findlay, 2001; Biggs et al., 2004; Zimmerman et al.,
2006]. Definition of hydrological flowpaths, potential travel times along each flowpath
and the concomitant spatial pattern of N loading across the West Fork watershed are
necessary to explain variability in streamwater N. Hydrological flowpaths can be
estimated by a Digital Elevation Model (DEM) terrain analysis. The West Fork
watershed has steep slopes and predominately shallow soils with high hydraulic
conductivities [USDA SCS, 1978; USDA SCS, 1982]. These conditions often promote
shallow runoff pathways that can result in rapid NO3- delivery to riparian zones and
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streams. Consequently, flowpaths are likely to be well represented by surface
topography. For this study, the MD∞ flow accumulation algorithm [Seibert and
McGlynn, 2007] was used to define the hydrological flowpaths in the West Fork
watershed using a 10m DEM developed by parsing a 1-m resolution Airborne Laser
Swath Mapping data set. The spatial resolution of the 1-m DEM was reduced to improve
computational time and to prevent the terrain analysis software from terminating before
completion.
Our terrain analysis extracted relevant terrain characteristics from the 10m DEM
to use as potential predictor variables for modeling streamwater (NO3-) concentrations.
First, an approximation of water residence time for each grid cell was calculated
[McGuire et al., 2005]. We will refer to this approximation as water travel time (TT). TT
has been shown to have a correlation of 0.91 with mean water residence time [McGuire et
al., 2005]. N export has been shown to be inversely related to watershed residence time
by increasing the potential reaction time for immobilization [Seitzinger et al., 2002]. For
each grid cell, TT is the hydrological flowpath distance to the stream divided by the
gradient over the flowpath. Assuming a constant hydraulic conductivity throughout the
watershed, TT can be viewed as a first approximation of Darcy’s Law:

→

where,

→

→

(2.1)

is the average velocity, K is the hydraulic conductivity, I is the gradient

(slope) along the flowpath to the stream, D is the flowpath distance to the stream, and TT

24
is the travel time from each grid cell to the stream following the topographically driven
flow routing algorithm. Assuming this first-order approximation, TT is a measure of the
travel time from a grid cell to the stream channel.
Riparian areas were computed from the DEM by an automated method in which
all area less than threee meters above the stream along each flowpath was delineated as a
riparian zone [McGlynn and Seibert, 2003]. The method has been field-tested by
comparing terrain based riparian delineation to riparian field surveys performed in
Tenderfoot Creek, Montana (R2=0.97) [Jencso et al., 2010]. Once riparian areas were
delineated, riparian hillslope area ratios (riparian buffering potential) were computed as
the ratio of local riparian area associated with each stream pixel divided by the local
contributing area (lateral upslope inflows) [Beven and Kirkby, 1979]. Stream reach to
stream reach assessment of riparian buffering potential of lateral hillslope inputs is
pertinent in LULC change-water quality analyses because it allows for assessment of
potential riparian buffering down-gradient (along each flowpath) of N inputs.
The subwatersheds for each of 50 synoptic stream sampling sites were delineated
from the flowpath model. The 50 subwatersheds of the West Fork ranged in size from
0.04 km2 to 207 km2. Subwatershed characteristics were extracted to employ as potential
predictor variables in spatial linear models of synoptic streamwater NO3- concentrations
(Table 2.2).
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Statistical Analysis
Potential Predictor Variables: Potential predictor variables were extracted for each
subwatershed to describe subwatershed characteristics and LULC upstream of each
synoptic sampling site (Table 2.2). Septic locations were mapped by masking the Big
Sky Water and Sewer District boundary GIS layer over a 2006 structure layer supplied by
the Gallatin County Planning District. To test the impact of septic location on watershed
N export, septics were also weighted by inverse TT and flowpath distance to the stream
(D). Sites influenced by wastewater input from the golf course were identified through
terrain analysis and confirmed by isotopic analysis of δ15N and δ18O of NO3 [Kendall and
McDonnell, 1998].
Forest cover was delineated from a cloud-free QuickBird scene acquired on July
21, 2005. Geologic maps, acquired from the Montana Bureau of Mines and Geology
[Kellog and Williams, 2005] were used to determine the percent of geology with higher
potential for N weathering in each subwatershed. The Strahler stream order classification
system was used to assess stream order [Strahler, 1952]. Median slope, median aspect,
site elevation, and area of each subwatershed were computed through terrain analysis.
Aspect was converted from a circular variable to a linear variable by computing the
medians of the sine and cosine of the aspect and then converting back to an angle with
arctangent.
Spatial Linear Models: The unidirectional flow of water in stream networks
dictates that each sampling site is influenced by upstream sites; therefore, streamwater
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NO3- concentrations may not be spatially independent. The presence of spatial
dependence violates the assumption of independently and identically distributed (i.i.d.)
errors of most standard statistical procedures. Potentially this can encumber analyses and
threatens statistical and inferential interpretation by leading to: 1) a confidence interval
that is too narrow, 2) underestimation of the sample variance, and 3) inaccurate parameter
estimates [Cressie, 1993; Legendre, 1993]. Although spatial dependency violates
standard statistical techniques, it can used as a source of information in spatial models,
rather than something to be ignored or correct [Carroll and Pearson, 2006].
A spatial linear model is an extension of a general linear model (GLM) in which
the errors are allowed to be spatially correlated. Consider the GLM: Y = βX + ε, where
Y is a nx1vector of observations, X is a nxp matrix of predictor variables, β is a px1
vector of best-fit parameters, and ε is a nx1 vector of random errors. Typically, the
random errors, ε, are assumed to be independent, so var (ε ) = σ2I, where I is the nxn
identity matrix; however, in spatial models, the independence assumption of ε is relaxed
and the values are allowed to be spatially correlated so var (ε) = Σ, where Σ is the
covariance matrix [Cressie, 1993]. Σ is a function of the autocovariance parameters,
which are determined by fitting an autocovariance function to the modeled residuals. In
order for the modeled autocovariance function to be statistically valid, it must produce a
symmetric and positive-definite covariance matrix [Cressie, 1993].
Typically, spatial models are based on Euclidian distance to quantify spatial
dependence [Cressie, 1993]. However Euclidian distance may not best represent distance
in stream networks, and consequently, recent research has begun to use instream distance
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to model stream characteristics [Dent and Grimm, 1999; Gardner et al., 2003; Legleiter
et al., 2003; Ganio et al., 2005]. Concurrently, new geostatistical methodologies to
model stream characteristics have incorporated the unidirectional flow of water by
developing statistically valid covariance measures based on directional hydrologic
flowpath distance [Cressie et al., 2006; Ver Hoef et al., 2006; Peterson et al., 2007].
Directional hydrologic flowpath distance may be more representative of the
unidirectional flow of water and solutes in a stream network.
We applied a geostatistical method, which incorporates spatial dependence of the
data, using a weighted hydrologic flowpath distance developed for stream networks [Ver
Hoef et al., 2006]. Spatial weights are generated using metrics that represent relative
influence of one site on another, such as proportion watershed area at a confluence, to
create more ecologically representative distance measures [Ver Hoef et al., 2006]. To
implement this method, a flow network was derived from the 10m DEM with the
Functional Linkage of Waterbasins and Streams (FLoWS) toolset [Theobald et al., 2005].
The flow network described whether or not a synoptic sampling site was connected to
other synoptic sampling sites by streamflow. In order for two sites to be considered
“flow-connected”, water must flow from one site to another. If water does not flow from
one site to another site (e.g. an adjacent tributary), then the sites are considered “not flow
connected” (Figure 2.2a).
For the purpose of this study, we quantified how much influence an upstream site
had on a downstream site by considering the downstream flow distance (DFD) between
sites and the proportional influence (PI) of streamflow contributed from one site to
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another site. DFD is the total downstream distance between sampling sites along the
flow network and the PI is the influence of an upstream location on a downstream
location based on discharge volume. For this study, watershed area was used as a
surrogate for discharge volume. Watershed area has been shown to be highly correlated
to annual stream discharge (R2 values ranging from 0.92-0.99) in all 18 water resource
regions of the United States [Vogel et al., 1999]. Calculation of the PI of one sample site
on another involves two steps [Peterson et al., 2007]. First, the PI of each segment on
the segment directly downstream is computed by dividing its watershed area by the total
incoming area to the downstream segment (Figure 2.2b). The PIs of the incoming
segments are proportions and will always sum to one. The second step uses the segment
PIs to calculate the PI for each pair of flow-connected sites (Figure 2.2b). The PI for a
pair of sites is equal to the product of the segment PIs found in the downstream path
between them, excluding the segment PI that the downstream site lies on [Peterson et al.,
2007]. For this study, the DFD and PI matrices for each synoptic sampling campaign
were computed from the flow network using the FLoWS toolset. The DFD and PI
matrices must be reformatted before they can be used to create a statistically valid
covariance matrix [Peterson et al., 2007]. The DFD and PI matrices must be forced into
symmetry by adding their respective transposes. Matrix A is created by taking the square
root of the symmetric PI matrix. The symmetric DFD, functions as the lag distance, and
A, as a spatial weights matrix, in development of a spatial linear model.
Spatial linear models for each of six synoptic campaigns were constructed by: (1)
developing a spatial autocovariance model through moving average constructions on
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streams, (2) estimating the autocovariance parameters using restricted maximum
likelihood (REML) [Cressie et al., 1993], (3) applying the covariance matrix to estimate
the fixed effects by generalized least squares, and (4) making predictions using universal
kriging [Ver Hoef et al., 2006]. Statistically valid spatial autocovariance models for
stream networks can be developed using moving average constructions based on
weighted hydrologic distances [Cressie et al., 2006; Ver Hoef et al., 2006]. The spatial
autocovariance functions fitted and compared for each set of modeled parameters
included the linear-with-sill, spherical, Mariah, and exponential autocovariance functions.
For example, a spherical autocovariance model is:

(2.2)

where C1 is an unweighted covariance matrix not guaranteed to be statistically valid at
this point [Ver Hoef et al, 2006], h is hydrologic flowpath distance, and θ0, θ1, and θ2 are
the estimated autocovariance parameters. The autocovariance covariance parameters
must be estimated in order to fit the covariance function to the empirical covariances.
The estimated autocovariance parameters (and θ0, θ1, and θ2) describe how the variability
between data points changes with increasing separation distance. θ0 is the “range”, which
is an indication of the spatial scale at which streamwater N concentrations are spatially
autocorrelated; beyond the range streamwater NO3- concentrations are considered
spatially independent. θ1+ θ2 is the “sill”, which represents the variance found among
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uncorrelated data. θ2 is the “nugget effect”, which represents differences relating to finescale variability as the distance between locations approaches zero, which can result from
experimental error or from variability that is occurring at a scale finer than the study
scale. Finally, the partial sill, which is the difference between the sill and the nugget is
the autocorrelated variation. The autocovariance parameters, θ0, θ1, and θ2, were
estimated by REML.
Finally, the covariance matrix, Σ is computed by applying the Hadamard
(element-wise) product of the unweighted covariance matrix, C1, and the spatial weights
matrix, A [Ver Hoef et al., 2006; Cressie et al., 2006; Peterson et al., 2007]:
(2.3)
Σ was used in the general linear model to estimate the fixed effects by generalized least
squares. Model residuals were assessed to identify outliers. Extreme outliers at the 0.01
significance level were identified by studentized residuals and removed. Leave-one-out
cross-validation predictions were generated to calculate the Root Mean Square Prediction
Error (RMPSE) for each model [Hastie et al., 2001]
The “best” model for each synoptic event was selected by forward and backward
stepwise selection by minimizing the RMSPE (Hastie et al., 2001). RMSPE was used in
model selection because information criteria are invalid when REML is used to estimate
the autocovariance parameters (Verbeke and Molenberghs, 2000). If alternative models
had the same RMSPE then model selection was based on maximizing the r2 value for the
observations and the cross-validation predictions.
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Semivariogram Plots: For visual interpretation, we computed semivariogram plots
of the raw data and the fitted model residuals of streamwater NO3- concentrations. Raw
data semiovariograms provided insight onto whether spatial processes might be
controlling streamwater NO3- concentrations; while the fitted model residual
semiovariograms were used to estimate autocovariance parameters for the spatial linear
model. Semivariograms were computed to compare the degree of similarity among
samples as a function of the instream distance between them:

(2.4)
where

(h) is the estimated semivariance at a separation distance h, N(h) is the number

of paired data with a range of distances (or lag) of h, z(xi) and z(xi + h) are the data at two
locations, and h is the distance between pairs. [Cressie, 1993]. If spatial correlation does
exist, the semivariance increases as the distance between the sites increases.
Semivariograms for flow-connected models should be interpreted with caution because
there is no weighting for flow volume [Ver Hoef et al., 2006].
Results
Spatial variability of streamwater NO3- concentrations within and across synoptic
sampling campaigns is illustrated in Figures 2.3, 2.4 and 2.5. Seasonal synoptic
concentrations were within the range of weekly NO3- time series of two streams, one
draining a pristine watershed and the other a more developed watershed (Figure 2.4).
Streamwater NO3- concentrations were highest in the winter months with median
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concentrations in February and March of 0.17 and 0.14 mg/L-NO3--N, respectively.
Greatest variability of streamwater NO3- occurred in late fall, winter, and early spring,
when the variance of streamwater NO3- in October, February and March was 0.01, 0.15
and 0.08 mg/L NO3--N, respectively (Figure 2.4 and 3.5). NO3--N concentrations
remained elevated at sites draining Lone Mountain (major mountain of Big Sky Resort)
compared to other streams across a range of hydrologic conditions and biological
potential (Figure 2.5). Sites downgradient from wastewater loading were significantly
elevated compared to other sites during the winter/late fall (Figure 2.5). Isotopic analysis
of δ15N and δ18O of NO3- indicate elevated δ15N values, similar to the wastewater
signature [Kendall and McDonnell, 1998], at sites located downgradient from the Big
Sky golf course as compared to other sites. Semivariograms of raw streamwater NO3concentrations at “flow-connected” sites versus “not flow connected” sites illustrate
seasonality in the autocorrelated variation at “flow connected sites” (Figure 2.6). The sill
variance of “flow connected sites” was greater in the late fall, winter, and early spring
semivariograms as compared to late spring, summer, and late summer. The residuals
from linear models fit to the raw streamwater concentrations illustrated spatial structure
(Figure 2.7); therefore, spatial linear models were applied to incorporate spatial
relationships into the modeling process.
Spatial linear models indicate seasonal differences in the influential roles of
LULC and terrain characteristics on streamwater NO3- (Table 2.3). During the late spring
(June), summer (August), and late summer (September), predictor variables
representative of biological processing (riparian buffer potential and percent forest) were
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significant predictors of streamwater NO3- concentrations. In the late fall (October),
winter (February), and early spring (March), N loading variables (i.e. septic, wastewater
and geology) had the highest explanatory power of the streamwater NO3- signal. In mid
summer (August), only one of the N loading variables was significant in predicting
streamwater NO3-, while in the mid winter (February) all of the N loading variables were
significant (Table 2.3).
The autocovariance models fit to the linear model residual semiovariograms
varied by synoptic sampling event (Table 2.4; Figure 2.7); however, the model choice
had little effect on the estimated autocovariance parameters. Seasonality existed in the
range parameter. The range was longest in October and February at 5.03 and 5.51 km
respectively, and lowest in the August and June, when the range was 2.18 and 1.88,
respectively. The nugget was generally low for all models, ranging from 0.00007 to
0.002.
Discussion
The extensive spatial streamwater chemistry data collected over six time periods
covering a range of hydrological conditions and potential biological activity in the West
Fork watershed is a valuable and unique data set for exploring spatio-temporal trends in
streamwater N export and assessing water quality impacts of mountain resort
development. Furthermore, this study is the first study to use extensive spatial data sets
across time employing geostatistical models based on flow-connected hydrologic
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distance measures to examine trends in spatial patterns and seasonal controls of
streamwater chemistry.
Spatial and temporal data indicated that peak streamwater NO3- concentrations in
both pristine and developed watersheds occur throughout the winter and decline during
the growing season (Figure 2.3, 3.4, and 3.5), which is consistent with other research in
mountainous areas throughout the Rocky Mountain West [Williams and Melack, 1991;
Baron and Campbell, 1996; Campbell et al., 2000; Kaushal and Lewis, 2003; Kaushal et
al., 2006]. The magnitude of the winter peak was greater in developed watersheds and
highest at sites downgradient from wastewater loading on the Big Sky Golf Course
(Figure 2.3, 3.4, and 3.5).
Is There Seasonality in the
Spatial Pattern of Streamwater N?
Spatial heterogeneity of streamwater NO3- concentrations existed within and
across synoptic events (Figure 2.3, 3.4, and 3.5). Streamwater NO3- concentrations
remained elevated at sites draining Lone Mountain (Big Sky Resort/Moonlight Basin
resort areas) throughout a range of hydrological conditions and potential biological
potential activity (all 6 synoptic campaigns), while sites downgradient from wastewater
loading at the Big Sky Golf Course were only elevated during the winter and late fall
synoptics (Figures 2.3 and 2.5). Much of Lone Mountain is an alpine environment above
treeline with steep slopes, consisting mainly of talus and scree. There is limited
vegetation below treeline as a result of ski runs and resort development. Riparian areas
are small in these subwatersheds. Conversely, the Big Sky Golf Course is situated in an
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alluvial valley with abundant vegetation, deeper more developed soils, and wider riparian
areas providing an environment more likely to immobilize N loading during the growing
season. Elevated inorganic N concentrations draining talus and scree fields have been
noted in other research [Williams and Tonnessen, 2000; Clow and Sueker, 2000; Hood
and Williams, 2003; Seastedt et al., 2004]. At these high elevations, there is increased
precipitation and potential for increased deposition of inorganic N in areas with shallow
soils, steep talus/scree slopes, and little riparian area with limited potential for N
processing. These spatial and seasonal patterns suggest that N may be immobilized along
upland and riparian flow paths and in the stream network during the late spring, summer,
and late summer in the valley bottom; while at higher elevations on Lone Mountain, there
may be limited N processing and thus, streamwater NO3- concentrations remain elevated
throughout the year (Figures 2.3 and 2.5).
The distance, or range, over which streamwater NO3- concentrations were
spatially correlated differed between seasons (Table 2.4; Figure 2.7). The range of the
semivariograms in the dormant season varied from 3.17 in March to 5.51 km in February,
while during the growing season the range of the semivariograms varied from 1.88 in
June to 2.70 km in September. These differences in spatial dependence, suggest that
streamwater NO3-concentrations are influenced by ecological and hydrological processes
acting at different spatial and temporal scales.
Peterson et al., 2006 found ranges to vary between 20 and 73 km in streamwater
NO3- data collected statewide in Maryland streams during the spring and summers of
1995-1997. Modeled ranges were 20.78, 45.13, and 73.30 depending on the type of
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distance measure used (i.e. Euclidian, symmetric hydrologic flowpath distance, and
weighted asymmetric hydrologic flowpath distance, respectively). In another study using
the same Maryland data set, Yuan [2004] used Euclidian distance measures in
geostatistical models and found the range of streamwater NO3- to be 49 km. The
difference in range values found between Peterson et al. [2006] and Yuan [2004] may be
a result of the differences in the methods used to fit the autocovariance functions: Yuan
[2004] used weighed least squares, while Peterson et al. [2006] used maximum
likelihood Peterson et al. [2006]. In an N-limited desert stream in Arizona, range values
for streamwater NO3-decreased with post-flood successional time from >3000 m during
the first succession to 359 m during the succession survey [Dent and Grimm, 1999]. It is
difficult to compare the results of this study to those of other studies because there are
regional differences in the ecological processes that affect water chemistry [Johnes and
Butterfield, 2002; Clark et al., 2004].
What is the Influence of LULC and
Watershed Characteristics on Streamwater N
and Do the Influences Change Seasonally?
Spatial linear models indicated seasonal shifts in the relationships between LULC
and terrain variables on streamwater NO3-concentrations (Table 2.3). During the dormant
season, predictor variables describing the major sources of N loading (septic, wastewater,
and geology) had positive relationships and were significant in predicting streamwater
NO3- concentrations. The strongest relationships occurred in the mid-winter synoptic
(February) when 90% of the variability in streamwater NO3- was explained by septic,
wastewater and geology, and p-values for all predictor variables were significant at the
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10% level (Table 2.3). Although wastewater was not significant in the early spring
(March) synoptic model (Table 2.3), there was elevated streamwater NO3- at most sites
downgradient of the Big Sky Golf Course (Figure 2.3). The March synoptic was
complicated by a period of above freezing temperatures, melting snowpack at lower
elevations, and slightly elevated discharge. More snowmelt was likely occurring in
watersheds drained by higher-order valley bottom streams, than in the watersheds drained
by low-order high-elevation headwater streams (personal observation).
During the growing seasons, the fitted modeling results suggest the importance of
a biological component in predicting streamwater NO3- (Table 2.3). The significance of
riparian and upland vegetation in the growing season spatial models supports other
research that has shown vegetation to be effective at processing watershed nutrients.
Percent forest, which may be representative of upland N processing, had a significant
negative relationship with streamwater NO3- during the growing season. Riparian
buffering potential was a significant predictor variable of streamwater NO3-, with an
inverse relationship in the late spring (June) and late summer (September) (Table 2.3).
Riparian buffering potential was not a significant predictor of August, October, February,
and March streamwater NO3- concentrations; which may result from a lack of hydrologic
connection between the riparian buffer and the water table [Jencso et al., 2008] and/or
limited biological retention (i.e. microbial and plant assimilation and microbial
denitrification) occurring in riparian areas in the winter.
Investigations of microbial dynamics in alpine tundra and dry meadows revealed
a seasonal pattern wherein plant uptake dominates the summer growing season and
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maximal microbial assimilation takes place in autumn and winter under snowpack
[Brooks et al., 1998; Lipson et al., 1999; Sickman, 2003]; however, microbial activity is
isolated in shallow soil from groundwater and deeper soil [Brooks et al., 1996; 1998;
1999]. These studies found that microbial biomass gradually increased through the
autumn and winter, peaking at the initiation of snowmelt and declining as snowmelt
progressed. Perhaps, microbial assimilation was occurring during the winter, but a lack
of hydrologic connectivity between the shallow soils and the stream network may have
prevented the riparian buffer from immobilizing detectable amounts of N. This may
explain why riparian buffering potential was not found to be a significant predictor in
spatial linear models in October, February and March streamwater NO3-. On the other
hand, in September there was a small rain event just prior and during the September
synoptic sampling campaign, which may have created a riparian/upland connection and
thus the potential for riparian buffering of N along hydrological flowpaths.
Spatial models of June and March synoptic NO3- concentrations had the least
amount of predictive ability. R2 was 0.06 and 0.37, respectively, while RMSPE was
0.045 and 0.059, respectively. Both of these synoptic events occurred during significant
snowmelt events. In March, snowmelt was only occurring at lower elevations, and in
June, snowmelt was only occurring at higher elevations, while the lower elevations were
drying out. During these hydrologic transitional periods, it may be difficult to model the
watershed as a whole since elevational differences exist in hydrological and ecological
processes as a result of temperature, radiation, and snow cover gradients [Seastedt et al.,
2004].
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In the West Fork watershed, development impacts were most apparent in the
winter months when streamwater NO3- concentrations downstream of N loading sources
were two to three times greater than streamwater NO3- concentrations in pristine areas
(Figure 2.3, 3.4, and 3.5). The spatial linear models confirmed the importance of N
loading on streamwater NO3- concentrations in the dormant season. Aber et al. [1989],
proposed a hypothetical timeline for a watershed response to chronic, spatially distributed
N loading from atmospheric deposition. Although N loading in the West Fork watershed
is localized, we propose that it exhibits the same characteristics as spatially distributed N
loading. According to Aber et al. [1989], a sequence of four recognizable stages emerges
in response to long-term loading and leads to seasonal patterns of streamwater NO3concentrations. Stage characteristics range from Stage 0, in which there is a slight
seasonal pattern in streamwater NO3- to Stage 3, in which chronic year-long elevated
NO3- concentrations persist with no recognizable seasonal pattern. Streamwater NO3concentrations in the North Fork, draining a relatively pristine subwatershed, exhibit
slight winter peaks and low concentrations at baseflow (Stage 0). Slightly amplified
streamwater NO3- winter peaks in the South Fork are characteristic of Stage 1, while
amplified winter and summer streamwater NO3- concentrations downstream of
wastewater loading in the Middle Fork suggest Stage 2 conditions (Figure 2.4). We
propose a modified N saturation conceptual model whereby localized N saturation along
upland flowpaths leads to heterogeneity in N saturation state. In addition, this flowpath
saturation and watershed N saturation state heterogeneity results in N dilution during
snowmelt and highest concentrations during winter baseflow.
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Results from this study indicate the importance of investigating across seasons to
elucidate the seasonal impacts of development on streamwater chemistry. Water quality
studies, which focus on water quality during the “critical period” or summer baseflow,
may miss the early characteristics of N enrichment. Without seasonal monitoring of
streamwater N, watershed managers would not be aware of amplified NO3- peaks in the
winter. Streams with low NO3- concentrations in the growing season may still be
exhibiting signs of N enrichment with an amplified winter peak. Knowledge of an
amplified seasonal N pattern, would inform watershed managers of the early stages of N
enrichment, and the future potential of water quality degradation with continued or
increased N loading. Moreover, a complete understanding of the nutrient status of
headwater streams is critical to understand larger scale nutrient issues. For example, the
West Fork of the Gallatin flows into the Mississippi River and eventually the Gulf of
Mexico, which is already experiencing water quality problems due to nutrient
enrichment.
What is the Role of
Spatial Location of N Loading?
Fitted spatial linear models indicate that spatial location of septics along
hydrological flowpaths (i.e. weighted by inverse TT) were significant in predicting
streamwater NO3- concentrations during seasonal transitions (Table 2.3). One would
expect travel time to have an inverse relationship with streamwater NO3- concentrations
because the more time it takes N to travel to the stream, the more reaction time available
for N immobilization to occur. Septic locations weighted by TT was a better predictor of
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streamwater NO3- than unweighted septic locations in March, June, and October; while
unweighted septic was a better predictor during mid-winter (February) (Table 2.3).
During August and September N loading from septics (weighted or not weighted) was
not a significant explanatory variable of streamwater NO3- concentrations. These results
suggest biological processing of terrestrial N loading may be occurring during the
growing season. In mid winter, when there is low potential for biological activity,
terrestrial N loading leaches through cold soils to groundwater and is readily transported
to the stream, while during the growing period with highest potential for biological
activity (August and September), N immobilization (assimilation and denitrification)
along hydrological flowpaths mediates N transport to the stream. In August and
September, septic N loading may be immobilized along hydrological pathways before it
reaches the stream network.
Another way to examine the role of spatial location of N loading is to focus on the
stream network. In other words, does N loading along the stream network have
cascading impacts on streamwater NO3- concentrations downstream? Similar to the
terrestrial impacts of N loading on streamwater NO3-, the impact of spatial location of N
loading along the stream network depends on the time of year. During the growing
season, semivariograms indicate that N loading along the stream network had less
downstream impact on streamwater NO3- concentrations than during the dormant season
(Figure 2.7; Table 2.4). These results suggest N immobilization along upland and
riparian flow paths and/or in the stream network may lead to a breakdown in spatial
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pattern and a lack of spatial correlation, therefore partially mitigating potential
downstream impacts of N loading during the growing season.
Ongoing research in the West Fork watershed will further explore the spatial and
seasonal patterns of LULC and watershed characteristics influences on streamwater NO3by: (1) quantifying instream biological immobilization through space, seasons, and
ambient N concentration via instream N additions across the West Fork watershed, (2)
determining N weathering potential of geologic materials in the West Fork watershed,
and (3) conducting spatially semi-distributed analyses and modeling.
Conclusion
Synoptic sampling approaches in the West Fork watershed of southwestern
Montana provided evidence that spatial and seasonal variability exists in the influences of
LULC and watershed characteristics on streamwater quality. This research suggests that
at lower elevations during periods of high biological potential, N immobilization may
lead to a breakdown of spatial streamwater N patterns, therefore masking or potentially
inhibiting LULC impacts on streamwater NO3- concentrations; however, in highelevation alpine environments, N concentrations remained elevated year-long.
Spatial linear models indicate that there are seasonal differences in the range of
spatial autocorrelation of synoptic streamwater NO3- concentrations: streamwater NO3concentrations are spatially correlated at a larger scale during the dormant season as
compared to the growing season. Spatial linear models of streamwater NO3- revealed
seasonal shifts in the influence of LULC and watershed characteristics on streamwater
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NO3-. In the dormant season, N loading variables explained the most variability in
streamwater NO3- concentrations, while during the growing season, riparian buffering
potential and percent forest most strongly influenced streamwater NO3-. This study
provides valuable insight into the spatial and seasonal influences of LULC impacts on
streamwater NO3- concentrations and variability in mountain streams. As populations in
the Rocky Mountain West continue to rise, incorporating spatial dependence and
seasonality into water quality models will be critical to accurately predict the impact of
future development scenarios and the ramifications of changing climatic conditions.
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Table 2.1: Synoptic sampling event dates and corresponding hydrological condition and
biological activity potential.
Synoptic Date
Hydrological Conditions Biological Activity
September 10, 2005
Baseflow
High Potential
February 12, 2006
Baseflow
Low Potential
June 11, 2006
Snowmelt
Medium Potential
October 16, 2006
Baseflow
Med-Low Potential
March 25, 2007
Pre-snowmelt
Low Potential
August 7, 2007
Baseflow
High Potential

Table 2.2: Potential explanatory variables of streamwater NO3- in the West Fork
watershed.
Variable
# Septic
# SepticTT
#SepticD
Wastewater
Area
Geology
Riparian Buffer
Forest
Order
Slope
Aspect
Elevation

Description
# of septics
# of septics weighed by travel time (TT)
# of septics weighted by distance to the stream (D)
Indicator variable (1 or 0) of wastewater irrigation
Area of subwatershed (km)
Percent geology with higher N weathering potential
Ratio of riparian area to hillslope area
Percent forest coverage
Strahler stream order
Median slope
Median aspect
Elevation at synoptic sampling site
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Table 2.3: Spatial linear models fitted to streamwater NO3- for each synoptic sampling
campaign (see Table 2.2 for variable descriptions).
Explanatory
Synoptic Month
Variables
October 2006
Intercept
(Late Fall)
SepticTT
Wastewater

Coefficient p-value
0.033
0.023
2.379
0.002
0.092
< 0.001

r2
0.75

RMPSE
0.047

February 2006
(Winter)

Intercept
Septic
Wastewater
Geology

0.085
0.0005
0.221
40.0

< 0.001
< 0.001
< 0.001
0.008

0.90

0.037

March 2007
(Early Spring)

Intercept
SepticTT

0.083
1.942

< 0.001
< 0.001

0.37

0.059

June 2006
(Late Spring)

Intercept
SepticTT
Riparian Buffer Potential
Stream Order
Forest

0.209
1.437
-1.441
-0.033
-0.135

< 0.001
0.002
0.004
0.006
0.027

0.06

0.045

August 2007
(Summer)

Geology
Forest

53.5
-0.117

<0.0001
0.003

0.53

0.0203

September 2005 Intercept
(Late Summer) Geology
Wastewater
Forest
Riparian Buffer Potential

0.139
45.42
0.058
-0.018
-0.626

< 0.001
< 0.001
< 0.001
< 0.001
0.077

0.45

0.028
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Table 2.4: Spatial covariance parameters for the spatial linear models fitted to
streamwater NO3- for each synoptic sampling campaign (see Table 2.2 for variable
descriptions).
Autocovariance
Model
Spherical

Nugget
0.002

Partial
Sill
0.003

Range
(km)
5.03

February 2006
(Winter)

Exponential

0.00043

0.00098

5.505

March 2007
(Early Spring)

Linear-with-sill

0.0008

0.002

3.17

June 2006
(Late Spring)

Mariah

0.00016

0.00228

1.88

August 2007
(Summer)

Linear-with-sill

0.00007

0.0005

2.18

September 2005
(Late Summer)

Linear-with-sill

0.0004

0.0002

2.70

Synoptic Month
October 2006
(Late Fall)
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Figure 2.1: (A) Location of the West Fork watershed (212 km2) in southwestern
Montana. (B) Map of the West Fork watershed showing locations of 50 synoptic
sampling sites, building structures, and the Big Sky Water and Sewer District boundaries.
The West Fork (WF) drains into the Gallatin River (a tributary of the Upper Missouri
River) and is comprised of three main tributaries: the Middle Fork (MF), the North Fork
(NF), and the South Fork (SF). (C) An expanded view of the wastewater storage ponds
and the Big Sky Resort Golf Course. Wastewater effluent is stored in the ponds and
irrigated onto the golf course from mid-May through early October.
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Figure 2.2: A simplified example of watershed E and subwatersheds A-D to illustrate
modeled spatial dependence in a stream network. (a) Spatial dependence of stream sites is
considered only if sites are flow connected. If water flows downstream between two sites,
than they are considered “flow connected”. a and c and b and c are “flow connected”
sites, while a and b are “not flow connected” sites. (b)The proportional influence (PI)
matrix represents the influence of an upstream location on a downstream location. The
PI matrix - the PI for a pair of sites is equal to the product of the segment PIs found in the
path between them (modified Peterson et al., 2007 – Figure 2).
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Figure 2.3: Streamwater NO3- concentrations for 6 synoptic sampling campaigns
capturing a range of seasonal hydrological and biological conditions (Table 1). Elevated
NO3- concentrations persist in streams draining Lone Mountain across seasons (grey
ovals), while elevated concentrations downgradient from the Big Sky Golf Course are
elevated only in the winter months during periods of low potential biologic activity (grey
rectangles).
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Figure 2.4: Synoptic NO3- concentrations for the 6 synoptic sampling campaigns
conducted between September 2005 and August 2007. Each boxplot consists of 46-50
data points. Streamwater NO3- concentrations and variability are highest during late fall,
winter, and early spring during periods of low streamflow and limited biologic activity.
The weekly time series for two sites with varying levels of N loading are included for
context and are represented by squares (Middle Fork – high N loading), crosses (South
Fork – medium N loading) and triangles (North Fork – low N loading).

60

Figure 2.5: Median streamwater NO3- concentrations of sites located downgradient from
the Big Sky Golf Course (black circles) and Lone Mountain (black triangles) for each
synoptic event (grey boxplots). Streamwater NO3- at sites draining Lone Mountain
remain relatively elevated throughout the year, while streamwater NO3-concentrations at
sites downgradient from the Big Sky Golf Course exhibit a more amplified seasonal
pattern.
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Figure 2.6: Semivariograms of unmodeled synoptic streamwater NO3-. Seasonality exists
in the degree autocovariance variance between “flow connected” sites (black circles) and
is not apparent in “not-flow connected” sites (grey circles). Dormant season
semivariograms (February -winter, October - late fall and March - early spring) illustrate
a greater autocorrelated variance than growing season (June - late spring, August summer, and September -late summer). This difference in autocorrelated variability
suggests the importance of a biologic component in streamwater NO3- patterns during
periods of high potential biologic activity. Symbol size is proportional to the number of
pairs at each lag distance.
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Figure 2.7: Semivariograms of the spatial model residuals of synoptic streamwater NO3-.
Seasonality exists in the range of spatial dependence between “flow connected” sites
(black circles) and is not apparent in “not-flow connected” sites (grey circles). The range
of spatial dependency is longer in the dormant season (February -winter, October - late
fall and March - early spring) as compared to the growing season (June - late spring,
August - summer, and September -late summer). The shorter range in the growing
season suggests the importance of a biologic component in streamwater NO3- patterns
during periods of high potential biologic activity. Symbol size is proportional to the
number of pairs at each lag distance.
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CHAPTER 3
A MULTI-ANALYSIS APPROACH TO ASSESS THE SPATIO-TEMPORAL
PATTERNS OF WATERSHED RESPONSE TO LOCALIZED
INPUTS OF NITROGEN
Abstract
Understanding the impacts of anthropogenic nitrogen (N) on aquatic ecosystems
and how it may vary across space and time is critical for effectively managing watershed
nitrogen. This research analyzed spatial and seasonal streamwater nitrogen and carbon
concentration data with mass balance calculations and endmember mixing analysis of
nitrate (NO3-) isotopes to examine the effects of anthropogenic N loading on the timing,
magnitude and speciation of watershed nitrogen export and retention. Localized N
loading from development lead to similar N saturation characteristics as spatially
distributed loading from atmospheric deposition. Spatial and seasonal heterogeneity of
watershed N saturation characteristics were exhibited by increased streamwater NO3export and concentrations, elevated dissolved inorganic N:dissolved organic N
(DIN:DON) ratios, lower dissolved organic carbon:total dissolved N (DOC:TDN) ratios,
enriched δ15N of NO3- values, and sustained DON concentrations through snowmelt;
however, biological uptake of N masked enrichment signs during the summer growing
season when N concentrations were relatively low. Endmember mixing analysis of NO3isotopes demonstrated that despite low NO3- concentrations and loads in the summer,
wastewater was the most significant source of streamwater NO3-. Anthropogenic N
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loading that occurred in areas with quick transport and hydrologic connections to the
stream were more apt to display N saturation signals than those areas disconnected or
connected to streams via longer flowpaths for only a small portion of the year.
Watershed N retention estimates confirmed that it is not only the amount of N loading
that controls watershed N export but where on the landscape it occurs and whether it is
localized or spatially distributed. The results of this study provide key insights into
effectively managing watershed N by 1) developing flexible strategies across developing
watershed to address the spatial and seasonally variable influences of anthropogenic N,
and 2) using metrics other than N concentration during periods of high biologic potential
to assess N saturations dynamics.
Introduction
Human activities have greatly increased the amount of bioavailable N over the
past century [Vitousek, 1997] through the addition of fertilizer, manure, wastewater, and
atmospheric deposition [Puckett, 1994], and disturbance and/or removal of soil and
vegetation [Likens, 1970; Vitousek, 1979]. Despite this, N is still the most common
limiting nutrient in North American forested ecosystems [Cole and Rapp, 1981; Vitousek
and Howarth, 1991]. Escalating inputs of anthropogenic N can saturate ecosystems so
that N is no longer the limiting nutrient. Long term spatially distributed inputs (e.g.
atmospheric deposition) of anthropogenic N across the U.S. and northern Europe have
moved numerous ecosystems towards “N saturation” [Aber et al., 1989; Murdoch and
Stoddard, 1992; Lovett et al., 2000; Magill et al., 2000; Baron et al., 2000; Burns, 2003].
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When N saturation is reached, N is no longer the limiting nutrient and additional N inputs
in excess of biological requirements are “leaked” to streams and groundwater, commonly
as nitrate (NO3-) [Gundersen et al., 1998b]. This human induced addition of N to aquatic
ecosystems has led to increased productivity, reduction in species diversity, and in the
most severe cases, eutrophication [Bisson and Bilby, 2001; Folke et. al., 2002].
Related to the accepted catchment-wide N saturation concept, N saturation can
also occur as a result of localized human inputs of anthropogenic N associated with
development (e.g. wastewater effluent, fertilizer, animal waste from
pets/feedlots/corrals). In these scenarios, N inputs are concentrated to localized areas
where they can quickly saturate hydrological flowpaths, transporting excess N directly to
streams and groundwater. Mountain resort development has the potential to exacerbate
these effects by adding N to sensitive, strongly seasonal high elevation ecosystems. A
growing body of evidence has documented increased N export due to mountain resort
development [Coats and Goldman, 2001; Kaushal et al., 2006; Wemple et al., 2007; Burt
and Rice, 2009; Gardner and McGlynn, 2009].
Mountainous watersheds can be particularly susceptible to N enrichment from
resort development because of greater precipitation and the potential for increased
loading of inorganic N in areas with shallow soils, steep talus/scree slopes, and limited
potential for riparian buffering and N processing [Seastedt et al., 2004; Gardner and
McGlynn, 2009]. Furthermore, mountain resort development is frequently concentrated in
riparian areas and valleys, with enhanced opportunity for N transport to aquatic systems
[Hill et al., 1996; Gardner and McGlynn, 2009] or on mountain ridges with steep slopes
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and shallow soils that have little capacity to assimilate N [Seastedt et al., 2004].
Therefore, even modest levels of anthropogenic N loading can have disproportionately
large effects on N dynamics in mountainous headwater ecosystems [Gardner et al., in
review]. Because of this sensitivity to nutrient perturbation, mountain environments can
be ideal field laboratories to study anthropogenic impacts on watershed N cycling.
The degree to which anthropogenic N inputs impact streamwater N can depend
upon the extent and magnitude of nutrient loading and the ecosystem's ability to retain N
[Aber et al., 1989 and 1998; Burt and Rice, 2009]. Terrestrial retention of N can be
influenced by vegetation [Lovett et al., 2002], flowpath travel time [Seitzinger et al.,
2002; Gardner and McGlynn, 2009], riparian area [Hill, 1996; McGlynn and Seibert,
2003; Gardner and McGlynn, 2009], seasonality [Chapin et al., 2002; Gardner and
McGlynn, 2009], and hydrologic connectivity [Creed et al., 1996; Jencso et al., 2009;
Pacific et al., 2010]. Once delivered to the aquatic ecosystem, additional N can also be
immobilized instream via both physical and biological processes [Covino et al., 2010a].
Instream N retention can be a function stream order [Alexander et al., 2000; Peterson et
al., 2001], N concentration [Earl et al., 2006; Covino et al., 2010a, b], seasonality
[Simon, et al., 2005], and upstream retention dynamics [Mulholland et al., 2008].
In addition, terrestrial and instream retention and release of N can be affected by
the relative abundance or “stoichiometric ratios” of carbon (C) and nitrogen (N) due to
the tight coupling of C and N cycles for many biological processes [Sterner and Elser,
2002; Gunderson et al., 1998; Lovett et al., 2002; Dodds et al., 2004; Brookshire et al.,
2005; Goodale, 2005; Aitkenhead-Peterson et al., 2007; Arango et al., 2007] and the
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different ecological and hydrological controls that govern the export of C and N species.
In snowmelt-dominated systems, the majority of DIN, DON, and DOC export occurs
during snowmelt [Baron and Campbell, 1997; Boyer et al., 1997; Campbell et al., 2000a;
Williams et al., 2001; Kaushal and Lewis, 2005; Pacific et al., 2010]. During the rest of
the year, watershed DIN export is largely a function of biotic demand [Aber et al., 1989]
and/or a lack of mobilization [Creed and Band, 1998]. The mechanisms of DOC and
DON (i.e. dissolved organic matter (DOM)) loss can be more complex. DOM is
comprised of a mixture of compounds varying in bioavailability [Findlay and
Sinsabaugh, 1999]. Export of bioavailable DOM is most likely influenced by biotic
demand, while export of less labile DOM is controlled mainly by mobilization [Kaushal
and Lewis, 2003]; however, bioavailable DOM export can occur less readily than DIN
because it is readily adsorbed by mineral soils [Qualls and Haines, 1992]. Since
bioavailability greatly influences DIN uptake and to a lesser extent DON and DOC
uptake, as N limited watersheds become N enriched, additional N inputs should increase
the ratio of DIN to DON and decrease the ratio of C:N. Therefore, the stoichiometric
ratios of C:N and DIN:DON have been suggested as indices of watershed N saturation
status from N limited (low DIN:DON, high C:N) to N saturated (high DIN:DON, low
C:N) [Campbell et al., 2000b; Williams et al., 2001].
Another documented sign of watershed N enrichment is altered seasonal patterns
of streamwater NO3- concentrations [Aber et al., 1989; 1998]. Seasonal patterns of NO3have been attributed to increased N loading during certain times of the year [Kaushal et
al., 2006; Sobota et al., 2009] or seasonal differences in biological retention [Aber et al.,
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1989; Goodale et al., 2000; Gardner and McGlynn, 2009]. In the Rocky Mountain West,
streamwater NO3- concentrations are often highest throughout the winter and decline
considerably during the growing season, suggesting the importance biological N retention
[Williams and Melack, 1991; Baron and Campbell, 1997; Campbell et al., 2000a;
Kaushal and Lewis, 2003]. According to Aber et al. [1989; 1998], with increasing
watershed N enrichment, seasonal streamwater NO3- patterns can eventually exhibit
chronically high NO3- concentrations with no distinguishable seasonal pattern [Aber et
al., 1989; 1998].
Research focused on the anthropogenic impacts on streamwater N has largely
focused on NO3-, despite DON representing the majority of N loss from many systems
[Scott et al., 2007]. Studies that have examined anthropogenic impacts on streamwater
DON show conflicting results. Those studies that have found little anthropogenic
influence on streamwater DON include: Goodale et al. [2000] and Pellerin et al. [2004].
Contrastingly, Van Kessel et al. [2009] documented that DON can be an important vector
of N loss from agricultural land and Stanley and Maxted [2008] documented increased
DON export with urban land, although human impacts on DON export occurred to a
lesser degree than inorganic N.
Identification of watershed N sources and their relative contributions to
streamwater N is critical for implementing effective management strategies that minimize
N loading impacts on streams. Dual isotopic analysis of δ15N and δ18O of NO3- can be
used successfully to identify N sources and determine their relative contributions to
streamwater NO3- [Spoelstra et al., 2001; Chang et al., 2002; Campbell et al., 2002;
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Kaushal et al., 2006; Burns et al., 2009] when the isotopic signatures of primary sources
of NO3- are sufficiently distinct [Kendall and McDonnell, 1998]. Research has shown
that δ15N of NO3- alone can distinguish a domestic wastewater signature from other NO3sources [Aravena, 1993; Kaushal et al., 2006] because wastewater is enriched in δ15N
relative to other N sources (soil, precipitation, mineral weathering). Typically δ15N of
NO3- values of wastewater (+10 to +20o/oo) are higher than other N sources
(<5o/oo)[Kendall and McDonnell, 1998]. δ18O values of NO3- have also worked well to
separate atmospheric NO3- from other N sources [Spoelstra et al., 2001; Campbell et al.,
2002; Chang et al., 2002; Burns, 2009], because the δ18O values of atmospheric NO3- are
typically quite high (>+60o/oo) [Elliot et al., 2007] relative to other sources that are often
<25o/oo.
Although identifying the spatial and seasonal variability of anthropogenic impacts
on streamwater N represents a significant challenge, isotopic data can add significant
analysis power when combined with spatial and temporal streamwater chemistry, and
mass balance export calculations. Mass balance approaches can provide insight into
ecological controls on N retention and export at the watershed scale [Baron and
Campbell, 1997; Burns, 1998; Sickman et al., 2001; Groffman et al., 2004; Judd et al.,
2007; Claessens et al., 2009]. Therefore, multi-analysis approaches can aid assessment
of watershed N saturation state and assist identification of watershed N sources
contributing to its N status. This is critical to recognizing early signs of N enrichment.
Here we present multiple sources of contemporary field data, including synoptic
and temporal sampling for NO3-, DON and DOC streamwater chemistry and isotopic
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ratios of NO3-, analyzed by mass balance calculations and endmember mixing analysis to
examine the effects of anthropogenic N loading on the timing, magnitude, and speciation
of watershed N export and retention in watersheds exhibiting varying degrees of
watershed N saturation. We address the following research questions: 1) Does
anthropogenic N loading influence the spatio-temporal patterns of watershed N and C
export, retention, concentrations, and stoichiometric ratios? 2) Do localized inputs of
anthropogenic N lead to similar stages of watershed saturation observed at the watershed
outlet as spatially distributed inputs from atmospheric deposition?, and 3) Are there
spatial and/or seasonal variations in the impact of anthropogenic N loading on
streamwater NO3-?
Methods
Study Area
The West Fork of the Gallatin River in the northern Rocky Mountains of
southwestern Montana (Figure 3.1A) drains the Big Sky, Moonlight Basin, Yellowstone
Club, and Spanish Peaks resort areas (Figure 3.1B). The West Fork watershed (212 km2)
is characterized by well-defined steep topography and shallow soils. Elevation in the
drainage ranges from approximately 1800 to 3400 meters and average annual
precipitation exceeds 1270 mm at higher elevations and is less than 500 mm near the
watershed outlet. Sixty percent of precipitation falls during the winter and spring months
[USDA NRCS, 2008]. Hydrographs of the West Fork River exhibit peak flows during
spring snowmelt typically occurring in late May/early June followed by a general
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recession throughout the summer, autumn, and winter months.
The West Fork watershed has steep slopes and predominately shallow soils with
high hydraulic conductivities [USDA SCS, 1978; USDA SCS, 1982]. These conditions
often promote shallow runoff pathways that can result in rapid NO3- delivery to riparian
zones and streams. Shallowest soil depths are in alpine areas, where soil depth can range
from zero to less than one meter. Deeper soils exist near the watershed outlet where soil
depths can be up to two meters.
Streams in the West Fork watershed range from first-order, high gradient, boulder
dominated mountain streams in the upper elevations to fourth-order, alluvial streams near
the watershed outlet (Table 3.1). Stream productivity is generally low due to cold
temperatures and short growing seasons [USDA FS, 2004], however in recent years,
increased algal growth has been noted in streams draining developed subwatersheds near
the watershed outlet. Chlorophyll a data collected in September 2005 suggest that algal
growth is elevated above natural background levels in streams draining developed
subwatersheds. Median Chlorophyll a ranged from 2.5 mg m-2 in pristine low order
streams, 20 mg m-2 in pristine higher order streams to 360 mg m-2 in higher order streams
draining more developed watersheds [PBS&J, 2005].
Diverse geologic materials are present in the West Fork watershed, including
metamorphosed volcanics of Archean age, sedimentary and meta-sedimentary formations
of various ages, and colluvium and glacial deposits that dominate the surficial geology in
valley bottoms. Carbonaceous minerals such as limestones and shales are present in the
mineralogy of some but not all headwater catchments, and quartzite, biotite, gneiss,
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gabbros, and sandstones are also present [Alt and Hyndman, 1986; Kellog and Williams,
2006]. Chemical weathering experiments of different rock types found throughout the
study watersheds showed that Cretaceous carbonate rocks produced enough nitrogen to
be considered an important source of inorganic nitrogen to certain streams in the
watershed [Ackerman et al., in prep.]. Other research has shown that inorganic N can be
weathered from layered silicates such as biotite and muscovite, and sedimentary rocks
such as shale [Holloway et al., 1999; 2001]. Vegetation below tree line consists of
coniferous forest (Lodgepole pine, Blue and Engelmann spruce, and Douglas fir),
grasslands, shrublands, and willow and aspen groves in the riparian areas. The watershed
has a brief growing season from mid June through mid September (75 – 90 frost free
days), decreasing with elevation [USDA FS, 1994].
Big Sky Resort was established in the early 1970’s and since then, the West Fork
watershed has grown rapidly with the addition of three new ski resorts and golf courses
with associated residential development. Since resort development, streamwater NO3concentrations in the West Fork of the Gallatin River have followed a similar upward
trend as development (Figure 3.2). The Big Sky Water and Sewer District services the
two village areas with public water supply and sewer in the West Fork watershed (Figure
3.1B). Public wastewater receives secondary treatment and is released into three lined
sewer detention ponds and stored until mid-spring when it is released as irrigation water
onto the Big Sky Golf Course (Figure 3.1C). Golf course irrigation begins in mid spring
when the ground thaws and continues through mid fall, when the ground again freezes.
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Areas outside of the sewer district are on individual or community septic systems and
private wells [R. Edwards, personal comm., 2007].
Watershed Streamwater and Snow Sampling
The spatial distribution of watershed NO3-, DON and DOC concentrations and
export was measured through synoptic, or “snapshot-in-time,” sampling in which
streamwater was collected in 250 mL high-density polyethylene (HDPE) bottles from 50
sites across the West Fork watershed within 2-3 hours time (Figure 3.1B). Six repeated
synoptic sampling campaigns were conducted to represent a range of hydrological
conditions and potential biological activity. In addition, weekly samples were collected
at 7 sites between September 2005 and August 2007 (Figure 3.1B). Sampling sites were
selected to represent a range of subwatershed characteristics including: development
intensity, number of wastewater disposal units, geology, stream order, elevation, and
discharge (Figure 3.1B). In addition to the streamwater samples, wastewater and snow
samples were collected for solute and isotopic analysis. Wastewater was collected from
Big Sky Water and Sewer effluent. Snow cores were collected at five sites across the
watershed in 2006 and 2007. Snow was transferred from the cores into plastic bags and
transferred to the laboratory for solute and isotopic analysis.
Chemical Analysis of Water and Snowpack Samples
Streamwater and snowpack samples were filtered within 24 hours of collection
with 0.45 µm Millipore Isopore Polycarbonate membranes. Filtered water samples were
preserved in HDPE bottles and frozen until analysis. Aqueous nitrogen species analyzed
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included nitrite (NO2-), NO3-, ammonium (NH4+), and total dissolved nitrogen (TDN).
DON was computed as the difference between TDN and DIN. In this study, we focus on
NO3- and DON since most samples contained NO2- and NH4+ levels near or below
detection limits (0.005-0.01 mg L-1). NO3- was analyzed by ion-exchange
chromatography (IC) using a Metrohm Peak model 820 interface equipped with a 4-mm
anion-exchange column [Metrohm, Herisau, Switzerland]. Detection limits for NO3were 0.011 mg L-1 NO3--N. Accuracy was within 10% for certified 0.4 mg L-1 NO3--N
standards (0.09 ± 0.009 mg L-1 NO3-N), as measured every 11th sample. Coefficients of
variation (CVs) for NO3- standard peak areas were 2% or less.
Concentrations of DOC and TDN were measured simultaneously by oxidative
combustion at 720 oC on a Shimadzu TOC-VCSH Carbon Analyzer attached to a TNM-1
total nitrogen measuring unit (Shimadzu Corp., Kyoto, Japan). Detection of DOC was by
a non-dispersive infrared CO2 detector and combustible N was detected as excited NO2
by chemiluminescence. Samples were acidified to 2% HCl and sparged for 2 minutes
prior to analysis. The DOC detection limit was 0.07 mg L-1 C, while TDN detection was
0.02 mg L-1 N. Both DOC and TDN accuracy were measured as the percent difference
from a deep seawater reference standard purchased from the University of Miami (FL).
These values ranged from less than 1% to 11% error for DOC, and less than 1% to 10%
error for TDN. Coefficient of variation (%) for both DOC and TDN ranged from 0 - 4%.
A subset of the filtered streamwater, wastewater, and snowpack samples were
frozen until delivery to either the Woods Hole Marine Microbial Biogeochemistry Lab or
the University of California-Davis Stable Isotope Facility for isotopic analysis. δ15N and
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δ18O of NO3- values were analyzed by the Sigman-Casciotti microbial denitrifier method
[Sigman et al., 2001; Casciotti et al., 2001]. δ15N and δ18O of NO3- values are reported
relative to the standard AIR and VSMOW, respectively.
Stream Discharge Measurements
AquaRod® capacitance probes (Advanced Measurements and Controls,
Washington, USA) recorded continuous stream height at 30-minute intervals between
April and October of 2006-2007 with an accuracy of 3 mm. Stream discharge was
calculated from stage-discharge rating curves developed from discharge measurements
collected over the full range of streamflow. Stream gauging was performed by the
velocity area method with a Marsh-McBirney Flo-Mate Model 2000 portable flowmeter.
Discharge over the rest of the study period was manually measured weekly.
N Export, Loading, and Retention Calculations
Streamwater export was approximated for NO3-, DON, TDN, and DOC over
2006-2007 by multiplying weekly measured streamwater chemistry by measured
discharge. In locations and on dates when discharge was not measured at the time a
water chemistry sample was collected, area-weighted discharge was calculated from
regression relationships determined for a range of streamflows between measured weekly
streamflow at 9 sites distributed across the West Fork watershed and the U.S. Geological
Survey streamflow gauge at Gallatin Gateway, Montana. Watershed area was a good
predictor of streamflow across a range of streamflows (all R2.values greater than 0.95).
Annual streamwater NO3-, DON, TDN, and DOC export, reported as kg ha-1yr-1, was
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determined by summing daily flux, which was linearly interpolated between weekly flux
calculations.
To compute seasonal export, seasons were defined based on the measured
hydrograph and observed weather parameters. Winter was defined as October 1st through
March 31st and is a period of minimum streamflow and least potential for biologic
activity. Snowmelt, defined as April 1st through July 15th, is a period of maximum
discharge. Summer, defined as July 16th through September 31st, is a period of declining
discharge and maximum potential for biological activity.
Sources of N loading considered for this analysis were wastewater (public
wastewater treatment plant effluent and residential septic systems), and dry and wet
atmospheric deposition. We recognize that other N sources exist, but were excluded
because of lack of data and consequent uncertainty (i.e. N fixation, small-scale fertilizer
application, and mineral weathering). Estimates of wastewater and septic effluent and
atmospheric deposition N loads were computed by the Big Sky Nutrient Export model
(BiSN) [Gardner et al., in review]. BiSN estimated atmospheric N deposition and
wastewater N loading by strictly constraining their likelihood distributions by field
observation data, while septic N loading was loosely constrained (by an order of
magnitude) by reported values in the literature [EPA, 2002] (for more details see Gardner
et al., in review or Chapter 4, Table 4.1). Annual N retention was calculated by
subtracting observed watershed N export from estimated N loading. Since N loading was
more likely underestimated than over estimated (absence of N fixation, fertilizer
application, and mineral weathering inputs), watershed N retention was also likely
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underestimated. On the other hand, a lack storm event sampling likely underestimated N
export, which would have overestimated watershed N retention; however, since the
majority of N flux occurs during spring runoff in the snowmelt dominated West Fork
watershed, storm event N export is most likely a minor proportion of annual N export.
Snowmelt exports 70 to 80 percent of the annual flux of solute and water in watersheds
like the West Fork [Baron and Campbell, 1997].
Isotopic Separations of Streamwater NO3- Sources
Three-component tracer separations of δ15N and δ18O values of streamwater NO3- were
used to approximate relative sources of streamwater NO3-. The three sources of
streamwater NO3- considered for this analysis were wastewater, atmospheric deposition,
and soil water and were estimated by the following mass balance equations originally
developed for three-component hydrograph tracer separations [DeWalle et. al., 1988]:
Qstreamflow = Qatmospheric deposition + Qwastewater + Qsoilwater

(1)

Astreamflow = fatmospheric depositionA1 + fwastewaterAwastewater + fsoilwaterAsoilwater

(2)

Bstreamflow = fatmospheric depositionB1 + fwastewaterBwastewater + fsoilwaterAsoilwater

(3)

where, A represents the “concentrations” of 15N or δ15N values and B represents the δ18O
values. The wastewater δ15N and δ18O of NO3- endmember was determined from Big
Sky Water and Sewer treated effluent. The average snowpack δ15N and δ18O values
represented the atmospheric deposition endmember. The soil water endmember was not
directly measured and was estimated through examination of isotopic values from
pristine sites during baseflow and from weathered parent material [Ackerman et al., in
prep.]. Uncertainty in the three-component tracer was assessed [Genereux, 1998].
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Results
Spatial and Seasonal Patterns of NO3-, DON and DOC Concentrations
Spatial and seasonal variability of streamwater NO3-, DON and DOC
concentrations existed across the West Fork watereshed (Figures 3.3 and 3.4).
Synoptically sampled streamwater NO3- concentrations were highest in February
(dormant season) when median concentrations were 0.17 mg L-1 NO3--N, and lowest in
June (snowmelt) and August (growing season), when median concentrations were 0.04
and 0.03 mg L-1-N, respectively (Figure 3.3A, Table 3.2). NO3- concentrations remained
elevated at sites draining Lone Mountain (major mountain of Big Sky Resort) compared
to other streams across a range of hydrologic conditions and biologic potential.
Streamwater NO3- concentrations at sites downgradient from wastewater loading in
Meadow Village were significantly elevated compared to other sites in the winter (see
Gardner and McGlynn [2009] for more details).
Watershed DON and DOC concentrations were highest during snowmelt when
median concentrations were 0.19 and 2.49 mg L-1, respectively (Table 2). Median DON
concentration was lowest during the summer growing season (0.03 mg L-1-N), while the
median DOC concentration was at a minimum during the winter dormant season (0.75
mg L-1) when deeper groundwater was the primary source of streamflow. The synoptic
sampling events illustrated no apparent spatial patterns in DON and DOC concentrations
at any time of year.
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Synoptically sampled DIN:DON ratios were highest during the winter dormant
season (median=1.31), driven primarily by high DIN concentrations, and lowest during
snowmelt (0.22), driven by low DIN concentrations and elevated DON concentrations
(Figure 3.3B, Table 3.2). DIN:DON ratios were generally lowest during the summer
growing season except for streams draining high-elevation alpine areas. DOC:TDN
ratios were highest during the summer growing season (median=124.55), driven by low
TDN concentrations, and were lowest during the winter dormant season (median=2.26),
driven by low DOC concentrations and high TDN concentrations (Figure 3.3C).
Concentration data from weekly sampling at the outlets of the three main
tributaries (the South, Middle, and North Forks) of the West Fork illustrated seasonally
dynamic DOC, DON, and NO3- concentration patterns (Figure 3.4). Maximum NO3concentrations in all three tributaries occurred through the winter dormant season until
the onset of snowmelt when concentrations declined and remained low through the
summer growing season. As the growing season ended, concentrations began increasing
towards winter highs. Winter NO3- concentrations were amplified in developed streams
(Middle Fork and South Fork) as compared to the relatively pristine North Fork (Figure
3.4A). Average winter NO3- concentrations in the Middle Fork were 3.5 times higher
than the NO3- concentrations in the North Fork (0.48 mg L-1-N vs. 0.14 mg L-1-N) and
twice the NO3- concentrations in the South Fork (0.24 mg L-1-N).
While biologic activity (season) appeared to influence NO3- concentration
patterns, hydrology appeared to control DON and DOC concentration patterns (Figures
4B and 4C). Both DON and DOC concentrations peaked during snowmelt, with
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maximum DOC concentrations occurring just prior to the maximum DON concentration.
No discernable temporal concentration pattern existed for DON or DOC throughout rest
of the year. Comparison of the three main tributaries revealed DON concentrations two
times greater in the Middle Fork as compared to the South Fork and the North Fork (0.06
vs. 0.03 mg L-1 -N) during baseflow.
Time series of stoichiometric ratios illustrated that the relative abundance of
DIN:DON and DOC:TDN exhibited a high degree variability throughout the year
(Figures 3.4D and 3.4C). In general, DIN:DON ratios were highest during the winter,
when potential for biological activity was low. These high ratios were a result of high
DIN concentrations and low DON concentrations. DOC:TDN ratios peaked at the onset
of snowmelt at the DOC concentration peak and remained low the rest of the year.
NO3-, DON, and DOC concentration-discharge relationships for the upper North
Fork (UNF) and lower Middle Fork (LMF) are illustrated in Figure 3.5. These two
subwatersheds represent two extremes in watershed and land use characteristics; LMF is
a highly-developed, unconfined, valley-bottom stream receiving high anthropogenic N
loading, while UNF flows through a relatively narrow confined forested landscape with
minimal human impact (Table 3.1). Like their contrasts in landscapes and anthropogenic
influence, the N and C hysteresis patterns of the two subwatersheds differ in magnitude
and shape. The NO3- versus stream discharge hysteretic loops were clockwise and
banana shaped; concentration sharply declined with initial increase in discharge followed
by a gradual decline until the descending limb discharge reached a near minimum and
concentration began to rise (Figure 3.5A). Although the general shapes of the LMF and
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UNF NO3- hysteresis loops were similar, streamwater NO3- concentrations at LMF
increased more sharply on the descending limb of the hydrograph. Another difference
was the magnitude of streamwater NO3- concentrations; minimum streamwater NO3concentrations at LMF were an order of magnitude higher than UNF (0.05 mg L-1-N vs.
0.005 mg L-1-N).
Compared to NO3-, DON and DOC hysteresis loops were more rounded
corresponding to overall less dramatic changes in concentration with discharge (Figures
3.5B and 3.5C). Peak DON preceded peak DOC and increased towards the end of
snowmelt at both LMF and UNF, while DOC remained low on the descending limb
(Figure 3.5C). The DON concentration loop at LMF was the only loop to exhibit
counter-clockwise hysteresis (Figure 3.5B); the highest DON concentrations were
sustained for a longer period of time after peak runoff. Though not as large as the
difference in NO3- concentrations, the DOC and DON concentration peaks at LMF were
greater than those at UNF: peak DOC at LMF was 5.5 mg L-1 versus 3.7 mg L-1 at UNF,
while peak DON was 0.18 mg L-1-N at LMF versus 0.08 mg L-1-N at UNF. In addition,
at LMF DOC peaked much earlier at the onset of snowmelt, than UNF suggesting a near
stream source of high DOC at LMF.
The stoichiometric ratio hysteresis loops at LMF and UNF differed in shape and
magnitude (Figures 3.5D and 3.5E). In both streams, DIN:DON generally decreased with
increasing discharge (Figure 3.5D); however, DIN:DON increased at LMF on the
descending limb of the snowmelt hydrograph, while at UNF, DIN:DON remained
relatively constant. The magnitude of DIN:DON was 2.5 times greater at LMF compared
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to UNF during at the onset of snowmelt, but that difference waned with increasing
discharge. In both streams, DOC:TDN increased with increasing discharge, peaked prior
to peak discharge and then decreased to a relatively constant level for the remainder of
snowmelt (Figure 5E). At peak discharge, DOC:TDN was 4 times greater at LMF
compared to UNF, driven by higher DOC concentrations.
Annual and Seasonal NO3-, DON, and DOC export
Annual NO3-, DON and DOC export data are presented in Table 3.3 and Figures
3.6, 3.7A, and 3.8A. Average annual TDN export for streams within the West Fork
watershed varied from 0.37 to 0.81 kg ha-1 yr-1. DON was the dominant form of TDN in
all watersheds (60% – 70%) except for LMF (Figures 3.6 and 3.7), where DON
represented only 40% of annual TDN export. DON export ranged from 0.23 to 0.63 kg
ha-1 yr-1 from the upper Middle Fork (UMF), which is downstream of an extensive
wetland complex. Annual NO3- export varied from 0.14 kg ha-1 yr-1 from the lower North
Fork (LNF) to 0.48 kg ha-1 yr-1 at LMF, which is downstream of significant
anthropogenic loading from Meadow Village. Annual DOC export was greatest at UMF
(14.12 kg ha-1 yr-1) and lowest at UNF (5.91 kg ha-1 yr-1). Annual DIN:DON ratios varied
from 0.29 at UMF to 1.60 at LMF. Annual DOC:TDN ratios were relatively uniform
throughout the watershed. DOC:TDN ranged from 12.03 at LMF, driven by high TDN
values, to 17.41 at UMF, driven by high DOC values.
The West Fork watershed exhibited a high degree of seasonality in the magnitude
and relative abundance of NO3-, DON and DOC export. The majority of NO3-, DON and
DOC export occurred during snowmelt when 71, 92, and 93%, respectively was
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transported from the basin (Figures 3.7C, and 3.8C). For all tributaries, NO3-, DON and
DOC mass export declined on the descending limb of the snowmelt hydrograph and
remained relatively constant for the rest of the year (Figure 3.6B). The watershed was
the most retentive of NO3-, DON and DOC during the summer, exporting only 5.1, 3.8,
and 2.5% of the annual NO3-, DON, and DOC, respectively (Figures 3.7D and 3.8D).
During baseflow, LMF exported NO3- at twice the rate of the other main West Fork
tributaries (Figure 3.6).
Seasonal differences in the relative abundance of DIN and DON and TDN and
DOC export were observed across the West Fork watershed. In the winter, NO3- was the
most abundant form of TDN exported from all subwatersheds; median DIN:DON ratios
were 2.25, ranging from 4.3 at LMF to 1.4 at LNF (Figure 3.7B). During summer and
snowmelt, DON constituted the majority of TDN in all tributaries except for LMF
(Figures 3.7C and 3.7D). At LMF, the DIN:DON ratio was greater than one throughout
the year and was consistently higher than other tributaries (Figures 3.7B, 3.7C, and
3.7D). DOC:TDN ratios were highest during snowmelt in all streams except for the West
Fork (WF), driven by high DOC concentrations (Figure 3.8C), and lowest during the
dormant season (Figure 3.8D). DOC:TDN ratios were lowest at LMF throughout the
year caused by high concentrations of TDN.
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Annual Watershed N Loading
and Watershed N Retention
Estimated N loads to the West Fork watershed were 3.85 kg ha-1 yr-1, with
subwatershed N loads ranging from 3.41 kg ha-1 yr-1 to the South Fork (SF) to 4.66 kg ha1

yr-1 at UMF (Figure 3.9, Table 3.4). The highest N loads at UMF corresponded with

highest watershed TDN and DON export but not the highest watershed NO3- export
(Table 3). Instead, the highest watershed NO3- export corresponded to the highest
wastewater N loads at LMF (Table 3.5). Across the West Fork watershed, atmospheric
deposition was by far the greatest contributor to watershed N loads (Figure 3.9, Table
3.5); wet deposition N loads varied between 2.66 to 3.14 kg ha-1 yr-1 because of elevation
differences in precipitation, while dry deposition N loads were estimated as 0.26 kg ha-1
yr-1 across subwatersheds. Septic loads varied from 0.005 kg ha-1 yr-1 at UNF to 1.74 kg
ha-1 yr-1 at UMF. Only two subwatersheds received wastewater N loading, which
contributed about five percent of the N load to LMF and only two percent of the N load
to WF.
Estimates of watershed N retention ranged from 81 to 89% for TDN, 92 to 96%
for NO3-, and 87 to 93% for DON (Table 3.4). The relationships between N loading and
watershed TDN, NO3-, and DON retention were best described by linear models (Figure
3.10). Thus, according to the Michaelis-Menten kinetic model, the streams of the West
Fork watershed grouped together were well below N saturation [Earl, 2006]. The linear
relationships between N loading and watershed NO3-, DON, and TDN were highly
significant with adjusted R squares of 0.93, 0.92, and 0.92, respectively. As expected in
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an N limited system, the slope of the relationship between watershed N loading and
watershed N retention for NO3- (0.93) was highest, indicating NO3- was retained at a
higher rate than TDN (0.83) or DON (0.90).
Isotopic Separation of Streamwater NO3- Sources
Spatial and seasonal isotopes of streamwater NO3- identified variability of
streamwater NO3- sources and the influence of anthropogenic N on streamwater NO3(Figure 3.11, 3.12, 3.13, 3.14, and Table 3.7). The wastewater effluent endmember
(+12.2, -2) and the atmospheric endmember (-2, +76.5) were in the range of widely
documented wastewater (-2 to +10o/oo, 0 to +25o/oo) and precipitation values (+20 to
+70o/oo, -3 to +10o/oo) [Kendall and McDonnell, 1998]. The mineral weathering
endmember (+2.1, +5.25) [Ackerman et al., in prep.] was similar to values found by
Goodale et al. [2009]. Summer synoptic δ15N of NO3- values ranged from +0.56 to
+10.92o/oo and δ18O of NO3- values ranged from -6.94 to +0.61o/oo (Figure 3.11 and
3.12B). Winter synoptic δ15N of NO3- values were similar to summer δ15N of NO3values (+0.2 to +9.75 o/oo), while winter synoptic δ18O of NO3- values were lower than
summer values, ranging from -3.7 to -12.02o/oo (Figure 3.12A). δ15N of NO3- values were
enriched at sites located downgradient from Meadow Village during summer and winter
baseflow (+7.6 - +10.9o/oo), indicating a wastewater influence on the streamwater NO3concentrations observed at these sites (Figure 3.11, 3.12, and 3.13). On the other hand, at
sites draining Lone Mountain δ15N of NO3- values ranged from +0.55 to +1.6o/oo
indicating that observed elevated streamwater NO3- concentrations at these sites were not
influenced by wastewater (Figure 3.12).
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NO3- isotopic data from the main West Fork tributaries illustrated seasonal
variability of streamwater NO3- sources (Figure 3.13 and 3.14). δ15N of NO3- values at
LMF varied from +5.8o/oo during snowmelt to +9.2o/oo during winter and +10.9 o/oo in the
summer, signifying a greater wastewater contribution to summer and winter baseflow
NO3-. Wastewater also contributed more to δ15N of NO3- values at SF during baseflow,
when δ15N of NO3- values varied from +2.5o/oo during snowmelt to +4.5o/oo during winter
and +6.5o/oo in the summer. There was no significant variability in the δ15N of NO3values at the pristine site, LNF. δ18O of NO3- was enriched for all tributaries during
snowmelt indicating an increase in an atmospheric NO3- source (Figure 3.13).
A three-component mixing model determined streamwater NO3- sources at LMF,
SF, and LNF (Equations 1 thru 3, Figure 3.13, Figure 3.14, and Table 3.7). Since δ15N
and δ18O values of soil water NO3- were not directly measured, the soil water
endmember was assumed to be the average δ15N and δ18O values at sites with no
wastewater influence (+3.5 +15o/oo, -6 +6o/oo), which fell in the range of typical soil water
values [Kendall and McDonnell, 1998]. Soil water was the biggest contributor to
streamwater NO3- across seasons at SF and LNF. At SF, soil water contributed 77% of
streamwater NO3- in the winter, 92% during snowmelt, and 61% in the summer. At LNF,
soil water contributed 100% of streamwater NO3- in the winter, 87% during snowmelt,
and 100% in the summer. At LMF soil water was the biggest contributor of streamwater
NO3- only during snowmelt (73%). During winter and summer baseflow, wastewater was
the largest source of streamwater NO3- (summer = 87% and winter = 68%). Although the
overall amount of wastewater contributions was less than LMF, the same pattern was
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observed at SF, where wastewater contributed 22, 16, and 0% of summer, winter, and
snowmelt NO3- concentrations, respectively. Atmospheric NO3- contributed 6, 8, and
13% of streamwater NO3- at LMF, SF, and LNF, respectively during spring runoff.
Discussion
This research combined spatial snapshots (synoptic) and weekly sampling at
multiple catchments of NO3-, DON, DOC and NO3- isotopes to provide insight into the
internal processes controlling nutrient dynamics. Few studies have simultaneously
considered spatial and time series data to assess watershed solute export. Results
revealed that within the West Fork watershed, subwatersheds exhibited considerable
variability in 1) the annual and seasonal magnitude of NO3-, DON and DOC export, 2)
seasonal NO3- and DON concentration patterns, 3) the relative abundance of DIN and
DON and DOC and TDN, 4) watershed N saturation status, and 5) N sources.
Does Anthropogenic N loading Influence the
Spatio-Temporal Patterns of NO3-, DON and
DOC Export, Concentrations and Stoichiometric Ratios?
Annual NO3-, DON and DOC Export: The magnitude of NO3-, DON and DOC
exported annually from the West Fork watershed was comparable to other mountainous
watersheds in western U.S. NO3- export from the West Fork watershed varied from 0.14
- 0.48 kg ha-1yr-1, while three subwatersheds of the Blue River in Summit County,
Colorado of mixed land use varied from 0.26 – 0.45 kg ha-1yr-1 [Kaushal and Lewis,
2003; Kaushal and Lewis, 2006] and two undeveloped headwater watersheds in the
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Sierra Nevada mountains were 0.45 and 0.56 kg ha-1yr-1 [Lewis et al., 1999] (Table 3.3,
Table 3.6). While NO3- export from the West Fork watershed was considerably less than
values recorded at two high-elevation Colorado Rocky watersheds: the Loch Vale
watershed in Rocky Mountain National Park (1.7 – 3.9 kg ha-1yr-1) [Baron and Campbell,
1997; Campbell et al., 2000] and just south, at the Green Lakes Valley watershed, (1.62 –
2.13 kg ha-1yr-1) [Williams et al., 2001]. These comparisons support past research
indicating that watersheds receiving greater anthropogenic N loads can export more NO3than other watersheds [Aber et al., 1989; Williams et al., 1996; Gundersen et al., 1998b].
N deposition at the Loch Vale and Green Lakes Valley on the eastern slope of the Rocky
Mountain Front is greater than watersheds in Summit Valley, the Sierra Nevadas, or the
southwestern Montana [NADP, 2010].
Annual NO3- exports within the West Fork watershed were higher in developed
watersheds compared to undeveloped watersheds (Figure 3.7A). Higher NO3- export
with anthropogenic development has been well documented [Boyer et al., 2002;
Whitehead et al., 2002; Groffman et al., 2004; U.S.G.S., 2006]. Since NO3- is highly
soluble in water, additional inputs from anthropogenic development can be readily
transported to streamwater [Gunderson et al., 1998].
Compared to annual NO3- export, less research has documented DON and DOC
export from mountainous watersheds in the western U.S. (Table 3.6). Of the DON export
data that has been reported, DON export values from the West Fork watershed (0.23 –
0.63 kg ha-1yr-1 – Table 3.3) were within the range reported from subwatersheds of the
Blue River in Colorado (0.3 – 0.7 kg ha-1yr-1) [Kaushal and Lewis, 2003; Kaushal and
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Lewis, 2006] and Green Lakes Valley, Colorado (0.36 - 0.61 kg ha-1yr-1) [Williams et al.,
2001] (Table 3.6). Of studies that did report DOC export, the magnitude of DOC
exported annually from the West Fork watershed (5.91 – 14.12 kg ha-1yr-1 – Table 3.3)
was within the reported range of DOC export from the Salmon River, Idaho (7.2 – 11.4
kg ha-1yr-1 – Table 3.6) [Moeller et al., 1979], the North Fork and South Platte
watersheds in southwest Colorado (10.3 – 12.9kg ha-1yr-1)[Ward et al., 1976], and
Stringer watershed in central Montana (9.6 kg ha-1yr-1)[Pacific et al., 2009].
Few studies have examined the impacts of anthropogenic N loading on DON and
DOC export. Some research has found anthropogenic N loading to increase DON
concentrations. Stanley and Maxted [2008] found significantly higher DON
concentrations in human dominated watersheds as compared to forested watersheds,
however the increase in DON was much less than NO3-. A few studies have shown
increasing DON concentrations with agricultural land uses [Stedmon et al., 2006; van
Kessel et al., 2009]. Elevated DON and DOC concentrations can also occur downstream
of point sources of wastewater [Servais et al., 1999]. Other research did not find a
significant relationship between urban or agricultural land and DON concentrations
[Pellerin et al., 2004; Mattsson et al., 2009]. In the West Fork watershed, annual DON
and DOC export was elevated in developed subwatersheds compared to undeveloped
watersheds (Figures 3.7A and 3.8A and Table 3.3); however, synoptically sampled
spatial DON and DOC concentration plots showed no clear relationship between
development and DON or DOC. In addition to anthropogenic impacts, elevated DOC
and DON export evident in Figures 3.7, and 3.8 and Table 3.3 from more developed
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subwatersheds could result from: 1) more developed soils and vegetation at lower
elevations [Williams et al., 2001] and/or 2) a longer time period of hydrologic
connectivity between riparian and wetland areas, which generally have higher
concentrations of organic matter [Fiebig et al., 1990; Dosskey and Bertsch, 1994; Pacific
et al., 2009].
Research has shown that the extent of hydrologic connectivity between streams
and riparian areas [Pacific et al., 2009] and wetlands [Pellerin, 2004; Stanley and
Maxted, 2008; Mattson et al., 2009; Pacific et al., 2009] can drive the magnitude of DON
and DOC export. Shallow flowpaths through riparian and wetland soils rich in organic
matter can transport DON and DOC directly to streams [McGlynn et al., 1999; McGlynn
and McDonnell, 2003] bypassing mineral soils, which tend to retain DON and DOC
[Qualls and Haines, 1991]. Within the West Fork watershed, DON and DOC export was
highest at UMF (Figures 3.7A and 3.8A). Although UMF received the greatest
magnitude of N loading, it is also located downstream of an extensive wetland complex.
Therefore, we are unable to resolve the degree to which landscape properties and land use
change/ nutrient loading explain the increased DON and DOC export from this site.
Because of anthropogenic influence on DIN, anthropogenic N loads also
influenced annual stoichiometric ratios of DIN:DON and DOC:TDN. DON was the most
abundant form of N exported from the subwatersheds, except for LMF (Table 3.3).
Greater proportions of DON (60% to 90%) compared to DIN in streamwater have been
reported across all regions of the United States [Scott et al., 2007] including the western
mountains of the Sierra Nevada [Coats and Goldman, 2001], and the Colorado Rockies
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[Campbell et al., 2000b; Kaushal and Lewis, 2005]. Since anthropogenic N loading
generally lead to increased DIN but not DON in this study, DIN:DON ratios were higher
in watersheds with greater anthropogenic N loading (Figure 3.3B and 3.7A). Annual
DIN:DON was greatest at LMF, which was the only site where DIN dominated annual
export (DIN:DON = 1.6). Few studies have examined the watershed distribution of
streamwater DIN:DON ratios. In a high-elevation Colorado Rocky Mountain watershed,
higher DIN:DON ratios were observed in the alpine headwaters compared to subalpine
forest and were suggested to represent a shift in the watershed N status from N saturated
(high DIN:DON) to N limited (low DIN:DON) [Williams et al., 2001; Hood et al.,
2003a].
High DIN concentrations also drove annual DOC:TDN to be lowest at LMF
(Figure 3.8). C:N ratios have been suggested as a useful tool in characterizing watershed
N status [Campbell et al., 2000b]. The main biological processes that connect the N and
C cycles, and thus C:N ratios, in soil environments are microbial respiration and
denitrification. When C limits microbial growth, microbes will mineralize DON and
release DIN [Chapin, 2002] reducing soil C:N ratios.
With relatively high DIN:DON and DOC:TDN ratios at LMF, watershed N
retention appears to have been compromised. Although watershed N retention at LMF
was comparable to the other developed watersheds (83% compared to 83% at UMF, 82%
at SF, and 81% at WF – Table 3.4), it plots below the linear trend between N loading and
NO3- retention in the West Fork watershed (Figure 3.10). Across the West Fork
watershed, watershed TDN, NO3-, and DON retention increased linearly with watershed
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N loading (Figure 3.10) suggesting that when considered as a whole, the West Fork
watershed appears to be well below N saturation, according to Michaelis-Menten kinetics
[Earl, 2006]. If the West Fork watershed was approaching N saturation, one would
expect watershed N retention to increase asymptotically to plateau.
In addition to over predicting watershed NO3- retention at LMF, the linear trend
between N loading and NO3- retention under predicted NO3- retention at UMF, while the
linear trend between N loading and DON retention was over predicted. The wetland
complex upstream of this site is most likely altering instream N dynamics by
immobilizing more inorganic N and releasing more organic N [Dosskey and Bertsch,
1994; Pellerin, 2004, Stanley and Maxted, 2008; Mattson et al., 2009].
Seasonal NO3-, DON and DOC Export: Snowmelt dominated the annual export
budget for NO3-, DON and DOC (Figures 3.6, 3.7, and 3.8). Similar behavior has been
observed in other snowmelt dominated systems [Hornberger et al., 1994; Boyer et al.,
1997; Hood et al., 2003b; Kaushal and Lewis, 2005; Sebestyen, 2008]. Though much
less than snowmelt, at LMF winter NO3- export was considerably higher than summer
NO3- export (Figures 3.7B and 3.7D). Although summer discharge is generally higher
than winter discharge, NO3- concentrations were considerably lower in the summer than
the winter because of higher rates of biological N retention (Figures 3.3A and 3.4A)
[Gardner and McGlynn, 2009; McNamara, 2010]. NO3- was the most abundant form of
N exported from all catchments during the winter when groundwater flowpaths low in
DON dominated streamflow and biological demand was relatively low.
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During the summer growing season there were differences among subwatersheds
in the relative abundance of DIN and DON. DIN:DON ratios were less than 1 at all sites
except for LMF, where the DIN:DON ratio was 4.42 (Figure 3.7D). Other research in the
Rocky Mountain West has shown DON to account for the majority of TDN during the
growing season [Kaushal and Lewis, 2003]. The high ratios at LMF during the growing
season are an additional piece of evidence suggesting anthropogenic N loading has
exceeded the systems ability to retain N.
DIN:DON ratios were also high at alpine sites draining both pristine and
developed areas during the summer growing season (Figure 3.3B). In these alpine areas,
DIN was consistently high throughout the year, while DON lowest in the summer (just
above detection limits) resulting in high DIN:DON ratios during the summer synoptic
sampling event (August). In addition, these alpines areas contained relatively low
concentrations of DOC. The combination of low DOC and DON concentrations suggests
that flowpaths dominating streamflow intersected little flushable organic matter during
the mid summer. September synoptic sampling data did reveal increasing amounts of
DON in the alpine areas. Williams et al., [2001] found DON concentrations increasing in
the late summer and hypothesized that the source of DON changed with time from
allochthonous sources to authochthonous sources in the late summer and early fall.
Autochthonous sources of organic matter have been shown to have a higher N content
than allochthonous sources corresponding to lower C:N ratios [McKnight, et al., 1994].
Unlike DIN:DON ratios, the seasonal pattern of DOC:TDN ratios did not appear
to be affected by anthropogenic N loading (Figures 3.3C and 3.8). The only discernable
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seasonal DOC:TDN pattern was lower DOC:TDN in the valley-bottom stream reaches of
the South Fork and West Fork during the summer growing season (Figure 3.3C). Since
high levels of algal growth have been noted in these stream segments [PBS&J, 2005],
autochthonous sources of N could be responsible for the observed low DOC:TDN ratios.
Watershed-wide, DOC:TDN was highest during the summer and lowest during the winter
(Figures 3.3C and 3.8). These patterns were most likely due to the seasonal fluctuation in
biological uptake of DIN. Unlike TDN, DOC export during the winter and summer was
comparably low and therefore did not play part in the seasonal variability of DOC:TDN
ratios. The absence of strong seasonal fluctuations in DOC, suggests that biological
growth in the West Fork watershed is more limited by N than C.
Seasonal NO3-, DON and DOC Concentrations Patterns: Anthropogenic N
loading did alter spatial and seasonal streamwater NO3- concentration patterns (Figures
3.3A, 3.4A) [Gardner and McGlynn, 2009]. The seasonal peak in winter NO3concentrations downstream of anthropogenic N loading sources were two to three times
greater than streamwater NO3- concentrations in pristine areas (Figure 3.3A). Though not
nearly as noticeable, summer baseflow NO3- concentrations at LMF were just slightly
higher than other sites (Figures 3.3A, 3.4A, and 3.6F). No seasonal pattern in
streamwater NO3- concentrations was observed at sites draining Lone Mountain (Figure
3.3A), where concentrations were consistently high. Elevated NO3- at these sites could
be from other human influences (i.e. vegetation removal, fertilizer inputs) or low levels of
biologic uptake in high-elevation alpine/subalpine environments [Gardner and McGlynn,
2009]. Elevated inorganic N concentrations draining talus and scree fields have been
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noted in other research [Williams and Tonnessen, 2000; Clow and Sueker, 2000; Hood et
al., 2003a; Seastedt et al., 2004].
Although not as obvious as NO3-, anthropogenic N loading did impact DON
concentrations. Across the three main tributaries, DON concentrations were twice as
high at LMF during baseflow compared to SF and NF (0.06 vs. 0.03 mg L-1) (Figure 4B).
Our results are consistent with those of Stanley and Maxted [2008], who reported that
anthropogenic N can increase DON concentrations but not to the same magnitude as
NO3- concentrations.
The major control of DON and DOC appeared to be water transport (hydrology)
instead of anthropogenic impacts or biological demand; highest concentrations and export
of DON and DOC occurred during spring runoff (Figures 3.4B, 3.4C, 3.5B, 3.5C, 3.7,
and 3.8). DOC concentrations peaked earlier than DON on the ascending limb of the
hydrograph leading to peak DOC:TDN during this time (Figures 3.4B, 3.4C, and 3.4E).
Other research in snowmelt dominated systems has documented peak C:N ratios on the
ascending limb of the hydrograph that decrease along descending limb [Williams et al.,
2001; Petrone et al., 2007]. This behavior suggests flowpath or water source shifts
indicative of another organic carbon source or flushing behavior [McGlynn and
McDonnell, 2003]. During the onset of snowmelt, near stream and shallow flowpaths
that contain freshly leached terrestrial organic matter that is less biologically available
could be activated, leading to higher C:N ratios in streamflow. Later in the snowmelt
hydrograph, lower streamwater C:N ratios reflect activation of deeper flowpaths and
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upland source areas with lower C:N ratios [McGlynn and McDonnell, 2003; Pacific et al.,
2010].
Concentration-discharge relationships during snowmelt do not indicate
anthropogenic influence on the timing of peak NO3-, DON or DOC concentrations
(Figure 3.5). NO3- concentration peaked during the winter period prior to the onset of
snowmelt and declined with increasing discharge, suggesting biological control of the
NO3- - discharge relationship instead of mobilization (Figure 3.5A). This is contrary to
research in other snowmelt-dominated systems that has shown mobilization control of the
NO3- discharge relationship. NO3- flushing behavior has been observed on the rising limb
of the snowmelt hydrograph when shallow flowpaths flush NO3- from upland soils in the
Rocky Mountain West [Williams and Melack, 1991; Baron and Campbell, 1997;
Campbell et al., 2000a], the Sierra Nevadas [Sickman et al., 2003] and in other snowmelt
dominated systems [Creed and Band, 1998; Sebestyen et al., 2008].
A difference in the timing of peak NO3- concentrations in the West Fork
watershed could be result of less atmospheric N deposition in southwestern Montana
compared to the Rocky Mountain Front, the Sierra Nevadas and northeastern U.S
[NADP, 2010]. Although the majority of streamwater N during snowmelt in these
watersheds has been shown to be associated with a soil water source [Campbell et al.,
2000a; Sickman et al., 2003; Sebestyen et al., 2008], chronic historical additions of
spatially distributed N from atmospheric deposition can increase soil N [Aber et al.,
1993], which would then be flushed to streams during snowmelt.
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The timing of peak DON and DOC concentrations on the ascending limb of the
hydrograph in the West Fork watershed (Figures 3.4B, 3.4C, 3.5B, and 3.5C) was similar
to other snowmelt-dominated systems [Hornberger, 1994; Boyer et al. 1997; Williams,
2001; Hood et al., 2003b; Sebestyen et al., 2008]. The rise in DOM that occurs during
the rising limb of the snowmelt hydrograph has been hypothesized to be flushing of
shallow soil flowpaths that are rich in organic matter [Hornberger, 1994; Boyer et al.,
1997]. A large proportion of runoff at this time originates from riparian areas [McGlynn
et al., 2003; Pacific et al., 2010]. As discussed previously, DOC concentrations did peak
earlier than DON concentrations in the West Fork watersheds.
Although there was no difference in the timing of peak DON concentrations at
LMF and UNF, the direction of the DON concentration discharge loops differed (Figure
3.5B). At LMF, DON gradually increased to peak concentrations sustaining high DON
concentration for a longer time period during snowmelt until gradually decreasing. This
could be attributed to high DON concentrations that persist with depth and distance to the
stream. High concentrations of DON in both short and shallow (riparian) and longer and
deeper (hillslope) flowpaths suggest that watershed soils had surpassed their adsorptive
capacity. Contrarily, a sustained high groundwater table could exist at LMF after
snowmelt so that shallow flowpaths dominated streamflow throughout the summer. On
the other hand, the counterclockwise DON loop at UNF is indicative of the flushing of
shallow riparian flowpaths activated at the onset of snowmelt switching to longer deeper
flowpaths on the descending limb of the hydrograph. There are few examples of DON
hysteresis loops in the literature. In the Sierra Nevadas, DON concentration – discharge
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relationships did not exhibit a hysteresis pattern [Sickman et al., 2003], while clockwise
hysteresis was noted during storm events in upstate New York [Inamadar et al., 2008],
northern Virginia [Buffam et al., 2001], and northeastern Japan [Jiang et al., 2010].
Counterclockwise hysteresis of DON discharge relationship was documented in one
watershed in northeastern Japan [Jiang et al., 2010], while three other watersheds
exhibited clockwise hysteresis. This difference was attributed to differences in
hydrologic conductivity and antecedent moisture conditions; the watershed with areas of
lower hydraulic conductivity and drier antecedent moisture conditions required more time
to connect to variable N source areas.
Also notable in the DON concentration – discharge relationships, was the increase
in DON concentrations at both LMF and UNF on the descending limb of snowmelt. This
increase could result from increases in autochthonous sources of organic matter
[McKnight et al., 1994]. Following snowmelt, DON and DOC concentrations were
relatively low for the rest of the year as groundwater flowpaths dominated (Figure 3.4B
and 3.4C). Aside from high concentrations at snowmelt, there were no apparent seasonal
patterns in DON or DOC, suggesting that biologic demand did not control DON
concentrations and that there was ample DIN supply to support biologic demand, since
DIN is preferentially consumed over DON; however, DON has been shown to be a
significant source of N if DIN is severely limited [Kaushal and Lewis, 2005].
In summary, anthropogenic N loading was correlated with: 1) increased
magnitude of annual NO3- export, 2) higher annual DIN:DON ratios, 3) lower annual
DOC:TDN ratios, 4) amplified seasonal NO3- peaks, 5) higher DIN:DON ratios during

101
winter baseflow, 6) slightly elevated summer DON concentrations, 7) higher summer
DIN:DON ratios at one site exhibiting signs of N saturation, and 8) sustained DON
concentrations though snowmelt and into summer baseflow.
Do Localized Inputs of Anthropogenic N Lead
to Similar Stages of Watershed Saturation
Observed at the Watershed Outlet as Spatially
Distributed Inputs from Atmospheric Deposition?
Studies across the U.S. and northern Europe have demonstrated long-term,
equally distributed inputs (e.g. atmospheric deposition) of anthropogenic N have moved
ecosystems towards N saturation [Aber et al., 1989; Murdoch and Stoddard, 1992; Lovett
et al., 2000; Magill et al., 2000; Baron et al., 2000; Burns, 2003]. Related to the
accepted catchment-wide N saturation concept, localized saturation may occur from N
inputs from development (e.g. septic systems and wastewater disposal). Since mountain
ecosystems can be particularly susceptible to N enrichment, modest inputs of N from
development can have disproportionately large effects on the N dynamics of headwater
ecosystems [Gardner and McGlynn, in review]. Results from this analysis confirm
conclusions from the Big Sky Nutrient (BiSN) modeling analysis that localized
anthropogenic N loading occurring “hydrologically close” to the stream in the West Fork
watershed exhibits the same watershed N saturation characteristics as spatially distributed
N loading [Gardner et al., in review].
According to Aber et al. [1989], a sequence of four recognizable stages emerges
in response to long-term loading, leading to altered seasonal patterns of streamwater NO3concentrations. Stage characteristics range from Stage 0, in which there is a slight
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seasonal pattern in streamwater NO3- to Stage 3, in which chronic year-long elevated
streamwater NO3- concentrations persist with no recognizable seasonal pattern.
Streamwater NO3- concentrations at UNF, draining a relatively pristine subwatershed,
exhibit slight winter peaks and low concentrations at baseflow (Stage 0) (Figure 3.4A).
In the absence of disturbance, concentrations of NO3- in this region are typically near or
below detection limits (<0.05 mg L-1) during the growing season. Slightly amplified
streamwater NO3- winter peaks at SF are characteristic of Stage 1, while amplified winter
and summer streamwater NO3- concentrations at LMF suggest Stage 2 conditions (Figure
3.4A). Absence of seasonal patterns at alpine sites draining Lone Mountain are
indicative of Stage 3 N saturation status (Figure 3.3A).
In addition to altered streamwater NO3- concentration patterns, our results suggest
that the relative abundance of DIN and DON may serve as an indicator of watershed N
saturation status. Williams et al., [2001] proposed the idea that the annual DIN:DON
ratio can serve as an index to evaluate watershed N status. Our results agree that the
annual DIN:DON ratio does provide insight on N saturation status; however, depending
on the saturation stage, the annual ratio can mask early signs of N enrichment. We
suggest that seasonal DIN:DON ratios better capture watershed N saturation status. The
seasonal DIN:DON ratio will identify seasonally elevated DIN:DON ratios to aid in
identification of N saturation state; whereas, the annual ratio may mask seasonal
differences in the DIN:DON ratios. For example, the slightly elevated annual DIN:DON
ratio at LMF could indicate Stage 1, 2, or 3 N saturation stage, but the large differences
observed between summer, winter and snowmelt DIN:DON ratios eliminate N saturation
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Stage 1 and 3 and suggest Stage 2.
Aside from the seasonal DIN:DON, we propose other metrics to assess watershed
N saturation status. These metrics include the slope of the cumulative NO3- flux curve
(Figure 3.6) and the location of a subwatershed along the linear trend between watershed
N loading and watershed NO3- retention (Figure 3.9). The slope of the cumulative NO3flux curve was steeper during baseflow at LMF (Stage 2) compared to the slope of SF
(Stage 1) or NF (Stage 0) (Figure 3.6F). A steeper slope of the cumulative NO3- flux
signified that LMF was leaking NO3- at a faster rate than other subwatersheds, a noted
sign of watershed N saturation [Gunderson et al., 1998]. Another sign of a later
watershed N saturation stage was LMF’s location along the linear trend between
watershed N loading and watershed NO3- retention (Figure 3.10B). The West Fork
watershed as a whole appears to be well below N saturation according to MichaelisMenten kinetics, demonstrated by the linear increase of watershed NO3- retention and
watershed N loading [Earl, 2006]; however, since LMF sits below the linear trend of
watershed N loading and watershed NO3- retention, it was leaking more NO3- than the
modeled trend across the West Fork watersheds and may be at a later stage of watershed
N saturation than other West Fork subwatersheds.
The seasonal amplification of streamwater NO3- concentration patterns,
DIN:DON ratios, and baseflow streamwater NO3- export of streams in Stage 1 or Stage 2
of watershed N saturation could alternatively be viewed as demonstrating “seasonal N
saturation”. In watersheds experiencing Stage 1 or 2 N saturation, flowpaths may not
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saturate during the growing season, but in the winter dormant season, flowpaths become
more saturated at a much lower NO3- concentration because lower biologic demand.
In addition to seasonal (temporal) heterogeneity of watershed N saturation state,
the West Fork watershed exhibited spatial heterogeneity in watershed N saturation status.
High-elevation subwatersheds draining Lone Mountain exhibited Stage 3 saturation signs
by elevated streamwater NO3- concentrations persisting throughout the year (Stage 3).
Although the synoptic sampling N snapshots occurred at a low temporal resolution, they
did capture a range of hydrological conditions and potential for biological activity across
six seasonal sampling campaigns and were adequate to identify watershed N saturation
state.
The spatial variability of watershed N saturation status present in the West Fork
watershed provided the opportunity to explore factors promoting watershed N saturation.
Utilizing multiple approaches to explore N dynamics in the West Fork watershed, which
include this empirical data analysis, geostatistical modeling [Gardner et al., 2009] and a
hybrid mechanistic N export model [Gardner et al., in review], we propose N saturation
dynamics are controlled by more than just the magnitude of N loading but also by the
spatial location of N loading and whether N loading is localized versus spatially
distributed. First, localized N loading that occurred in areas with quick transport times to
streams (wastewater loading in Meadow Village) had greater ramifications for stream N
saturation state than localized loading occurring in areas with longer flowpaths to streams
(septic effluent). The second apparent driver of watershed N saturation status, spatial
distribution of N loading, was demonstrated by the smaller amounts of localized
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anthropogenic N loading to areas of the LMF watershed that had more impact on
observed streamwater N patterns than greater amounts of spatially distributed N loading
to the UNF watershed. The spatially distributed N loading to the UNF watershed did not
saturate flowpaths to the stream, while localized N loading to the LMF watershed likely
saturated flowpaths, providing direct transport of NO3- to the stream. At LMF, both of
these factors driving N saturation state were likely significant. Localized wastewater N
loading occurred “hydrologically close” to the stream exacerbated N loading impacts on
streamwater NO3-.
This research provides evidence that documentation of the spatial and seasonal
heterogeneity of watershed N status and consideration of the spatial location of N loading
along hydrological flowpaths are critical to effectively assess and manage watershed N.
Without seasonal monitoring of streamwater N, watershed managers would not be aware
of amplified NO3- peaks in the winter. Streams with low NO3- concentrations in the
growing season may still be exhibiting signs of N enrichment observable as amplified
winter peaks. Knowledge of an amplified seasonal N pattern, would inform watershed
managers of the early stages of N enrichment, and the potential consequences of
continued or increased N loading. In addition to seasonal water quality sampling, we
believe spatial snapshots of water quality to be extremely useful to characterize
watershed N status. Instead of just sampling at the stream outlet, additional samples
along the stream network may reveal spatial variability in watershed N status.
Knowledge of spatio-temporal variability in watershed N status would help watershed
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managers develop a variety of N management strategies across a watershed tailored to
address variability in watershed N saturation status.
Are there Spatial and/or Seasonal Variations
in the Impact of Anthropogenic N Loading on
Streamwater NO3-?
Spatio-temporal NO3- isotopic data provided valuable insight on spatial and
seasonal variability of anthropogenic impacts on streamwater NO3- patterns (Figures
3.11, 3.12, 3.13, and 3.14) that was not possible from N concentration data alone (Figures
3.3 and 3.4). In particular, we were interested in: 1) identifying the sources of elevated N
concentrations draining Lone Mountain and Meadow Village, and 2) quantifying
seasonal shifts in NO3- sources to streamwater.
Spatio-Temporal Sources of Streamwater NO3-: Spatial NO3- isotopic data
allowed for the comparison of NO3- sources across land use and environmental gradients.
February and August spatial snapshots of δ15N and δ18O of NO3- values illustrated that
sampling sites downgradient of wastewater loading in Meadow Village had isotopically
distinct δ15N of NO3- streamwater signatures similar to the wastewater signature (Figure
3.12) signifying wastewater loading was partially responsible for elevated streamwater
NO3- concentrations at LMF during both summer and winter baseflow. The enriched
δ15N of NO3- values during summer and winter baseflow suggest a groundwater source of
wastewater. Potential sources of wastewater to groundwater at LMF include wastewater
irrigation infiltrating through soils to groundwater or leaky sewer or irrigation pipes.
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In contrast, δ15N of NO3- values corresponding to elevated streamwater NO3concentrations draining Lone Mountain were not similar to the wastewater end-member
(Figure 3.12), indicating another source responsible for elevated streamwater NO3concentrations. The isotopic signature at these sites was isotopically distinct (depleted
δ15N of NO3- values and enriched δ18O of NO3- values) compared to wastewater and other
sites. Depleted δ15N of NO3- values could be indicative of shallow flowpath sources
since enrichment of δ15N with soil depth has been attributed to denitrification [Sickman et
al., 2003]. The relatively high δ18O of NO3- values at Lone Mountain sites were also
suggestive of shorter and/or shallower flowpath contribution. With shorter and/or
shallower flowpaths, there is less potential for NO3- cycling resulting in greater
contribution from atmospheric NO3-. Even though the δ18O of NO3- values at Lone
Mountain sites were enriched compared to other sites across the West Fork watershed,
they were still isotopically distinct from atmospheric NO3- implying that most
precipitation released from seasonal snowpack storage infiltrated and underwent
biogeochemical processing or mixing before contributing to streamwater NO3-. This
supports past research in alpine areas documenting substantial processing of precipitation
NO3- before entering surface waters [Campbell et al., 2002; Sickman et al., 2003; Nanus,
2008].
A few other small but noticeable differences were present in the spatial patterns of
δ15N and δ18O of NO3- during winter and summer baseflow signifying changes in
streamwater NO3- sources. There was more variability in summer δ15N of NO3- values
downgradient of wastewater loading in Meadow Village (Figure 3.11B and 3.12B)
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compared to the winter δ15N of NO3- values (Figure 3.11A and 3.12A). The more
enriched values of δ15N values during the summer may be caused by direct N loading of
wastewater irrigation into streams or quick transport of N loading from areas
hydrologically connected to the stream. The more depleted δ15N values during the
summer could be due to small increases in precipitation contribution and high-elevation
snowmelt to streamflow as compared to the middle of the winter season when deeper
groundwater flowpaths dominated streamflow. Finally, another small but noticeable
difference between summer and winter baseflow was more depleted δ18O values in the
winter, likely from less contribution from atmospheric NO3- sources in the winter.
Seasonal Sources of Streamwater NO3-: Mixing analysis of summer, winter, and
snowmelt δ15N and δ18O values of streamwater NO3- from the three main tributaries of
the West Fork indicated seasonal shifts in the influence of anthropogenic N loading on
streamwater NO3- concentrations (Figures 3.12, 3.13 and 3.14, Table 3.7). Wastewater
contribution to LMF and SF was greatest during winter (68% and 16% respectively) and
summer (87% and 33%) baseflow (Figure 3.13). Greater wastewater contribution during
the summer could be attributed to summer wastewater irrigation on the golf course,
increased septic use, or increased hydrologic connectivity between N source areas and the
stream. The considerably lower wastewater contributions at SF than LMF throughout the
year corresponded to less wastewater N loading in the SF watershed compared to the
LMF watershed (Figure 3.9). Potential wastewater sources in the SF watershed are
primarily septic effluent and leaking sewer lines, while in the LMF watershed has the
addition of wastewater irrigation on the golf course.
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Previous research in the West Fork watershed quantified statistical relationships
between land use and spatial stream network NO3- concentrations that also suggested
seasonal shifts in anthropogenic influences on streamwater NO3- [Gardner and McGlynn,
2009]. Specifically, Gardner and McGlynn [2009] found wastewater N loading
influenced streamwater NO3- concentrations only during winter baseflow when
groundwater flowpaths dominated and biological potential was limited. The results
presented here, provide evidence that wastewater effluent also contributed to summer and
snowmelt streamwater NO3- concentrations. The wastewater contributions may not have
been detected through statistical methods because of relatively low streamwater NO3concentrations. This difference in detection/ attribution highlights the importance of
multiple methods and approaches to increase system understanding and the particular
usefulness of streamwater NO3- isotopes and the limitations of statistical inference to
elucidate streamwater NO3- sources. These results have important implications for
streamwater management. Low concentrations of streamwater NO3- measured during the
summer growing season does not necessarily equate to less anthropogenic N loading to
aquatic ecosystems. Since, biological assimilation can potentially mask signs of
anthropogenic impacts, streams should either be monitored for NO3- during the dormant
winter season, when the potential for biological assimilation is low, for algae/biomass
during the growing season, or ideally, for NO3- and NO3- isotopes simultaneously so that
watershed managers can quantify spatial and seasonal shifts in N sources.
While wastewater dominated streamwater NO3- concentrations during winter and
summer baseflow at LMF, soil water was the main contributor to streamwater NO3-
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concentrations at UNF and SF throughout the year (Figure 13) and to streamwater NO3concentrations at LMF during snowmelt. Other studies have shown the majority of
streamwater NO3- during snowmelt derived from catchment soils [Spoelstra et al., 2001;
Burns and Kendall, 2002; Campbell et al., 2002; McHale et al., 2002; Sickman et al.,
2003; Ohte, 2004; Sebestyen et al., 2008]; although, higher frequency sampling has
demonstrated that contribution from atmospheric N can vary substantially during the
course of snowmelt [Ohte, 2004; Sebestyen, 2008]. The high percentage of soil water
contribution during snowmelt suggests substantial biological cycling of atmospherically
NO3- occurred prior to watershed export. N may be stored in the watershed for months or
even years before transport to the stream.
As demonstrated above, isotopic analysis of streamwater NO3- can provide critical
information for watershed management of anthropogenic N loads. First, as previously
discussed, low NO3- concentrations during the summer growing season does not
necessarily mean that anthropogenic N loading is not having an impact on streamwater N.
Secondly, anthropogenic N loads can have the greatest impacts on aquatic ecosystems
during the summer growing season by promoting excess algae and potentially altering
stream trophic structure. Finally, even though peak runoff may dilute anthropogenic N
loads corresponding to less impact in the immediate area, these high N loads exported
from headwater watersheds during spring runoff could have downstream impacts (e.g.
eutrophication in the Gulf of Mexico). In the West Fork watershed, NO3- isotopic data
was an essential line of evidence for Total Maximum Daily Loads (TMDL) development
in two areas of the watershed: 1) sites draining Lone Mountain, where isotopic analysis
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eliminated wastewater as a potential source, and 2) sites downstream of Meadow Village,
where despite relatively low streamwater NO3- concentrations, isotopic data pinpointed
wastewater as the primary source of streamwater NO3- and ruled out significant influence
from fertilizer in this relatively high-density residential development.
Conclusion
This research analyzed multiple sources of contemporary field data, including
synoptic and temporal sampling for N and C species and isotopic ratios of NO3- to
examine the effects of anthropogenic N loading on the timing, magnitude and speciation
of watershed N export and retention. This analysis allowed for deeper process
understanding by drawing upon the strengths of each data set. Our results highlight the
seasonal and spatial variability of anthropogenic impacts on streamwater NO3-, DON, and
DOC export and concentration patterns, stoichiometric ratios and watershed N saturation
status. Impacts from anthropogenic N loading manifested in increased streamwater NO3export and concentrations, elevated DIN:DON ratios, lower DOC:TDN ratios, enriched
δ15N of NO3- values, and sustained DON concentrations through snowmelt; however, in
some areas biological uptake masked these enrichment signs during the summer growing
season when NO3- concentrations were low.
Our research suggests that localized anthropogenic N loading from development
can lead to similar watershed saturation characteristics as spatially distributed N loading
from atmospheric deposition. Like anthropogenic N loading patterns, watershed N
saturation characteristics exhibited spatial and seasonal heterogeneity across the
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watershed. Anthropogenic N loading that occurred in areas with quick transport and
hydrologic connections to the stream were more apt to demonstrate N enrichment signals
than those areas disconnected or connected to streams via longer flowpaths for only a
small portion of the year. Watershed N retention estimates confirmed that it is not
necessarily the amount of N loading that controls watershed N export but where on the
landscape it occurs and what time of year. Therefore, it is imperative that water quality
managers include such knowledge in developing flexible strategies across a watershed to
minimize N loading to surface waters.
A three-component mixing model demonstrated that δ15N and δ18O values of
NO3- can add critical information about streamwater NO3- sources beyond what is
possible from statistical inference of land use and concentration data alone. Despite
observed low NO3- concentrations and loads in the summer, wastewater influence was
most evident during summer and winter baseflow, but still contributed to streamwater
NO3- during snowmelt at some sites. In pristine watersheds, the majority of streamwater
NO3- was derived from watershed soils throughout the year. The high percentage of soil
NO3- contribution even during peak snowmelt suggests substantial biological cycling of
N loading occurred prior to watershed export and further suggests that N may be stored in
the watershed for months or even years before being transported to the stream.
Better understanding of how anthropogenic N inputs affect watershed N
enrichment will be critical as development pressure continues in this region and other
sensitive mountain areas of the world. In particular, there is need for more research on
the coupling of watershed hydrology and biogeochemical processes and their interwoven
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controls on the spatial heterogeneity of watershed N export and retention. Developing
creative multi-analysis approaches, such as the one presented here can be an attractive,
inexpensive approach to gain new insights on complex processes controlling streamwater
N export at the watershed scale.
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Table 3.1: Watershed characteristics of the West Fork watershed and five subwatersheds. Location of subwatersheds is illustrated in
Figure 3.1B.

Subwatershed
Upper North Fork (UNF)
Lower North Fork (LNF)
South Fork (SF)
West Fork (WF)
Upper Middle Fork (UMF)
Lower Middle Fork (LMF)

Area
2106
2407
11917
20700
3982
8528

Stream
Order
2
2
3
4
2
3

Outlet
Median Median
Elevation Elevation Slope
(m)
(m)
(deg)
2162
2614
25.79
1956
2617
26.19
1854
2487
15.85
1828
2453
17.27
1941
2388
16.02
1849
2416
19.02

N
Loading
(kg ha-1yr-1)
3.41
3.39
3.41
3.85
4.66
4.42

Synoptic Event
Winter Dormant Season
Snowmelt
Summer Growing Season

Date
2/12/06
6/11/06
8/7/07

Median
NO3mg L-1 N
0.17
0.04
0.03

Median
TDN
mg L-1 N
0.3
0.25
0.06

Median
DON
mg L-1 N
0.14
0.19
0.03

Median
DOC
mg L-1
0.75
2.49
1.29

Median
DIN:DON
Ratio
1.31
0.22
0.53

Median
DOC:TDN
Ratio
2.26
9.89
24.55
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Table 3.2: Median C and N concentrations and ratios from three synoptic campaigns representing a range in hydrological conditions
and biological activity potential. Location of subwatersheds is illustrated in Figure 3.1B.

Table 3.3: Annual streamwater N and C export in the West Fork watershed and five subwatersheds. Location of subwatersheds is
illustrated in Figure 3.1B.
NO3Subwatershed
kg ha-1yr-1
Upper North Fork
0.15
Lower North Fork
0.14
South Fork
0.27
West Fork
0.31
Upper Middle
0.18
Lower Middle Fork
0.48
0.25
0.48
0.14

TDN
kg ha-1yr-1
0.39
0.37
0.60
0.73
0.81
0.77

DOC
kg ha-1yr-1
6.50
5.91
8.70
10.76
14.12
9.30

0.36
0.63
0.23

0.61
0.81
0.37

9.21
14.12
5.91

DIN:DON DOC:TDN
Ratio
Ratio
0.66
16.85
0.60
15.96
0.80
14.45
0.73
14.68
0.29
17.41
1.60
12.03
0.78
1.60
0.29

15.23
17.41
12.03
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Average
Maximum
Minimum

DON
kg ha-1yr-1
0.23
0.23
0.34
0.42
0.63
0.30

Table 3.4: N loading and export, and retention in the West Fork watershed and five subwatersheds. Location of subwatersheds is
illustrated in Figure 3.1B.

Subwatershed
Upper North Fork
Lower North Fork
South Fork
West Fork
Upper Middle Fork
Lower Middle Fork

NO3-

Total N

TDN

Loading
kg ha-1yr-1
3.41
3.39
3.41
3.85
4.66
4.42

Export Retention
%
%
11
89
11
89
18
82
19
81
17
83
18
83

Export
%
5
4
8
8
4
11

Retention
%
95
96
92
92
96
89

DON
Export
%
7
7
10
11
13
7

Retention
%
93
93
90
89
87
93

N Loading
(kg ha-1yr-1)
Wet Deposition
Dry Deposition
Septic
Wastewater

Reference
NADP, 2010*
NADP, 2010*
EPA, 2002*
Big Sky Water & Sewer

Unpublished data*
* For more details see Gardner et al., in review.

UNF
3.140
0.260
0.005

LNF
2.900
0.260
0.230

Subwatershed
UMF
LMF
2.660
2.690
0.260
0.260
1.740
1.270

0.000

0.000

0.000

0.200

SF
2.770
0.260
0.380

WF
2.730
0.260
0.770

0.000

0.090
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Table 3.5: Estimated N loading to West Fork watershed and five subwatersheds. Table 3.1 describes subwatershed abbreviations.
Location of subwatersheds is illustrated in Figure 3.1B.

Table 3.6: Comparison of NO3-, DON, and DOC export from Rocky Mountain watersheds
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Table 3.7: Sources of streamwater NO3- (soil, atmospheric (ATM), and wastewater (WW)) and their uncertainty estimated from a
three-component mixing model. Location of subwatersheds is illustrated in Figure 3.1B.
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Figure 3.1: (A) Location of the West Fork watershed (212 km2) in southwestern
Montana, with locations of the atmospheric deposition data sites. (B) Map of the West
Fork watershed showing locations of 50 synoptic sampling sites, 6 weekly sampling sites,
building structures, and the Big Sky Water and Sewer District boundaries. The West
Fork (WF) drains into the Gallatin River (a tributary of the Upper Missouri River) and is
comprised of three main tributaries: the Middle Fork (MF), the North Fork (NF), and the
South Fork (SF). (C) An expanded view of Meadow Village with wastewater storage
ponds and the Big Sky Resort Golf Course. Wastewater effluent is stored in the ponds
and irrigated onto the golf course from mid-May through early October.
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Figure 3.2: In the West Fork watershed, residential development and annual average
streamwater NO3--N concentrations in the West Fork have followed a similar upward
trend since resort development. [NSF, 1976; Blue Water Task Force, and Big Sky Water
and Sewer District, unpublished data].
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Figure 3.3: Streamwater NO3- concentrations and DIN:DON and DOC:DON ratios for 3
synoptic sampling campaigns capturing a range of seasonal hydrological and biological
conditions (Table 3.2). (A) Elevated NO3- concentrations persist in streams draining
Lone Mountain across seasons (grey ovals), while elevated concentrations downgradient
of Meadow Village are elevated only in the winter months during periods of low potential
biologic activity (grey rectangles). (B) DIN:DON ratios were highest during the summer
at sites draining alpine areas (black rectangles), and lowest during snowmelt
corresponding with peak DON concentrations. DIN:DON was elevated downstream of
Meadow Village during winter and snowmelt (black ovals) (C) DOC:DON ratios were
smallest during the winter when groundwater flowpaths dominate. During the summer,
DOC:DON ratios were smaller in the lower reaches of the South Fork and West Fork
(black-dashed ovals) suggesting an instream sources of DOM. Otherwise, the West Fork
watershed exhibited a high degree of spatial variability in DOC concentrations across
seasons.
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Figure 3.4: Weekly time series for the main tributaries of the West Fork (WF)
represented by squares at the lower Middle Fork (LMF), crosses at the South Fork (SF),
and triangles at the lower North Fork (LNF). Locations are illustrated in Figure 3.1B.
Grey boxplots illustrate synoptic NO3-, DOC, and DON concentrations and DIN:DON
and DOC:DON ratios for the 6 synoptic sampling campaigns conducted between
September 2005 and August 2007. Each boxplot consists of 46-50 data points. (A)
Streamwater NO3- concentrations and variability are highest during late fall, winter, and
early spring during periods of low streamflow and limited biologic activity. (B)
Streamwater DON and (C) DOC concentrations peaked on the ascending limb of the
hydrograph and exhibited a high degree of variability the rest of the year. (D)
Streamwater DIN:DON ratios are highest during the winter when biological activity is at
a minimum. (E) Streamwater DOC:DON ratios are highest just prior to snowmelt,
corresponding to peak DOC concentrations and otherwise, exhibit a high degree of
variability the rest of the year.
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Figure 3.5: Concentration-discharge relationships for the lower Middle Fork (LMF) and
the Upper North Fork (UNF), two streams with contrasting land use and watershed
characteristics (Table 3.1). Locations are illustrated in Figure 3.1B.Relationships
between discharge and (A) NO3-, (C) DOC, (D) DIN:DON, and (E) DOC:TDN exhibit
clockwise hysteresis at both sites, while the relationship between (B) DON concentration
and discharge exhibited clockwise hysteresis at UNF and counterclockwise hysteresis at
LMF. (A) NO3- concentration and (D) DIN:DON sharply declined with initial increase in
discharge followed by a gradual decline until discharge reached a near minimum when
concentration began to rise suggesting biological control of the concentration-discharge
relationship. DOC concentration (C) and DOC:TDN (E) increased with discharge and
peaked prior to peak snowmelt indicating a flushing mechanism controlling the
concentration-discharge relationship. The magnitude of NO3-, DON, and DOC
concentrations and DIN:DON DOC:TDN ratios were greater at LMF than UNF
throughout snowmelt.
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Figure 3.6: Cumulative flux of TDN, DON, NO3-, and DOC for 6 stream reaches in the
West Fork watershed: (A) upper North Fork (UNF), (B) lower North Fork (LNF), (C)
South Fork (SF), (D) West Fork (WF), (E) upper Middle Fork (UMF) and the (F) lower
Middle Fork. Locations are illustrated in Figure 3.1B. The majority of C and N flux
occurs at snowmelt during the months of May and June. (B) LMF exported NO3- at twice
the rate of the other main West Fork tributaries on the descending limb of the snowmelt
hydrograph.
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Figure 3.7: Annual and seasonal streamwater export of NO3- and DON with
corresponding DIN:DON ratios on top of each stacked column. (A) DON was the
dominant form of N exported from all subwatersheds, except for LMF. (B) NO3- was the
most abundant form of TDN exported in the winter for all subcatchments, while DON
dominated TDN during snowmelt (C) and summer (D), except for LMF, where NO3- was
more abundant throughout the year. Locations are illustrated in Figure 3.1B.
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Figure 3.8: Annual and seasonal export of TDN and DOC from the West Fork and 5
subwatersheds with corresponding DOC:TDN ratios on top of each stacked column.
Locations are illustrated in Figure 3.1B.(C) The majority of DON and DOC export
occurred during snowmelt. (A) Annual DON and DOC export was highest at LMF, just
downstream from an extensive wetland complex. (D) Generally, DOC:TDN ratios were
lowest during the summer except for LMF and the WF.
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Figure 3.9: Estimated sources of N loading to the West Fork watershed and five
subwatersheds. Atmospheric deposition was the biggest source of N to all
subwatersheds. Total N loading varied from 3.39 kg ha-1yr-1 at LNF to 4.46 kg ha-1yr-1 at
UMF. The highest N loading (UMF) corresponded with the highest TDN and DON
export (Table 3.3), while the highest wastewater loading corresponded to the highest
NO3- export.
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Figure 3.10: Watershed retention of (A) TDN, (B) NO3-, and (C) DON increased linearly
with N loading. The linear relationship was significant and signified that the West Fork
watershed was well below N saturation according to the Michaelis-Menten kinetics
model [Earl et al., 2006]. As expected in an N limited system, watershed NO3- retention
increased at a higher rate than retention of TDN or DON as evident by the slope of the
regression line; the slope of NO3-= 0.93 versus 0.83 for TDN and 0.90 for DON.
Locations are illustrated in Figure 3.1B.
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Figure 3.11: δ15N of NO3- of snow (black triangles), wastewater effluent (black squares),
mineral weathering experiment slurries (grey triangles [Ackerman et al., in review], and a
subset of the (A) February and (B) August synoptic samples from the West Fork
watershed (black outlined circles) (Figure 3.4A). Streamwater NO3- concentration
represented by circle size, ranged from 0.04 mg L-1 to 0.045 mg L-1 in February and 0.01
mg L-1 0.21 mg L-1 in August. . δ15N of NO3- values at sites located downgradient from
Meadow Village had enriched δ15N of NO3- values in August and February, indicating a
significant contribution from wastewater. Other sites appeared to be more influenced by
a mixture of geologic weathering, soil water, or precipitation [Kendall and McDonnell,
1998].
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Figure 3.12: δ15N and δ18O of NO3- values for a subset of August (A) and February (B)
synoptic streamwater samples. δ15N of NO3- values at sites located downgradient from
Meadow Village had enriched δ15N of NO3- values in August and February, indicating a
significant contribution from wastewater. Light δ15N of NO3- values indicated that sites
draining Lone Mountain with high NO3- concentrations were not influenced by
wastewater. Median δ18O of NO3- was lower in February (-8.9) versus August (-4)
suggesting less contribution from atmospheric NO3- [Kendall and McDonnell, 1998].
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Figure 3.13: NO3- isotope data from the main West Fork tributaries illustrated seasonal
variability in the sources of streamwater NO3-. During snowmelt, enriched δ18O of NO3values at all sites pointed to higher contributions of atmospheric NO3- than other times of
year; however, contributions from atmospheric NO3- were less than soil water
contributions as evident from δ18O of NO3- signatures more similar to soil water NO3-.
During summer and winter baseflow, δ15N of NO3- values indicated a significant
contribution from wastewater to streamwater NO3- concentrations in the Middle Fork and
to a lesser degree during snowmelt. In the South Fork, small wastewater contributions
were evident in winter and summer baseflow.
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Figure 3.14: Seasonal variability of streamwater NO3- sources to the three main
tributaries of the West Fork estimated through endmember mixing model analysis of δ15N
and δ18O of NO3- values. Seasonal fluctuations occurred in the influences of
anthropogenic N on streamwater NO3-. Wastewater influence on streamwater NO3concentrations was most evident in developed streams during summer (“S”) and winter
(“W”) baseflow. Even though streamwater NO3- concentrations were low relative to
other times of the year, wastewater was the biggest contributor to streamwater NO3- at
LMF during summer growing season, when it contributed 85% of streamwater NO3-.
Soil water NO3- was the biggest contributor to streamwater NO3- at UNF and SF yearround and at LMF only during snowmelt. Atmospheric NO3- contributed only 6, 8, and
13% of streamwater NO3- at LMF, SF, and LNF, respectively during spring runoff
suggesting substantial biological cycling of atmospherically NO3- occurred prior to
watershed export
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CHAPTER 4
QUANTIFYING WATERSHED SENSITIVITY TO SPATIALLY VARIABLE
NITROGEN LOADING AND THE RELATIVE IMPORTANCE OF
NITROGEN RETENTION MECHANISMS
Abstract
The link between nitrogen (N) loading and watershed nitrate (NO3-) export is
poorly understood yet critical to addressing the growing problem of anthropogenic N
enrichment in developing watersheds across the United States and world. We introduce
the Big Sky Nutrient Export model (BiSN), which incorporates spatial streamwater
chemistry, data from instream N uptake and geological weathering experiments, and
terrain and land use analysis to quantify the spatial variability of watershed sensitivity to
N loading and the relative importance of upland, riparian and instream N retention across
land use/ land cover and landscape positions. Bayesian Markov chain Monte Carlo
(MCMC) methods were used for model specification and were helpful in assessing model
and parameter uncertainty and advancing understanding of the primary processes
governing watershed NO3- export. Modeling results revealed that small amounts of
wastewater loading occurring in watershed areas with short travel times to the stream had
disproportionate impacts on watershed NO3- export compared to spatially distributed N
loading or N loading in watershed areas with longer travel times. In contrast, spatially
distributed N inputs of greater magnitude (soil storage release and septics) had little
influence on NO3- export. During summer baseflow conditions, 98-99 percent of
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watershed N retention occurred in the uplands most likely from biological uptake and/or
a lack of hydrologic transport to the stream network. Relative instream N retention
increased with loading downstream through the stream network. This work demonstrates
the importance of characterizing the spatial variability of watershed N loading, export
and retention mechanisms, and considering landscape position of N sources to effectively
manage watershed N.
Introduction
Human activities have greatly increased the bioavailability of watershed nitrogen
(N), primarily from the addition of fertilizers, human and animal waste, and the burning
of fossil fuels [Vitousek et al., 1997]. With increasing amounts of bioavailable N,
watershed biotic demand can become saturated, potentially resulting in excess N
delivered to surface waters [Aber et al., 1989]. N enrichment of aquatic resources can
have profound impacts on ecosystem function by stimulating primary production, which
can alter biological communities and expedite eutrophication [Allen, 1995].
Minimizing the influence of anthropogenic N on aquatic ecosystems is one of
watershed management’s biggest challenges. This is because the relationship between
anthropogenic N loading and stream N export is complicated; N is not conservatively
transported and there is potential for N retention to occur in terrestrial and stream
ecosystems. Mechanisms for N retention include: (1) microbial denitrification [Brooks et
al., 1996; Burt et al., 1999], (2) plant or microbial assimilation [Hadas, 1992;
Nadelhoffer et al., 1999], (3) physical sorption [Qualls and Haines, 1992; Triska et al.,
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1994], and (4) biotic and abiotic retention through iron and sulfur reduction [Brunet and
Garcia-Gil, 1996; Davidson et al., 2003]. N retention can alter the timing, magnitude,
and form of N transported creating complex spatial and temporal patterns in streamwater
N.
For effective management of streamwater N, it is critical to identify and quantify
the spatial distribution of watershed N loading and retention. For this, environmental
managers often rely upon water quality models. A water quality model is a set of
equations that can be used to describe the processes that determine instream N
concentrations or loads. Watershed models range in their complexity from simple
empirical models with minimal data requirements to complex mechanistic models that
require enormous amounts of data. Selecting the level of model complexity should
depend on the: 1) goals or objectives of the model, 2) available data, 3) computational
efficiency, 4) budgetary constraints [U.S EPA, 1976], 5) spatial scale [Soulsby et al.,
2006], and 6) level of predictive and parameter uncertainty [Perrin et al., 2001].
Overly complex models can lead to problems of over parameterization and
equifinality [Beven, 1993; Beven, 2006], which may in turn result in large predictive
uncertainty. High model uncertainty is common in water quality applications as a result
of spatial variability of environmental variables, parameter uncertainty, measurement
error, and conceptual uncertainty [Beven, 2001]. Simple watershed models are an
attractive approach to reduce model uncertainty and can be suitable for some watersheds
processes, like describing an integrated watershed response [Savenije, 2001]. Ideally, a
model should have a small number of parameters with a high enough level of mechanistic
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detail to represent the major processes controlling the modeled phenomena or the model
may lead to misrepresentative conclusions and poor land management decisions [Young
et al., 1996].
Export coefficient models represent a simple modeling approach that has been
applied in many catchments to predict nutrient loads [Beaulac and Reckhow, et al., 1982;
Rast and Lee, 1983; Johnes, 1996; Worrall and Burt, 1999; McFarland and Hauck, 2001;
Endreny and Wood, 2003; Zobrist and Reichert, 2006]. The basic export coefficient
model assumes that land use is a major driver of catchment nutrient export. These
models calibrate nutrient export coefficients, which represent the amount of nitrogen or
phosphorus exported from a specific land use over a specific time period. Several studies
have introduced process representation into the basic export coefficient model by adding:
1) export coefficients weighted within a threshold distance from rivers [Johnes and
Heathwaite, 1997], 2) soil nitrogen reserves [Worrall and Burt, 1999], 3) monthly runoff
data to capture seasonal variability [Hanrahan et al., 2001], 4) export coefficients
weighted by the topographic index and buffer index to represent transport and retention
processes [Endreny and Wood, 2003], and 5) an erosion index as a surrogate for
hydrologic variability in modeling phosphorus export [Khadam and Kaluarachchi, 2004].
This paper introduces the Big Sky Nitrogen Export Model (BiSN), which predicts
watershed nitrate (NO3-) export by incorporating terrestrial, riparian, and instream
retention process representation to a basic export coefficient model. The spatial network
structure of BiSN allows for exploration of watershed N loading and retention and NO3export patterns at the watershed scale. This approach can provide valuable insight into N
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spatial dynamics to formulate more focused research questions or to aid development of
effective land use planning to minimize N loading to streams. We consider the
uncertainty in the BiSN output and its parameters by applying a Bayesian Markov Chain
Monte Carlo (MCMC) approach. Bayesian MCMC methods, which put emphasis on the
posterior distribution of model parameters, can provide a detailed description of
parameter uncertainty leading to better quantification of model error and information for
model diagnostics.
We apply BiSN to summer synoptic streamwater NO3- data collected in a
developing mountain watershed to: 1) determine the model’s ability to characterize the
spatial heterogeneity of streamwater NO3- export, 2) identify the primary drivers of the
spatial heterogeneity of streamwater NO3- export, and 3) quantify how the spatial
distribution of N loading and retention and NO3- export vary with land use and landscape
position.
Study Area
The West Fork of the Gallatin River in the northern Rocky Mountains of
southwestern Montana (Figure 4.1A) drains Big Sky, Moonlight Basin, Yellowstone
Club, and Spanish Peaks resort areas (Figure 4.1B). The West Fork watershed (212 km2)
is characterized by well-defined steep topography and shallow soils. Elevation in the
drainage ranges from approximately 1800 to 3400 meters and average annual
precipitation exceeds 1270 millimeters (mm) at higher elevations and is less than 500 mm
near the watershed outlet. Sixty percent of precipitation falls during the winter and
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spring months [USDA NRCS, 2008]. Hydrographs of the West Fork River indicate peak
flows during spring snowmelt typically occurring in late May and early June followed by
a general recession throughout the summer, autumn, and winter months.
Streams in the West Fork watershed range from first-order, high gradient, boulder
dominated mountain streams in the upper elevations to fourth-order, alluvial streams near
the watershed outlet. Stream productivity is generally low due to cold temperatures and
short growing seasons [USDA FS, 2004], however in recent years, increased algal growth
has been noted in streams draining developed subwatersheds near the watershed outlet.
The increased algal growth in streams draining development may be signs of the
beginning stages of N enrichment. Chlorophyll a data collected in September 2005
suggest that algal growth is elevated above natural background levels in streams draining
developed subwatersheds. Median Chlorophyll a ranged from 2.5 mg m-2 in pristine low
order streams, 20 mg m-2 in pristine higher order streams to 360 mg m-2 in higher order
streams draining more developed watersheds [PBS&J, 2005].
Diverse geologic materials are present in the West Fork watershed, including
metamorphosed volcanics of Archean age, sedimentary and meta-sedimentary formations
of various ages, and colluvium and glacial deposits that dominate the surficial geology in
valley bottoms. Carbonaceous minerals such as limestones and shales are present in the
mineralogy of some but not all headwater catchments, and quartzite, biotite, gneiss,
gabbros, and sandstones are also present [Alt and Hyndman, 1986; Kellog and Williams,
2006]. Vegetation below tree line consists of coniferous forest (lodgepole pine, blue and
Engelmann spruce, and Douglas-fir), grasslands, shrublands, and willow and aspen
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groves in the riparian areas. The watershed has a brief growing season from mid-June
through mid-September (75 – 90 frost free days), decreasing with elevation [USDA FS,
1994].
Big Sky Resort was established in the early 1970s and since then, the West Fork
watershed has seen a rapid increase in growth with the addition of three new ski resorts
and golf courses with associated residential development. Since resort development,
streamwater NO3- concentrations in the West Fork of the Gallatin River have followed a
similar upward trend to development as represented by the number of building structures
in the 212 km2 watershed (Figure 4.2). The Big Sky Water and Sewer District services
the two village areas with public water supply and sewer in the West Fork watershed
(Figure 4.1B). Public wastewater receives secondary treatment and is released into three
lined sewer detention ponds and stored until mid-spring when it is released as irrigation
water onto the Big Sky Golf Course (Figure 4.1C). Golf course irrigation begins in midspring when the ground thaws and continues through mid-fall, when the ground again
freezes. Areas outside of the sewer district are on individual or community septic
systems and private wells [R. Edwards, personal comm., 2007].
Methods
The BiSN model uses a traditional export coefficient modeling approach but additionally
incorporates spatially explicit observations of land and stream attributes. The BISN
modeling framework then allows for representation of spatially distributed N processes
whilst retaining relative model parsimony. We describe here the data collection and
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construction of BiSN. Model inputs included: 1) field data collected to describe the
spatial variability in streamwater NO3-, instream NO3- retention, atmospheric inorganic N
deposition, stream discharge, and mineral release of N, 2) terrain indices associated with
rates of transport through the watershed and with riparian buffering potential, and 3) land
use/land cover acting as principal sources or sinks of watershed N.
Streamwater Sampling and Chemistry Analysis
The spatial distribution of watershed NO3- export was measured through synoptic,
or “snapshot-in-time,” sampling in which streamwater was collected in 250 mL highdensity polyethylene (HDPE) bottles from 50 sites across the West Fork watershed within
2-3 hours time (Figure 4.1B). Synoptic sampling sites were selected to represent a range
of subwatershed characteristics including: land use/land cover (LULC), number of
wastewater disposal units, geology, stream order, elevation, and discharge (Figure 4.1B).
Six repeated synoptic sampling campaigns were conducted across a range of hydrological
and biological activity [Gardner and McGlynn, 2009]. BiSN implementation for this
study was based on data from the August 8, 2009 synoptic campaign. The summer
synoptic campaign was used for the following reasons: 1) abundant summer instream
NO3- uptake data was available, and 2) modeling results were used for Total Maximum
Daily Load development, which in Montana is primarily concerned with summer low
flow conditions.
Instream NO3- uptake experiments were conducted in six stream reaches
representing a range of watershed and land use characteristics [McNamara et al., in prep.
McNamara, 2010]. Two tracer addition methods were followed: constant-rate tracer
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additions using modified methods from Webster and Valett [2006] and instantaneous
tracer additions using the newly developed TASCC method (Tracer Additions for
Spiraling Curve Characterization) accomplished as part of this project and related
research by the MSU Watershed Hydrology Laboratory [Covino et al. in press A, Covino
et al., in press B]. N, chloride, and specific conductance data collected during the tracer
addition experiments were used to estimate total NO3- retention, Michaelis-Menten
kinetic model parameters (including ambient uptake), and spiraling parameters for each
of 6 stream reaches [McNamara et al., in prep; Covino et al., in press A].
Continuous stage data was collected on the West Fork and its three tributaries
[PBSJ, 2008]. Stream discharge was calculated from stage-discharge rating curves
developed from measurements over the full range of discharge. Stream discharge was
measured with a Marsh McBirney Flo-Mate 2000™ current velocity meter and standard
USGS area-velocity method [Gardner and McGlynn, 2006]. For reaches in which no
discharge data was collected, watershed area was used to scale discharge. During the
summer baseflow period, the relationship between watershed area and stream discharge
measured at four locations in the West Fork watershed was strongly correlated (R2=0.99)
and significant (p<0.05).
Streamwater samples from the synoptic campaigns and the tracer additions were
chilled to 0-4°C and transported to the laboratory where they were filtered within 24
hours of collection with 0.45 µm Millipore Isopore Polycarbonate membranes. Filtered
water samples were preserved in HDPE bottles and frozen until analysis. Dissolved
aqueous nitrogen species analyzed included nitrite (NO2-), NO3-, ammonium (NH4+), and
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organic N. For this study, we examined inorganic N (for more details on organic N, see
Gardner et al., in review), but since most samples contained NO2- and NH4+ levels near
or below detection limits (0.005-0.01 mg L-1), we focused on NO3-. NO3- was analyzed
by ion-exchange chromatography (IC) using a Metrohm Peak model 820 interface
equipped with a 4-mm anion-exchange column [Metrohm, Herisau, Switzerland]. The
detection limit for NO3- was 0.01 mg L-1-N Accuracy was within 10% for certified 0.09
mg L-1 NO3--N standards (0.09 ± 0.009 mg L-1 NO3-N), as measured every 11th sample.
Coefficients of variation (CVs) for NO3- standard peak areas were 2% or less.
Geologic Weathering Experiments
Research has shown that modeling N export purely dependent on land use tends
to underestimate N export [Worrall and Burt, 1999]. Consequently, Worrall and Burt
[1999] introduced a soil reserve parameter representing the release of inorganic N from
soil organic matter, which can be a significant pool of watershed N [Post et al., 1985]. In
BiSN, we defined this parameter as soil storage release (SSR). SSR is the release of N
from soil storage, which is the accrual of N in soils from historic N loading (i.e.
atmospheric N deposition, wastewater), plant and microbial immobilization, and soil
adsorption. Release of inorganic N from soil occurs through mineralization, fixation,
geologic weathering, and dissolution. Laboratory geologic weathering experiments
supported other research that has demonstrated geology to be a substantial source of
watershed N [Holloway et al., 1998; 2001]. Specifically, Ackerman et al. [in prep.] found
that Cretaceous carbonate rocks produced enough N to be considered an important source
of inorganic N to certain streams in the watershed; 10 times more total N was weathered
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from cretaceous carbonate rocks as compared to other rock types found in the study area.
This information from the geologic weathering experiments partially informed the SSR
parameter. SSR was computed as a relative amount of inorganic N released from soil
storage. This means that watershed areas consisting of geology with greater potential to
weather inorganic N were assumed to have 10 times more inorganic N in soil storage and
therefore, release ten times more N than other grid cells consisting of geology with less
potential to weather inorganic N. To incorporate this information into BiSN, the SSR
parameter in grid cells with geology less prone to weather inorganic N (which was the
majority of the grid cells) was multiplied by 0.1.
Atmospheric Deposition
Inputs of inorganic N (NO3- and NH4+), from atmospheric dry and wet deposition
can be a significant source of watershed N loading [Aber et al., 1989; Burns, 2003]. The
atmospheric dry deposition inorganic N load was assumed equivalent to the average dry
deposition inorganic N load measured between 2000 and 2007 in the northwestern corner
of Yellowstone National Park (Figure 4.1A) [US EPA CMAD, 2009]. This site is located
at 2400 m, 100 km from the West Fork watershed and was presumed to have similar dry
N deposition rates. No discernable temporal trend in inorganic N deposition occurred
across this time period. Atmospheric dry deposition inorganic N load was assumed to be
constant across the study area. The atmospheric wet deposition inorganic N load was
computed from average wet deposition inorganic N concentrations measured at Tower
Falls in Yellowstone National Park between 2000 and 2007 (Figure 4.1A) [NADP, 2009].
Tower Falls is 40 km north of the dry deposition site in Yellowstone National Park at
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1900 m, 70 km southeast of the West Fork watershed and was presumed to have similar
wet inorganic N depositional rates as lower elevations. There was no observed trend in
inorganic N concentration of atmospheric wet deposition across this time period. The
atmospheric wet deposition load for each modeled grid cell in the study area was
calculated by multiplying inorganic N concentration by elevation scaled precipitation.
Elevation scaled precipitation was determined by a statistical relationship developed
between precipitation and elevation data from two weather stations in the study area
(Appendix A): 1) the Lone Mountain SNOTEL station located in the headwaters of the
North Fork watershed (Figure 4.1B) at 2706 m in a subalpine environment, and 2) the
Lone Mountain Ranch weather station, located towards the valley bottom at 2100 m.
Watershed Characteristics
Terrain Analysis: NO3- transport in watersheds along hydrologic flowpaths is
partially controlled by landscape characteristics [Dunne, 1978; Newson, 1997].
Definition of hydrological flowpaths, potential travel times along each flowpath and the
concomitant spatial pattern of N loading across the West Fork watershed are necessary to
explain variability in streamwater NO3-. To explicitly characterize the spatial distribution
of N loading by various sources, the BiSN model includes the discretization of the
landscape to units representing different hydrologic and land use conditions. The West
Fork watershed has steep slopes and predominately thin soils with high hydraulic
conductivities [USDA SCS, 1978; USDA SCS, 1982]. These conditions often promote
shallow subsurface runoff pathways that can result in rapid NO3- delivery to riparian
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zones and streams. Consequently, hydrological flowpaths are likely to be well
represented by surface topography. For this study, the MD∞ flow accumulation
algorithm [Seibert and McGlynn, 2007] was used to define the hydrological flowpaths in
the West Fork watershed using a 10m digital elevation model (DEM) developed by
parsing a 1-m resolution Airborne Laser Swath Mapping data set. The spatial resolution
of the 1-m DEM was reduced to improve computational time and to prevent the terrain
analysis software from terminating before completion.
Terrain analysis extracted relevant terrain characteristics from the 10m DEM to
model streamwater NO3- concentrations. First, an approximation of water transit time for
each grid cell was calculated [McGuire et al., 2005] and referred to as water travel time
(TT). NO3- export has been shown to be inversely related to watershed residence time
due to increased reaction time for immobilization [Seitzinger et al., 2002]. For each grid
cell, TT is the topographically derived flowpath distance to the stream divided by the
gradient over the flowpath. TT is an estimate of the relative travel time from a grid cell to
the stream channel (For more details, see Gardner and McGlynn [2009]).
In addition to TT, a riparian buffering index (RBI) was computed from the 10m
DEM by an automated method in which the delineated riparian zone area associated with
each stream pixel is divided by the local contributing area (lateral upslope inflows)
[McGlynn and Seibert, 2003; Jencso et al., 2010; Grabs et al., 2010] (For more details
see Gardner and McGlynn [2009]). Stream reach to stream reach assessment of riparian
buffering potential of lateral hillslope inputs is pertinent in LULC change-water quality
analyses because it allows for assessment of potential riparian buffering down-gradient
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(along each flowpath) of NO3- inputs.
The stream network was delineated into reaches approximately 500m in length.
A 500 m reach length was chosen because 97% of measured NO3- uptake lengths were
less than 500m [McNamara et al., in prep., McNamara, 2010]. A total of 231 nested
subwatersheds were delineated, ranging in area from 0.01 to 207 km2. Upstream
subwatersheds were subtracted from downstream subwatersheds to create non-nested
subwatersheds so that each land pixel contributed to only 1 stream reach. Non-nested
subwatersheds ranged in area from 0.01 km2 to 3.7 km2 (Figure 4.3A).
Land Cover Analysis: Natural and human altered LULC can have direct bearing
on streamwater NO3- export [Likens et al., 1970; Chang et al., 2002; Wong et al., 2004;
Gardner and McGlynn, 2009]. Here, LULC was delineated from a cloud-free QuickBird
scene acquired on July 21, 2005 [Campos, in press] for input into BiSN. Delineated land
use classes included forest, impervious surface, grass, golf, soil, and sewer ponds. Septic
locations were mapped by masking the Big Sky Water and Sewer District boundary GIS
layer over a 2006 structure layer supplied by the Gallatin County Planning District.
Geologic maps, acquired from the Montana Bureau of Mines and Geology [Kellog and
Williams, 2005] were used to determine the percent of geology with higher potential for
N weathering in each subwatershed [Ackerman et al., in prep]. Subwatershed land use
and terrain characteristics were then extracted as model parameters in BiSN.
The model parameters identified from land use/ land cover and terrain analysis
included forest, impervious surface, grass, golf, soil, septic, sewerponds, geology, and
relative travel time. Since initial model simulations resulted in poor convergence and
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high parameter correlations, model parameter classes were lumped [Bates and Campbell
et al., 2001] so that “vegetation” consisted of grass and forest, “non-vegetation” consisted
of impervious surface and soil, and “wastewater” consisted of the golf courses and
sewerponds. Additional model simulations demonstrated that NO3- export was
insensitive to the “non-vegetation” parameter illustrated by a uniform posterior
distribution across the entire prior distribution. Furthermore, the vegetation Markov
chain did not convergence despite relatively long model runs and low correlations with
other parameters. For these reasons, the “non-vegetation parameter was not included in
the model (Equation 4.1). The insensitivity of “non-vegetation” parameter suggests that
“non-vegetation” was not a primary driver of streamwater concentrations during the
summer growing season. Other research has shown impervious surface to be most
associated with watershed NO3- export during high runoff events [Lunetta et al., 2005;
Shields et al. 2008], while having less influence on watershed NO3- export during drier
periods [Lunetta et al., 2005]. In addition, impervious surface has been shown to exhibit
threshold behavior in its influence on watershed NO3- export [Carle et al., 2005; Lunetta
et al., 2005; Clausen et al. 2008]. Since BiSN modeled watershed NO3- export during a
dry period and “non-vegetation” occurred at a low density in the West Fork watershed,
one might expect “non-vegetation” parameter not to be a major driver of watershed NO3export.
Big Sky Nutrient Export Model (BiSN)
The relationship between LULC, watershed characteristics, and NO3- export
was determined by BiSN, whose modeling framework was adapted from the hybrid
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mechanistic and spatial modeling approaches used by [Worrall and Burt, 1999] and
[Endreny and Wood, 2003]. BiSN introduces process representation by incorporating
terrestrial, riparian, and instream retention to the basic export modeling approach. We
believe characterizing the spatial patterns in these retention processes is critical to
capturing the spatial heterogeneity of watershed NO3- export. NO3- export to the
downstream end of stream reach i (NEi in kg d-1) was modeled as a function of: 1) lateral
NO3- loading from the incremental drainage i decayed along terrestrial flowpaths and half
of the stream reach i, and 2) NO3- loading from one or more adjacent upstream reaches
decayed along the length of stream reach i (Nup) (Equation 4.1, Figure 4.3B):

(4.1)

where, NEi is the NO3- export to the downstream end of stream reach i, n is the number of
grid cells contributing to stream reach i (i.e. the size of the BiSN modeling unit i), and ei
is the model residual or error. Upland lateral loading of N was calculated via indicator
variables representing vegetation (VEG), wastewater application (WW), the number of
septic systems (S), and soil storage release of NO3- (SSR), which occurred in all grid cells
but was 10 times greater in grid cells consisting of geology with a higher potential to
release N [Ackerman et al., in prep]. Wet inorganic deposition, WD, was scaled by
precipitation (varied by elevation) (Appendix A), while dry inorganic N deposition, DD,
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was constant across the watershed. bv, bw, bs, bssr, and bwd are calibrated nitrogen export
coefficients associated with the model parameters VEG, W, S, SSR, and WD, respectively.
Terrestrial retention occurring in the uplands and the riparian area is described by
two terrain indices, watershed travel time (TT) and riparian buffering potential (RBI).
The N load from each pixel is modeled to follow a power law decay as it travel along
hydrological flowpaths to the stream as a function of TTj, the TT index for each grid cell
j. Therefore, upland retention for subwatershed i is computed as N loading inputs from
WW, S, DD, WD, SSR minus NO3- exported from the uplands (N loading inputs * f (TT)).
NO3- exported from the uplands is subject to immobilization in the riparian area from
RBIi, a riparian buffer index ratio for each subwatershed i. bα and bβ are the calibrated
shape and scale parameters of the power law function associated with TTj, and br is the
calibrated RBI parameter.
N loading that is exported from the riparian area is subject to instream retention,
which is modeled as a decay component formulated from field data acquired from
instream NO3- uptake experiments. In addition to upland loading, NEi is a function of
NO3- export from one or more upstream reach(es) (NEup) (Figure 4.3B). NEup and the
decayed upland lateral loading are subject to instream NO3- loss, decay, (areal uptake, kg
d-1m2) which was inferred from instream NO3- experiments conducted in the West Fork
watershed during the study period [McNamara et al., in prep.] (Appendix B). NO3export was computed for each of the 231 stream reaches and compared to the observed
NO3- export at 50 stream reaches. The total watershed export for the West Fork watershed
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is the NE calculated for the most downstream reach in the watershed and represents the
integrated watershed response.
BiSN Model Specification and Parameter Estimation
BiSN Inference and Markov Chain Monte Carlo Methods: Bayesian methods
allow for “expert knowledge” of system behavior to be incorporated with observed data
into model structure through the Bayes rule [Gelman et al., 2004]:
(4.2)

where, P(θ|NE) is the posterior distribution or the probability of the unknown model
parameters θ given the observed data (NE), P(θ) is the prior distribution or the current
knowledge of the model parameters, P(NE|θ) is the likelihood or the probability of the
observed data given the parameters values, and P(NE) is the prior probability of the
observed data which acts as a normalizing constant.
Recent research in hydrologic modeling has shown Bayesian statistical
inference to provide a powerful framework for assessing parameter uncertainty and
subsequent uncertainty in applications such as rainfall-runoff model simulations [Bates
and Campbell, 2001; Marshall et al., 2004], groundwater flow [Hassan et al., 2009], and
solute export [Qian, 2005; Zobrist and Reichert, 2006; Shrestha, 2008]. This is because
uncertainty in the model parameters can easily be assessed through the posterior
distribution; instead of a single fit to the data, Bayesian methods estimate a distribution of
possible parameter values.
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The Bayesian approach provides an attractive framework for inference in
nutrient export modeling. This is especially true given the uncertainties in the export
model parameters and processes, and the comparative lack of available data with which
to constrain model results. Rather than give a deterministic “best” simulation, the full
range of parameter uncertainty and interactions may be determined and their impacts on
subsequent model simulations assessed.
Computation of the posterior distribution, P(θ|NE), for most non-linear models
and models with a high dimensional parameter space can be prohibitively difficult
[Gelman et al., 2004]. For these cases, P(θ|NE) can be generated using a sampling
algorithm. MCMC simulation methods are commonly used in Bayesian inference to
estimate the posterior distribution by generating a sample from a distribution. BiSN was
fit using an adaptive MCMC method for estimation of model parameters. The adaptive
Metropolis algorithm (AM) [Haario, 2001] is a modification of the standard Metropolis
algorithm, and has been shown to be advantageous for hydrologic modeling [Marshall et
al., 2004; Hassan, et al., 2009]. A major advantage of the AM algorithm is that the entire
parameter set is updated simultaneously, which reduces computational time and
complexity.
Following other hydrologic studies such as Bates and Campbell [2001], Marshall
et al. [2004], Zobrist and Reichert [2006], Hassan et al. [2009], Smith and Marshall
[2010], the likelihood function assumed homoscedastic, uncorrelated error terms:

(4.3)
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where, n is number of observed data points (NEobserved), and σ2 is the error variance.
BiSN Implementation
Prior Densities: The prior probability distribution represents the modeler’s
knowledge of system behavior. Prior knowledge of vegetation, non-vegetation, septic,
and riparian export coefficients was based on literature values (Table 4.1) [Rast and Lee,
1984; Burt et al., 1999; McFarland et al., 2001; US EPA, 2002; Maitre et al., 2003;
Zobrist and Reichert, 2006; Alexander et al., 2008; NADP, 2009]. Recognizing that
literature values were based on studies conducted in watersheds with varying climatic and
physical characteristics, prior bounds were loosely constrained by literature values. In
general, prior bounds were within a order of magnitude of given literature values.
The soil storage release, wastewater, and atmospheric deposition parameters were
constrained by empirical data collected in the study area (Table 4.1). The wastewater
prior distribution was constrained by unpublished wastewater N concentration and
discharge data acquired from the Big Sky Water and Sewer District. Data from geologic
weathering experiments loosely bound the soil storage release prior probability
distribution [Ackerman et al., in prep]. Inorganic N concentration data from Yellowstone
National Park loosely constrained the atmospheric wet deposition parameter. For the
travel time parameter, the power law scale parameter, β, and the shape parameter, α,
were constrained between 0 and 1. During initial model runs, β was unstable, so the
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parameter was fixed at its most probable value 0.035 from initial model runs [Bates and
Campbell, 2001].
Expert knowledge informed the shape of each parameter’s prior probability
distributions (Table 4.1, Figure 4.8). Uninformative uniform prior probability
distributions were applied for the travel time, wastewater, soil storage release, and
vegetation parameters. The uniform distribution applies equal probability to all values
between the prior bounds. The septic and atmospheric deposition parameters priors were
assumed to be a generalized trapezoid distribution [Seibert and McDonnell, 2002], while
the riparian parameter prior distribution was assumed to be a triangular distribution
[Hession and Storm, 2000].
Model Convergence: To ensure that the simulated posterior distribution was
representative of the true posterior distribution, chain convergence was assessed by the
Gelman-Rubin convergence diagnostic test [Gelman and Rubin, 1992]. The GelmanRubin diagnostic test is based on running multiple chains with starting points widely
dispersed throughout the posterior distribution. The Gelman-Rubin approach diagnoses
convergence by calculating the estimated potential scale reduction (R), which compares
the variance within and between the multiple chains. At convergence, R should be close
to 1.
For this project, model simulations were performed in Matlab. Each model
simulation was run for 200,000 iterations. Pretuning runs were used to determine
parameter values of high posterior density to help initialize MCMC runs. Based on these
runs, multiple chains were run with starting values chosen across the simulated posterior
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distribution to compute the Gelman-Rubin statistic and diagnose convergence to the
posterior distribution.
Model Uncertainty: Total predictive uncertainty included uncertainties in the
parameter values and the residual variance of the model output. We estimated total
predictive uncertainty in our model simulations via MCMC parameter samples
incorporating the effect of the model residual term.
Results
Observed streamwater NO3- concentrations varied between 0.001 and 0.21 mg L-1
(Figure 4.4A) and were generally highest in the most developed areas in the watershed
(Figure 1b). Streamwater NO3- export across the West Fork watershed varied within
three orders of magnitude, from 1.06 kg yr-1 to 1245 kg yr-1 (Figure 4.4B) and generally
increased in a downstream direction. Streamwater NO3- export was generally highest in
the lower reaches of the South Fork and the West Fork, which flow through the most
developed areas in the watershed (Figure 4.1), while streamwater NO3- export was lowest
in headwater subwatersheds (Beehive, Upper Middle Fork, and North Fork). Although
we modeled streamwater NO3- in kg d-1, we chose to report yearly export values so that
comparisons could easily be made with export values in the literature. We emphasize
that reporting yearly NO3- export based on summer NO3- export underestimates yearly
NO3- export since the West Fork data was collected during summer low flow when NO3export is small compared to NO3- export during the winter and snowmelt [Gardner and
McGlynn, in prep.].
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Normalized to watershed area, observed streamwater NO3- export ranged from
0.0002 to 0.24 kg ha-1yr-1. In the headwaters of the Middle Fork (Figure 4.1), streams
draining Lone Mountain exported the highest amounts of streamwater NO3- (Figure
4.4B). Lone Mountain is an alpine environment above treeline with steep slopes,
consisting mainly of talus and scree. Inorganic N entering this environment with shallow
soils, steep talus/scree slopes and little riparian area could easily be transported through
the system. Unfortunately, no data exists in the headwaters of the South Fork due to
inaccessibility of private land. Normalized NO3- export was elevated in the lower reaches
of the South Fork and the West Fork. Both of these streams are alluvial streams draining
areas of significant human development in the lower elevations of the watershed.
Model Performance and Model Uncertainty
BiSN converged after 100,000 iterations (the Gelman Rubin Diagnostic R ~ 1) for
all parameters, therefore the subsequent results are based on iterations 100,001 to
200,000. Modeled versus observed streamwater NO3-export with 90% prediction
intervals are illustrated in Figure 4.5. The 90% prediction intervals included uncertainties
in the parameter values and the residual variance of the model. Overall, the spatial
variability of observed streamwater NO3- export was well captured by the BiSN model
structure over a wide range of environmental and land use gradients (Figures 4.5 and
4.6); the Nash-Sutcliffe model efficiency coefficient was 0.90 (Figure 4.6). Model
residuals were normally distributed, and did not appear to be homoscedastic (Figure 4.6)
or spatially correlated (Figure 4.7). Since 93% of the observed data fell between the 90%
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prediction intervals (Figure 4.5) and there was no pattern in the model residuals, we can
assume that the likelihood assumptions were appropriate.
Parameter Estimates
The parameter distributions produced by the MCMC sampling algorithm are
illustrated in Figure 4.8. Parameter identifiability refers to the ability to constrain a
parameter by a set of data and identify maximum likelihood values of the parameters
[Luo et al., 2009]. Parameters for the BiSN model parameters varied in their
identifiability. bw, the wastewater parameter (Figure 4.8B), and bα, the travel α parameter
(Figure 4.8E), were most identifiable; their posterior distributions were constrained by
the observed data and show a clear peak in their distributions. The wastewater posterior
distribution peaked at approximately 10 kg ha-1yr-1, while the travel α was most likely
between 0 and 0.4 kg ha-1yr-1. bssr, the soil storage release parameter (Figure 4.8D), and
br, the riparian buffer parameter (Figure 4.8G), had regions of their parameter space that
were more likely than others. Soil storage release was most likely to be at the lower end
of the prior distribution, between 100 and 500 kg ha-1yr-1 (Figure 4.8D) for grid cells with
geology more prone to weather N; however, most of the watershed consisted of geology
less prone to weather N, which corresponded to SSR export values of 0.1 * SSR or
between 10 and 50 kg ha-1yr-1. These large export values suggest that soil storage release
of NO3- was a significant source of watershed NO3-. Riparian buffer was most likely
greater than zero, which indicated that the riparian buffer was a net sink for of watershed
NO3- (Equation 4.1).

170
The posterior distributions of bv, the vegetation parameter (Figure 4.8A), bs, the
septic parameter (Figure 4.8C), and bad, the wet deposition parameter (Figure 4.8F), were
not well constrained by the observed data, meaning their posterior distributions were
relatively flat across the entire prior distribution. A flat/uniform posterior distribution
signifies that any value between the upper and lower bound of the prior distribution has
an equal probability of occurrence. Even though streamwater NO3- export was less
sensitive to N inputs from vegetation, septic, or wet deposition, there were a few general
observations that could be made about their posterior distributions: 1) vegetation was
most likely an N sink, 2) septic export value had the highest probability of being close to
500 kg ha-1yr-1, and 3) wet deposition concentration was most likely between 1.0 and 1.2
mg L-1.
The parameter values that produced the maximum likelihood and minimum
variance are presented with their 90 percent confidence intervals in Table 4.2. The
maximum likelihood parameter values assessed the capability of BiSN to estimate
observed streamwater NO3- export (Figure 4.4A.) and were employed to calculate N
loading, retention, and export by subwatershed. The maximum likelihood estimates of
the parameters indicated that loading from septic and soil storage were highest at 336.5
and 297 kg ha-1yr-1, respectively. Soil storage release of NO3- from areas consisting of
geology with high potential to weather NO3- was 297 kg ha-1yr-1, while soil storage
release of NO3- from areas consisting of geology with low potential to weather NO3- was
a 29.7 kg ha-1yr-1 (0.1*SSR). Although their export parameter values are quite similar, N
loading from septic effluent and soil storage release are quite different and have
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ramifications for streamwater NO3- export. Septic systems export effluent to a localized
area, but the actual loading value appears smaller because it is normalized across a
hectare. Localized highly concentrated septic loading has the potential to saturate the
immediate disposal area and be quickly transported to streams. On the other hand,
inorganic N released from soil storage is evenly dispersed across a hectare.
Consequently, there is more opportunity for plant and microbial immobilization of NO3leading to less NO3- transported to streams.
Vegetated land exported the least amount of N at 2.73 kg ha-1yr-1 (Table 4.2);
however, this value is highly uncertain. Based on the 90% confidence intervals,
vegetation could be a net sink or source of N. The maximum likelihood estimate for wet
deposition inorganic N concentration was 1.15 mg L-1, with an upper and lower 90%
confidence limit of 0.5 and 1.34 mg L-1. The riparian buffer was estimated to be a net
sink of NO3-, removing 270 kg ha-1yr-1, which was towards the upper end of the
confidence interval [4 kg ha-1yr-1 to 286 kg ha-1yr-1]. The power law shape parameter, α,
was estimated to be 0.619, while the power law scale parameter, β, was fixed at 0.035.
Drivers of the Spatial Heterogeneity
of Streamwater NO3- Export
The spatial network structure of BiSN allows for exploration of N loading, export
and retention patterns at the watershed scale. NO3- contribution from each source for
each subwatershed was calculated by multiplying the maximum likelihood parameter
estimates by the source area and then dividing by the total subwatershed area (Table 4.3).
Total N loading is presented in Figures 4.9A and 4.9C and Table 4.3, while NO3-
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exported from the uplands (i.e. N loading decayed by relative travel time) is presented in
Figures 4.9B and 4.9D and Table 4.3. Soil storage release of NO3-, which is the release
of NO3- in storage that has accrued from historic N loading (e.g. atmospheric deposition,
wastewater), plant and microbial immobilization, and soil adsorption, dominated N
loading across the watershed (Figure 4.9A). Excluding soil storage release of NO3- to
illuminate other source contributions, the relative N loading across the watershed was
very similar with the exception of a high septic load in the upper Middle Fork (MFHW1)
(Figure 4.9C). Very little NO3- was exported from the uplands except for in the mainstem
West Fork, where wastewater contributions to NO3- export were high (Figure 4.9D, Table
4.4). Although the wastewater load was relatively small compared to other sources, it
had a disproportionately greater contribution to upland NO3- export (Figure 4.9D).
Watershed N retention was divided into its three main components (uplands,
riparian, and instream) and depicted in Figure 4.10 and Table 4.4. The majority of NO3(98-99 %) was retained in the uplands as either a function of biological uptake or a lack
of physical transport (i.e. hydrologic connectivity) between source areas and the stream
(Figure 4.10A, Table 4.4). Instream NO3- removal was substantially greater than riparian
NO3- removal in the South Fork, the lower Middle Fork, and the West Fork (Figure
4.10B). In headwaters of the South Fork, the Middle Fork and the North Fork, there were
differences in the relative amounts of riparian and instream NO3- removal. In the
headwaters of the South Fork watershed, instream processes generally immobilized more
NO3- than the riparian area. Conversely, in the Middle Fork and North Fork the riparian
area generally immobilized more NO3- than instream processes. In addition, the
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magnitude of riparian and instream retention was significantly higher in the South Fork
than the Middle and North Forks. Presumably, this was a result of higher NO3- loading to
the riparian area occurring through most of the South Fork watershed (Figure 4.9B).
Discussion
Model Performance and Model Uncertainty
BiSN integrated stream chemistry from spatial sampling and NO3- tracer
additions, terrain and land use analysis in a Bayesian framework to estimate watershed N
loading, NO3- export and retention. As a relatively simple model with the goal of
minimizing model parameters and predictive uncertainty, BiSN’s minimal data
requirements included: observed streamwater NO3- concentrations, a DEM, information
on wastewater sources (i.e. septic location and wastewater irrigation location and load)
and maps of land use/cover and geology.
Despite model simplicity (7 calibrated parameters), BiSN fit the observed
streamwater NO3- data well ; the Nash Sutcliffe model efficiency coefficient was 0.90
(Figure 4.6) and 93% of the observed data fell between the 90% prediction intervals
(Figure 4.5). Although the prediction intervals, which include uncertainties in parameter
values and model residuals, were fairly wide, they did capture the general patterns of
streamwater NO3- export of streams ranging from pristine first-order streams draining
high-elevation alpine-subalpine watersheds (Beehive) to a fourth-order alluvial bottom
stream draining substantial human development (West Fork).
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Analysis of predictive uncertainty, which incorporated parameter uncertainty
(Figure 4.6), is a real advancement in our analysis approach compared to other export
coefficient modeling approaches. In BiSN, parameter uncertainty implied that the exact
allocation of each NO3- source/sink is unknown. The degree of uncertainty for each
parameter was reflected in the full range and shape of the parameter posterior
distributions. The majority studies applying export coefficient models have judged
model performance solely by stating some goodness of fit measure that compares
observed and predicted observations (i.e. R2, Nash-Sutcliffe, percent error etc.) [Worrall
and Burt, 1999; 2001, Johnes, 1996; Whitehead et al., 2002]. Some studies have
attempted to account for uncertainty in export coefficient parameters by surveying the
full range of export coefficient values observed across a range of watersheds [Reckhow et
al., 1980; Griffin, 1995; McFarland and Hauck, 2001; Wickham and Wade, 2002;
Endreny and Wood, 2003]; however, this representation reflects the variability in export
coefficients not their uncertainty [Khadam and Kaluarachchi, 2006]. Other studies have
recognized the high uncertainty inherent in export coefficients [Zobrist and Reichert,
2006; Khadam and Kaluarachchi, 2006]; however, these studies did not report how
parameter uncertainty impacted model predictions of watershed nutrient export. Effects
of parameter uncertainties on model performance can be substantial and should be
evaluated to ensure the precision and reliability of the predicted results [Beck, 1987].
In addition to predictive uncertainty, other model diagnostics important to model
evaluation include examination of model residuals. BiSN model residuals were normally
distributed (Figure 4.6), homoschedastic (Figure 4.5) and did not appear to be spatially
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correlated (Figure 4.7). Recent research has shown the existence of spatial dependency
in water quality data [Dent and Grimm, 1999; Peterson et al., 2006; Gardner and
McGlynn, 2009]. Spatial processes governing NO3- export were implicitly incorporated
within the BiSN network structure: each reach had NO3- inputs from upstream reaches
and NO3- outputs that influenced downstream reaches (Figure 4.3B). Instream processing
further defined the spatial relationship between upstream and downstream reaches.
Drivers of the Spatial Heterogeneity
of Streamwater NO3- Export
BiSN’s output provided insight into the main drivers of streamwater NO3- export
in the West Fork watershed during the summer growing season. Specifically, the shape
and range of the parameter posterior distributions reflect the relative influence of each
parameter on streamwater NO3- export.
Model parameters had a wide range of influence on modeled streamwater NO3export (Figure 4.8), as demonstrated by their posterior distributions. Modeled
streamwater NO3- export was most sensitive to the wastewater and travel α parameters.
Wastewater loading occurs on the Big Sky Resort Golf Course, which drains into the
lower Middle Fork, just before the confluence with the South Fork (Figure 4.1).
Although the amount of N loading to the Big Sky Golf Course is relatively small (Figures
4.9A and 4.9C, Table 4.2), it had a disproportionately large impact on streamwater NO3export (Figure 4.9B and 4.9D, Table 4.3). Golf course irrigation with treated wastewater
occurs over a short time period (approximately May through October) onto an area with
very short relative travel times to the stream. Consequently, there is limited potential for
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biological immobilization of NO3- and the majority of N loading is readily transported
through shallow groundwater to the lower Middle Fork.
The travel time parameter, travel α, was strongly identifiable and had significant
influence on modeled streamwater NO3- export. Travel α, the power law distribution
shape parameter, describes the rate at which N loading is immobilized as it moves
through the landscape. Under most circumstances, N loading occurring “hydrologically
close” to the stream (short relative travel times) should have greater impact on
streamwater NO3- than N loading occurring “hydrologically farther away” (longer relative
travel times). This is because of the increased time and distance for NO3- immobilization
[Seitzinger et al., 2002]. Other simple N export models have also found improved model
performance by adding parameters that describe hydrologic transport times [Smith, 1997;
Johnes and Heathwaite, 1997; Frateriggo and Downing, 2008; Gardner and McGlynn,
2009].
Although not as sensitive as the wastewater and travel time parameters, the soil
storage release and riparian parameters did have regions of their modeled parameter
space that were more likely than others (Figures 4.8D and 4.8G). Soil storage release of
N was most probable between 100 and 500 kg ha-1yr-1, as illustrated by the soil storage
posterior distribution (Figure 4.8D). Therefore, soils in areas associated with mineralogy
more prone to weather N exported between 100 and 500 kg ha-1yr-1, while soil in areas
associated with mineralogy less prone to weather N exported 10 to 50 kg ha-1yr-1 (0.1 *
SSR, see Section 3.2 for more details). Soil storage of N occurs from the buildup of N in
soils from historic N loading (e.g. atmospheric deposition, wastewater), soil adsorption,
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and plant and microbial immobilization. Soil storage has been estimated to be anywhere
from 2000 kg ha-1 in warm deserts to 20,000 kg ha-1 in wet tropical systems [Post et al.,
1985]. SSR includes releases of N from soil storage through geologic N weathering, N
fixation, mineralization, and dissolution.
Although N fixation and mineralization were not directly included as a parameter
in BiSN, their contributions to watershed N were incorporated into the SSR parameter.
Studies have shown that N fixation from terrestrial [Fahey et al., 1985; Cleveland et al.,
1999; Vitousek et al., 2002; Jacot et al., 2009] and aquatic [Meyer et al., 1981; Grimm
and Petrone, 1997; Triska, 1984] ecosystems can be substantial sources of watershed N.
In addition to N fixation, mineralization of organic matter can be a significant contributor
to watershed N export [Bormann, 1977; Fisk and Schmidt, 1995; Brooks et al., 1996].
Mineralization is the release of inorganic N from the microbial break down of organic
matter. Research has shown watershed net mineralization rates to highly variable, from
<1 to 37 kg ha-1yr-1, which is similar to the soil storage release of sites with low potential
for geologic release of N. Mineralization rates can depend on soil temperature, soil
moisture [Hong et al, 2004; Miller et al., 2009], soil C:N ratios [Janssen, 1996; Springob
and Kirchmann, 2003], snowcover [Brooks et al., 1996; Miller et al., 2009], and
vegetation and soil type [Hart and Firestone, 1991]. In addition to mineralization, soil
disturbance from freeze thaw cycles can destroy fine roots and disturb microbiological
communities decreasing N immobilization thereby releasing more inorganic N [Groffman
et al., 2001].
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Similar to the soil storage release parameter, the riparian buffer posterior
distribution illustrated a range of values that were more likely than others. The riparian
buffer parameter was most likely greater than zero, meaning a net sink of watershed NO3(Figure 4.8G, Equation 4.1). As the interface between the terrestrial and aquatic
ecosystems, riparian ecosystems can be hot spots for NO3- immobilization. However the
riparian buffer’s ability to remove NO3- can be highly variable depending on 1) the
proximity of the water table to the root zone, 2) the groundwater flow rate, 3) the width
of the riparian zone, 4) temperature, and 5) the labile carbon supply for microbial
denitrification [Burt et al., 1999; Lowrance et al., 1984; Hill, 1996; Maitre et al., 2003;
Dent et al., 2007]. Conversely, riparian areas can also be significant sources of organic N
[Schade et al., 2002]. Therefore, at the watershed scale, in which many of these factors
controlling the storage and release of N in the riparian area are highly variable, we might
expect NO3- removal occurring in riparian buffers to be difficult to identify since BiSN
generalizes riparian control of N through the terrain index, RBI.
The remaining model parameters (septic system, wet deposition, and vegetation)
had modeled posterior distributions that were less identifiable than other parameters.
These parameters may have been less identifiable because their informative priors were
tightly bound by prior knowledge. The septic system posterior distribution illustrated
septic system N loading was most likely to be between 275 and 1000 kg ha-1yr-1 (Figure
4.8C). Variability in septic system N loading is expected due to the seasonality of second
home use and the variability in the number of people using each system.
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Although septic effluent has high concentrations of inorganic N [EPA, 2002],
septic systems contributed very little to upland NO3- across the West Fork watershed
(Figures 4.9B and 4.9D). There are two plausible explanations for their limited impact
on upland NO3- export: 1) the septic systems are relatively few and widely dispersed
across the 212 km2 West Fork watershed and the effluent is either diluted and/or readily
immobilized before it reaches the stream, or 2) the septic systems have a limited or
nonexistent hydrological connectivity to the stream. Previous research showed distinct
seasonality in the influence of septic systems on streamwater NO3- concentrations in the
West Fork watershed [Gardner and McGlynn, 2009]. During the growing season, septic
system effluent may be quickly immobilized along hydrological pathways before it
reaches the stream network. While in the dormant season, septic effluent may leach into
shallow, cold soil that has little or no capacity to transform and assimilate nutrients or
retain large inputs of subsurface water; N may then directly enter shallow groundwater
and be readily transported to streams. Other research has shown that increased septic
system distance from surface water could increase septic NO3- removal thus minimizing
N enrichment from septic systems [Meile et al., 2010]; however, septic NO3- removal can
be limited if carbon is limiting microbial denitrification [Colman et al., 2004]. In
addition to biological uptake diminishing septic influence on streamwater, it is possible
there was limited or nonexistent hydrologic connectivity between septic systems and the
streams. Recent work in the northern Rocky Mountains has shown that hydrologic
connectivity between most uplands and the stream exists for only small fraction of the

180
year during snowmelt [Jencso, 2009]. Without hydrologic transport, septic effluent
would remain in upland soils and not be delivered to the stream.
The wet deposition parameter had a relatively informative prior distribution and
its posterior distribution was slightly more constrained than the septic posterior
distribution by observed data. The posterior distribution suggested that wet deposition
inorganic N concentration was most probable between 1.0 and 1.2 mg L-1. The only
modestly improved identifiability of the wet deposition parameter could be because: 1)
similar to septic effluent, during the growing season at these low concentrations, wet
deposition onto an N limited environment is either readily immobilized and/or lacking a
transport mechanism to the stream, or 2) BiSN did not accurately characterize the high
spatial and seasonal variability of inorganic N deposition in mountainous regions due to
varying slope, aspect, elevation, and N sources [Nanus, 2003] (Appendix A).
The vegetation posterior distribution was also relatively flat across the prior
distribution (Figure 4.8A). Though most likely a sink of watershed N, the posterior
distribution indicated that the vegetation parameter could have been modeled as a sink or
source of watershed N, as supported by past studies. This is not surprising as studies
have shown vegetation as both an N sink and N source at the watershed scale. Forest
disturbance by fire or clear-cutting has been shown to increase streamwater NO3immediately following the disturbance followed by decreasing NO3- as new growth takes
over the burned/cut area [Bormann et al., 1968; Vitousek, 1979]. Residential grass areas
could be a source of N by fertilizer addition. Some types of vegetation are N fixers and
can be a significant source of ecosystem NO3- [Postage, 1998]. Even within non-N
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fixers, there is variability in the amount of NO3- exported from different types of
vegetation [Lovett et al., 2002]. Aside from vegetation type, vegetation age can greatly
influence streamwater NO3- export. Early to mid-successional N limited forests retain N
strongly, while older stands are less retentive of N most likely because of lower
productivity rates [Vitousek and Reiners, 1975; Goodale and Aber, 2001].
As demonstrated above, modeled streamwater NO3- export was highly sensitive to
some model parameters (e.g. wastewater, travel α) and less sensitive to others (e.g.
vegetation, wet deposition). We believe that there is great value in exploring model
parameter sensitivities to understand system behavior. Although the parameter
sensitivities and even parameters may be completely different in other locations, the
methods and general model structure presented here can transfer to other watersheds to
explore the primary controls of watershed NO3- export. For example, in the West Fork
watershed, there is no agricultural land, however in other watersheds, agriculture may be
the major control of streamwater NO3- [Omernik, 1981] and can be added as a parameter
to BiSN. Or, the travel time parameter may not be influential in a watershed in which
hydrologic flowpaths are not well represented by topography (e.g. watershed with poorly
drained soils, confined aquifers or groundwater in fractured bedrock). In addition to
different parameters, parameter sensitivities could be different in another watershed. For
example, in a watershed that is experiencing a higher level of N enrichment than the West
Fork watershed, there could be increased model sensitivity to N loading from the septic
or wet deposition parameter [Aber et al., 1998].
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Spatial Distribution of NO3- Loading,
Retention and Export Across Land Use/
Land Cover and Landscape Positions.
Maximum likelihood estimates were applied to calculate watershed N loading,
export, and retention across a range of land use/ land cover and landscape positions.
Spatial patterns in N loading (Figure 4.9A, 4.8C, and Table 4.3), upland export (Figures
4.9B, 4.9D and Table 4.4), and retention (Figures 4.10A, 4.10B, and Table 4.4) provided
insight into the relative importance of hydrologic and biological processes influencing
streamwater NO3- export in the West Fork watershed.
For most subwatersheds in West Fork watershed, soil storage release was the
main source of NO3- exported from the uplands (Figure 4.9B). Upland export was
greatest in South Fork and West Fork, though the NO3- originated from a different source.
The relatively high levels of NO3- export in the South Fork were geologic in origin,
which is incorporated into the soil storage release parameter; a significant portion of the
South Fork watershed is comprised of surface minerals that exude elevated levels of NO3compared to other minerals found throughout the West Fork watershed [Ackerman et al.,
in prep]. On the other hand, upland export from the lower Middle Fork was relatively
high as a result of wastewater inputs (Figure 4.9D and Table 4.4). After the confluence
with the South Fork, upland export from the West Fork was an equal mixture of soil
storage release and wastewater NO3-.
As demonstrated by relatively high wastewater N export from the West Fork, the
spatial location and pattern of N loading may have ramifications on the magnitude and
patterns of streamwater NO3- export. For example, the spatial pattern of anthropogenic N
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loading distributed by septic and wastewater effluent is quite different: N input from
septic systems is sparsely distributed across the watershed, while N input from
wastewater is localized to an area with very short transit times to the stream. Even
though the septic effluent export is approximately an order of magnitude higher than the
wastewater effluent export (Table 4.2), longer travel times may allow the majority of
septic NO3- to be immobilized along hydrological flowpaths to the stream. Conversely,
wastewater NO3- applied to a large contiguous area with short times to the stream may
surpass the ecosystem’s ability to cycle N. Consequently, much of the wastewater NO3is readily transported to the stream and manifests itself in higher levels of streamwater
NO3- export (Figure 4.9D).
This retention of N loading occurring in the uplands from either biological
immobilization or a lack of hydrologic connectivity is by far the largest NO3- sink in the
West Fork watershed (Figure 4.10A, Table 4.4) removing 98-99 percent of N loading
across the watershed. This high retention rate suggests that the West Fork watershed is
highly N limited in the summer growing season. We recognize that the retention rate
may be overestimated on an annual basis because retention rates were estimated from
summer synoptic chemistry and instream NO3- uptake data when biological activity was
at a peak and the extent of the uplands hydrologically connected to the stream was
waning. There is an abundance of evidence that N is the most limiting nutrient for
growth in most terrestrial systems [Vitousek and Howarth, 1995]. N inputs to an N
limited system are quickly immobilized by biota [Gundersen et al., 1995]. The retention
rate in the West Fork seems reasonable for a highly N limited system. For example, in
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other N enriched watersheds in the eastern United States and Northern Europe watershed
retention rates have been shown to vary between of 95-100% of total N inputs
[Gundersen et al., 1995; Magill et al., 1996].
Aside from biological immobilization, NO3- may be immobilized from a lack of
hydrological connectivity between the uplands and the stream as a hydrologic connection
between the uplands and the stream most likely exists for only small fraction of the year
during snowmelt or large rain events [McGlynn and McDonnell, 2003; Jencso et al.,
2009]. This seasonal timing of hydrologic connectivity may drive the seasonal patterns
of nutrient export exhibited in the West Fork watershed [Pacific et al., 2010; Jencso et
al., 2010; Gardner and McGlynn, in prep.]. In other systems, in which the uplands are
hydrologically connected for a longer periods during the year, N loading may have more
severe impacts on streamwater quality [Ocampo et al., 2006].
Masking upland retention from the retention calculation provided insight into the
relative importance of NO3- removal in stream and riparian areas (Figure 4.10B and Table
4.4). Across the West Fork, the variation in the land use/land cover and watershed
characteristics most likely drove the spatial heterogeneity present in both the magnitude
and relative importance of riparian and instream NO3- removal. Additional
characteristics which are highly variable across the West Fork watershed that could
influence riparian NO3- removal and are not included in BiSN are: 1) the proximity of the
water table to the root zone, 2) the groundwater flow rate, 3) riparian vegetation, 4)
temperature, and 5) the labile carbon supply for microbial denitrification. Characteristics
which are highly variable across the West Fork watershed that would influence instream
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NO3- removal include but are not limited to: 1) NO3- concentration, 2) sunlight, 3) benthic
biomass, 4) stream metabolic rates, 5) temperature, and 6) hyporheic and groundwater
exchange. All of the factors described above which control instream and riparian uptake
are highly variable across the land use/ land cover and landscape position in the West
Fork watershed and therefore, may be responsible for some of the spatial heterogeneity in
riparian and instream removal of watershed N.
Despite this spatial heterogeneity, patterns in riparian and instream N removal are
apparent (Figure 4.10B and Table 4.4). In the headwaters of the South Fork and West
Fork, there were differences in relative N removal. In the South Fork headwaters,
instream processes generally immobilized more NO3- than the riparian areas, while in the
headwaters of the West Fork (Middle Fork, Beehive, and North Fork) more NO3- was
removed in the riparian areas than in instream processes. There are two plausible
explanations for this phenomenon. First the South Fork generally has incised stream
channels and limited riparian areas thus decreasing potential for biological removal
[McGlynn and Seiburt, 2003; Vidon and Hill, 2006; Jencso et al., 2010]. Secondly, the
riparian and instream areas located in the headwaters of the South Fork received
considerably greater N loads than the headwaters of the West Fork, primarily from
mineral weathering [Ackerman et al, in prep.]. Research has shown the increasing role of
instream removal with increasing N inputs [Mulholland et al., 2008; Covino et al., In
press A, B].
Another interesting spatial pattern across the West Fork watershed was that the
relative importance of instream NO3- removal increased in a downstream direction in the
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stream network. In some headwater streams, instream retention has been shown to play
less of a role in overall watershed NO3- retention than higher order streams because of
low N inputs. In these systems, as N loading increased downstream higher-order streams
have the opportunity to remove more NO3- and thus instream N removal appears to play a
larger role in overall watershed N retention [Mulholland et al., 2008; Covino et al, in
press A, B; McNamara et al., in prep.].
Finally, there are a few stream reaches with a noticeably high percentage of N
export (Table 4.4). Streamwater N export from MFHW1 was exceptionally large: 64
percent of NO3- transported from the uplands was exported from the stream. This site
had the highest density of septic loading (kg ha-1yr-1) that may be overwhelming the
watershed’s ability to retain NO3-. Confounding the problem, this site drains Lone
Mountain, which is an alpine environment above treeline with steep slopes, consisting
mainly of talus and scree. Inorganic N enters an area with shallow soils, steep talus/scree
slopes, and little riparian area with limited potential for NO3- processing and is readily
transported to the stream. Increased NO3- export from talus springs has been noted in
other research [Campbell et al., 2002].
Downstream, from MFHW1, NO3- export gradually decreased until the Middle
Fork joins the North Fork (Figure 4.1). There is a spike in streamwater NO3- export at
LMF (Table 4.4). As previously discussed, N loading at this site is in excess of N
retention as a result of localized wastewater loading. As the system is overloaded with N,
it is no longer able to immobilize subsequent inputs of N. Consequently NO3- bypasses
through the uplands and the riparian buffer, and is readily exported downstream.
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Conclusion
This research introduced BiSN, a modified nitrogen export coefficient model, to
identify primary drivers in watershed NO3- export and to explore the spatial patterns of N
loading, retention, and export across a developing mountain watershed. Export
coefficient models can be an attractive modeling approach due to limited data
requirements and applicability to land use and management practices.
We used Bayesian MCMC methods to estimate model parameters and found them
extremely useful in assessing model and parameter uncertainty and advancing
understanding of the primary processes governing watershed NO3- export. Modeled
parameter posterior distributions identified wastewater loading and relative travel time,
which represents the hydrologic transport time between N inputs and the stream channel,
as being the most important controls of watershed NO3- export. Our results highlight the
importance of: 1) the spatial location of N loading, and 2) localized N loading versus
spatially distributed N loading. This implies that not all anthropogenic N loading equally
impacts stream NO3- concentrations and export. Localized N loading occurring in
watershed areas with fast travel times to the stream may have disproportionate effects on
water quality. Under these conditions, the systems ability to retain NO3- is overwhelmed,
resulting in excess NO3- readily exported from the system.
Spatial patterns in watershed retention processes revealed that most watershed
NO3- removal occurred in the terrestrial ecosystem either by biological uptake or from a
lack of physical transport (i.e. hydrologic connectivity) between the uplands and the
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stream channel. Excluding upland retention, our results show the increasing role of
instream retention with increasing N loading going downstream in the stream network.
The modeling approach used here can be adapted for other watersheds to increase
understanding of the primary drivers of watershed NO3- export and to determine the
spatial patterns of watershed N loading, retention and export with a goal of minimizing N
loading impacts on surface waters.
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Table 4.1: Prior distributions of BiSN parameters and corresponding references used to determine the range of possible prior values.
Model Parameter

Calibrated
Prior
Prior Distribution
Coefficient Distribution
Parameters

Vegetation (VEG)

bv

Uniform

a =-3.65
b = 3.65

Wastewater (WW)

bw

Uniform

a =0
b = 3650

Septic (S)

bs

Trapezoidal

Wet Deposition (WD)
Riparian Buffer (RBI)

bssr
ba
bb
bwd
br

Reference
Alexander et al., 2008
-1 -1
kg ha yr
McFarland et al., 2001
Rast and Lee, 1983
Zobrist and Reichert, 2006
Big Sky Water and Sewer
kg ha-1yr-1
District
Unpublished Data

a = 0, b = 365
kg ha-1yr-1
c = 1825, d = 2190
USEPA, 2002
-1 -1
Uniform
[0, 3650]
kg ha yr Ackerman et al., in prep.
Uniform
[0, 1]
na
na
Uniform
[0, 1]
na
na
a = 0.34, b = 0.55
Trapezoidal
mg/L
NADP, 2009
c = 1.1, d = 1.36
a = -36.5, b = 182.5
Burt et al., 1999
Triangular
kg yr-1
c = 36.5
Maitre et al., 2003
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. Soil Storage Release (SSR)
Travel a (TTa)
Travel b (TTb)

Units
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Table 4.2: The 5th and 95th percentile of sampled parameter values and the parameter
values corresponding to the maximum log-likelihood of BiSN runs. Abbreviations for
parameters are described in Table 4.1.

Parameter
VEG
WW
S
SSR
TTa
TTb
WD
RBI

5th
Percentile
-3.307
4.052
289.080
244.550
0.048
0.035
0.500
41.245

Maximum
Likelihood
2.734
10.439
336.530
297.402
0.619
0.035
1.150
270.427

95th
Percentile
3.157
12.082
2107.875
3412.750
0.596
0.035
1.340
286.525

Units
kg ha-1yr-1
kg ha-1yr-1
kg ha-1yr-1
kg ha-1yr-1
na
na
mg L-1
kg ha-1yr-1

Table 4.3: Modeled sources of N loading for subwatersheds corresponding to Figures 4.9 and 4.10. Map codes correspond to sites
depicted in Figure 4.10A. Abbreviations for N sources are described in Table 4.1.
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Table 4.4: Relative importance of upland, riparian, and instream N retention for subwatersheds listed in Table 4.2. Percent retention
excluding upland retention is in parenthesis. Map codes correspond to sites depicted in Figure 4.10A.
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Figure 4.1: :(A) Location of the West Fork watershed (212 km2) in southwestern
Montana, with locations of atmospheric deposition data collection sites. (B) Map of the
West Fork watershed showing locations of 50 synoptic sampling sites (black triangles),
building structures (grey circles), and the Big Sky Water and Sewer District boundaries
(grey hatched lines). The West Fork (WF) drains into the Gallatin River (a tributary of
the Upper Missouri River) and is comprised of three main tributaries: the Middle Fork
(MF), the North Fork (NF), and the South Fork (SF). (C) An expanded view of the
wastewater storage ponds and the Big Sky Resort Golf Course. Wastewater effluent is
stored in the ponds and irrigated onto the golf course from mid-May through early
October.
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Figure 4.2: In the West Fork watershed, residential development and annual average
streamwater NO3- concentrations in the West Fork have followed a similar upward trend
since resort development. [NSF, 1976; Blue Water Task Force, and Big Sky Water and
Sewer District, unpublished data].

Figure 4.3: (A) Watershed modeling units of the Big Sky Nutrient Model (BiSN) were
231 non-nested stream reach contributing areas ranging in size from 0.01 km2 to 3.7 km2.
The stream network was delineated into stream reaches of approximately 500m in length.
A 500 m stream reach length was chosen because 97% of measured NO3- uptake lengths
were less than 500m [McNamara et al., in prep.]. (B) Conceptual model of processes
controlling N loading and retention West Fork watershed. Stream reach NO3- is as
function of upstream NO3- inputs and lateral loading from the reach contributing area (A).
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Figure 4.4: (A) Observed spatial NO3- concentrations (black bars) from August 7, 2007.
NO3- concentration is greatest in the headwaters of the Middle Fork and elevated in the
South Fork and West Fork compared to other streams. (B) Observed streamwater NO3export (black bars) generally increased in a downstream direction. (C) When N export is
normalized for watershed area, NO3- export pattern mirrors the patterns of concentrations;
NO3- export is greatest in the headwaters of the Middle Fork and elevated in the South
Fork and West Fork compared to other streams. Height of the black bars corresponds to
NO3- export values. There is no data from the headwaters of the South Fork due to
landowner refusal for access.
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Figure 4.5: The spatial variability of observed streamwater NO3- export (black x’s) was
well captured by BiSN over a wide range of land use/ land cover and landscape positions
with 90% prediction intervals (grey lines). 93% of observed data falls within the 90%
prediction intervals. Data is ordered to depict network organization. From the
headwaters, the Middle Fork flows into the West Fork (grey squares). Tributaries to the
Middle Fork and West Fork include the South Fork and Beehive (grey circles). Yellow
mule is a tributary to the South Fork (black outlined circle).
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Figure 4.6: BiSN was a good predictor of streamwater NO3- export (Nash-Sutcliffe model
efficiency coefficient = 0.90). Model residuals were normally distributed and did not
appear to have a pattern about the 1:1 line or to be spatially correlated (Figure 4.7).
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Figure 4.7: Spatial distribution of NO3- export model residuals. Model residuals do not
exhibit spatial correlation: Model under-predictions (grey circles) and over-predictions
(black circles) appear to be randomly dispersed across the West Fork watershed. The
spatial variability of streamwater NO3- export was well captured by the N export model
over a wide range of land use/ land cover and landscape positions.
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Figure 4.8: (A-G) Histograms of model
posterior distributions (grey) with
corresponding prior distributions (black).
Parameters vary in their identifiability: the
wastewater (B) and travel parameters (G)
were most identifiable, while the
vegetation (A) and septic (C) parameters
were least identifiable.
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Figure 4.9: Modeled N loading across the West Fork watershed (A) compared to N
loading after travel time decay is applied (B). N originating from soil storage release
dominated the NO3- signal. Excluding N loading from soil storage release (C, D),
localized small inputs of anthropogenic N from wastewater were responsible for elevated
streamwater NO3- export in the lower section of the West Fork (D). Wastewater inputs,
which occurred “hydrologically close” to the stream and were smaller relative to other N
inputs, had a disproportionate impact on watershed NO3- export.
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Figure 4.10: Modeled upland, instream, and riparian NO3- retention across the West Fork
watershed. (A) Most N loading was retained in the upland (by either biological processes
or lack of a physical transport mechanism (hydrological connectivity). (B) Excluding
upland retention, instream processes were responsible for more NO3- immobilization than
riparian areas in the majority of the watershed. Numbers correspond to Map codes in
Tables 4.3 and 4.4.
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CHAPTER 5
SUMMARY
With changes in land use occurring at an accelerated rate, watershed nitrogen (N)
enrichment is a growing concern due to its association with human development.
Watershed N enrichment can lead to nuisance algal growth, changes in biological
community structure, and in the most extreme cases, eutrophication of surface waters.
One such example is the hypoxic zone in the Gulf of Mexico. Because of the potentially
detrimental consequences of watershed N enrichment, much work has focused on the
impacts of land use/ land cover (LULC) change on watershed N export. Despite the
abundance of research on this topic, there is still a notable lack of understanding of
LULC impacts on the spatial and seasonal heterogeneity present in watershed N export.
Historically, knowledge of anthropogenic N impacts on watershed N export
generally has been drawn from two types of studies: studies, which have examined
increased nitrate (NO3-) export from spatially distributed inputs of atmospheric deposition
N, and other studies, which have developed statistical relationships between percentages
of LULC and watershed NO3- export during low flow summer conditions. The research
sought to improve knowledge of the linkages between anthropogenic N inputs and the
spatial and seasonal variable patterns of watershed N export by examining the roles of
landscape position and the spatial distribution of N loading on watershed N export and
retention. These roles were explored across seasons and watersheds that varied in
development densities, stream order, residence times, and riparian buffering potential.
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In Chapter 2, an exploratory spatial analysis suggested that watershed biological
processing was a primary driver of spatial and seasonal variability of streamwater NO3concentrations. Spatial snapshots of streamwater NO3- concentrations collected across
time periods of varying potential of hydrologic and biological activity illustrated spatial
and seasonally variable patterns of streamwater NO3- concentrations. In lower elevation
alluvial streams, NO3- concentrations peaked during the dormant season and remained
relatively low the rest of the year. In addition, streamwater nitrate concentrations were
spatially correlated for longer distances in the winter dormant season compared the
summer growing season. Both of these results suggests that during periods of high
biological potential, N immobilization lead to a break down of spatial streamwater NO3patterns, therefore masking LULC impacts on streamwater NO3- concentrations (see also,
McNamara [2010]). Seasonal patterns in streamwater NO3- concentrations were absent
in high-elevation alpine environments, with sparse vegetation, limited riparian areas, and
shallow, undeveloped soils, where streamwater NO3- concentrations and remained
elevated yearlong. Biological processing in these alpine environments did not appear to
be a major control on seasonal streamwater NO3- concentration patterns.
In this chapter, geostatistical models also conveyed the importance of biologic
retention on the spatial patterns of streamwater NO3- concentrations during the growing
season when biological variables (riparian buffering potential and percent forest) most
strongly influenced streamwater NO3-; however, in the dormant season, N loading
variables explained the most variability in streamwater NO3- concentrations. Important
implications for future research and management of watershed N from Chapter 2 include
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the importance of: 1) incorporating spatial relationships into water quality modeling, and
2) investigating streamwater chemistry across seasons to gain a more complete
understanding of development impacts on streamwater quality.
The empirical analysis of spatial and seasonal streamwater chemistry presented in
Chapter 3 highlighted the seasonal and spatial variability of anthropogenic impacts on
watershed NO3-, dissolved organic nitrogen (DON) and dissolved organic carbon (DOC)
export and concentration patterns, stoichiometric ratios and watershed N saturation status.
Impacts for anthropogenic N loading were manifested in increased streamwater NO3export and concentrations, elevated DIN:DON ratios, lower C:N ratios, and sustained
DON release during snowmelt. Biological uptake masked these N enrichment signs
during the summer growing season when NO3- concentrations were relatively low.
Similar to Chapter 2, this chapter revealed seasonal variability in anthropogenic N
influences on streamwater N export; however, endmember mixing analysis of δ15N
and δ18O values of NO3- provided evidence of anthropogenic influence of streamwater
NO3- during the summer growing season. This was not captured from statistical
inference from land use and concentration data presented in Chapter 2. Specifically, δ15N
and δ18O isotopic ratios of NO3- demonstrated that wastewater influence was most
significant during summer and winter baseflow, but still contributed to streamwater NO3during snowmelt in some streams. This has major ramifications for watershed
management in that low N concentrations do not necessarily equate to no human impacts.
Also in Chapter 3, the idea of localized N saturation was introduced. N saturation
dynamics were exhibited in the West Fork watershed as a result of localized inputs of
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anthropogenic N, which is contrary to the widely accepted N saturation dynamics
occurring from spatially distributed N loading. Like anthropogenic N loading patterns,
watershed N saturation characteristics exhibited spatial and seasonal heterogeneity across
the West Fork watershed. Anthropogenic N loading that occurred in areas with quick
transport times to the stream were more apt to lead to N enrichment signals than N source
areas connected to streams via longer flowpaths that may have limited hydrologic
connection to the stream. Watershed N retention estimates confirmed that it is not
necessarily the amount of N loading that controls watershed N export but where on the
landscape it occurs and what time of year. These findings should be implemented into
land use planning strategies to minimize N loading impacts on surface waters.
In Chapter 4, the Big Sky Nutrient Model (BiSN), a hybrid mechanistic nutrient
export model run with a Bayesian framework, was introduced. Modeling results
supported results from the empirical analysis in Chapter 3 that showed localized N
loading occurring in watershed areas with fast travel times to the stream having
disproportionate effects on water quality. BiSN’s output provided insight into the main
drivers of streamwater NO3- export in the West Fork watershed during the summer
growing season. Modeled parameter posterior distributions identified wastewater loading
and relative travel time, which represents the hydrologic transport time between N inputs
and the stream channel, as being the most important controls of watershed NO3- export.
These results agree with conclusions from the NO3- isotopic analysis in Chapter 3, that
wastewater was a significant contributor to summer NO3- concentrations.
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Lastly, Chapter 4 revealed that most watershed NO3- removal occurred in the
terrestrial ecosystem as a result of biological uptake or a lack of physical transport (i.e.
hydrologic connectivity) between the uplands and the stream channel. This again
provides evidence that careful consideration of watershed N sources can minimize N
loading to surface waters. Excluding upland retention, results agree with network
patterns observed in other studies that have shown increasing role of instream N removal
with increasing N loading going downstream in the stream network.
Collectively, through a multi-analysis approach this dissertation increased
understanding of the influences of anthropogenic N loading on emergent patterns of
watershed N export and retention. Based on the insight gained from this research, I offer
the following recommendations for future research:
1) The linkages between carbon, nitrogen, and phosphorous cycles and
watershed nitrogen export and how these linkages may vary seasonally across
landscape position (hillslope, riparian area, and stream),
soil/groundwater/stream transitions, N loading gradients, and the stream
network. This will lead to further understanding on how N saturation/
limitation dynamics vary in space and time in relation to carbon and
phosphorous availability and could be useful to predict impacts from land use
or climate change scenarios.
2) Further exploration of how spatial and seasonal patterns of streamwater NO3export, loading and retention vary along the stream network from the
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headwaters to the catchment outlet by applying the BiSN model to winter,
spring runoff and annual NO3- export data.
3) Watershed DON dynamics and how they may be altered by anthropogenic
influence. Limited research has focused on DON and the studies that have
focused on DON have contrasting results. Recent advances in the analysis of
DON isotopes [Ros et al., 2010] could allow for better tracking of DON
sources, especially if used in combination with other geochemical tracers. In
addition, I suggest applying the BiSN framework for DON to gain insight into
the controls of DON export.
4) Avalanche control explosives as a potential source of watershed N. Although
elevated levels of inorganic N draining alpine areas have been documented in
other research, I have suspicion that explosives used for avalanche control
may be contributing to elevated inorganic N observed at sites draining Lone
Mountain. The explosives used for avalanche control contain ammonium
nitrate. Perhaps the byproducts have isotopically distinct signatures and can
be traced through the isotopic analysis of 15N and 18O of NO3-. I am not aware
of any studies that have examined avalanche bombs as a potential source of
watershed N.
5) Downstream impacts of Stage 1 or Stage 2 N saturation dynamics in
headwater streams. State agencies put emphasis on summer N concentrations
and loads because they can promote nuisance algal growth; however, research
that quantifies the downstream effects of high winter NO3- concentrations in
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headwater streams is warranted. Increased N loads from headwater
watersheds in the winter may have cascading impacts on downstream
ecosystem health and function, including exacerbating coastal eutrophication
(e.g. Gulf of Mexico).
6) The legacy of historical N loading. At the daily time step, BiSN results
indicated that soil storage release of N was a primary driver of summer export
of watershed NO3- (Chapter 4). How long is N stored in watershed soils?
Manipulation field studies could be designed to focus on what happens to
watershed N export when high levels of N loading decline over time. This is a
critical question to answer in the face of monitoring the success of stream and
watershed restoration projects.
7) Terrain analysis algorithms that include: 1) realistic flowpaths and travel times
in human impacted watersheds, and 2) more precise definition of riparian
buffering potential. First, human structures and alteration of the natural
environment can greatly modify hydrologic flowpaths and water transport
times (e.g. impervious surface, surface compaction, vegetation removal).
Incorporating hydrologic flowpaths in land use change research may
significantly improve accuracy of water and N transport in spatial models.
Secondly, riparian buffering potential estimates could be improved by
incorporating the probability of the riparian area intersecting hillslope
flowpaths, which can drive N processing. In addition, the combination of
terrain and remote sensing data could illuminate the presence or absence and
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density of riparian vegetation. Given potential importance of riparian areas to
watershed N retention and export, these changes in approximating riparian
buffering potential could considerably improve quantification of the relative
importance of watershed N retention mechanisms.
As described above, this dissertation sets the stage for more process based and applied
research questions on the interactions between human development, hydrology,
landscape characteristics, and the N and C biogeochemical cycles, and how these
interactions may affect watershed N export. The nitrogen cycle is a complex
biogeochemical cycle. To accurately quantify and predict the extent to which human
activities disrupt the nitrogen cycle at the landscape scale remains to be one of the biggest
challenges of the 21st century.
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APPENDIX A
ATMOSPHERIC DEPOSITION CALCULATION FOR THE BIG SKY
NUTRIENT EXPORT MODEL (BISN)
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Precipitation in the drainage varies significantly across elevation gradients; annual
precipitation exceeds 1270 mm at higher elevations (3400 m) and is less than 500 mm
near the watershed outlet (1800 m). The West Fork watershed has two year round
weather stations, which measure precipitation (Figure 4.1B): 1) the Lone Mountain
SNOTEL station is located in Bear Basin in the headwaters of the North Fork at 2706 m
in a subalpine environment, and 2) the Lone Mountain Ranch station located in the valley
bottom at 2100 m. There were six years that both stations recorded data (2002-2007).
Linear regression developed a relationship to the average precipitation and elevation data
and this relationship was used to scale precipitation. Calibrated wet N deposition
concentration was multiplied by precipitation to calculate wet deposition N loading for
each grid cell.
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APPENDIX B
INSTREAM NITROGEN DECAY MODEL DESCRIPTION
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Multiple regression determined the relationship between measured areal uptake (g
m-2 d-1) of NO3- and potential explanatory variables. Potential explanatory variables to
predict areal uptake included: watershed area, nitrate concentration, and stream order.
Watershed area and stream order for each reach was determined through terrain analysis
and measured NO3- concentration. A significant linear relationship (R2 = 0.74) was found
between areal uptake, watershed area, and measured streamwater NO3-. Instream areal
NO3- uptake increased with watershed area and NO3- concentration.
In the N export model (Equation 4.1) areal NO3- uptake for each stream reach was
computed by applying the regression relationship between watershed area and nitrate
concentration. The computed areal uptake was multiplied by the reach length (m) and
reach width (m) to determine total N immobilization (kg d-1). The upland N load from
the incremental subwatershed i (Figure 4.3) was assumed to travel on average half the
reach length. Therefore, stream decay function was applied for only half the distance of
stream reach i:
Upland Load – (0.5*reach lengthi*reach widthi1*decay)

(4.A1)

For the upstream load (NEup), N immobilization (decay) occurs throughout the entire
length of the downstream reach i:
NEup – (reach lengthi x reach widthi1 * decay)
1

Stream width assumptions were dependent on stream order. Based on field

observations, a first, second, third and fourth order streams were assumed to have a
stream width.

(4.A2)

